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Abstract. Estuaries are dynamic mixing zones where river water interacts with seawater, resulting in large and complex
geochemical changes. How two key factors, particle aggregation and pH, affect metal behaviour in estuaries is reviewed
and integrated in this paper. Riverine particles are coated with organic matter and electrostatic repulsive forces restrict

aggregation. In estuaries, increased concentrations of divalent cations reduce the repulsive forces between particles at low
salinities, resulting in their rapid coagulation and removal of particulate-associatedmetals (e.g. Fe and Pb). However, truly
dissolved metals may mix conservatively, and metals associated more with colloidal and dissolved organic material (e.g.
Cu and Zn) can show variable behaviour. In many field studies and modelling of river inputs with different compositions,

pH decreases slightly at low salinity. Geochemical model simulations of dissolved metal speciation indicated that Zn
would be desorbed from iron oxide binding surfaces due to these pH and cation concentration changes, with Cu also
showing less binding to dissolved organic matter (DOM). DOM, pH and particle surfaces can influence individual metal

behaviour at various spatial and temporal scales. Further integrated field and laboratory research in estuaries where key
geochemical processes affecting metal concentrations are measured and modelled is needed.
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Introduction

Estuaries are complex geochemical reactors that can greatly
modify the delivery of dissolved and suspended material from
rivers to the ocean. Understanding how pollutants behave in

estuarine environments is important because they have very
high environmental and socioeconomic value (e.g. culturally,
aesthetically, fisheries and recreation). Although there have

beenmany field and laboratory studies on estuaries over the past
40–50 years, there are gaps remaining in our understanding of
geochemical processes and how they interact. The aim of this
paper is to review and integrate how two fundamental processes,

particle aggregation and pH changes, influence metal dynamics
in estuaries.

The degree to which metals sorb or desorb to particles in

estuaries, and how those particles behave, is a very important
driver of their fate and transport in estuaries (Burton and Liss
1976; Benoit et al. 1994; Dai and Martin 1995; Waeles et al.

2008; Illuminati et al. 2019). Metals adsorbed to particles greater
than ,1 mm in size can be removed from the water column by
sedimentation. However, at low salinity, particles ,1 mm
(colloids) will not settle out of the water column even over long

periods of time because their gravitational settling rate is less than
their random displacement by the Brownian motion of the
surrounding water molecules. In estuaries, the destabilising

influence of the seawater cations can lead to aggregation of

colloidal material (Sholkovitz 1976, 1978; Boyle et al. 1977;

Mosley et al. 2003). This also provides a mechanism for the
removal of other metals that have a tendency to be adsorbed to
colloid surfaces (e.g. Pb, Zn). In estuaries affected by pollution,

significant amounts of anthropogenic metal inputs may end up in
the sediment (Liu et al. 2019). Following deposition, mixing and
redistribution of sediment phases and associatedmetals can occur

(Reese et al. 2019). Flux of metals to the water column from the
sediment arises due to diffusion or resuspension and oxidation of
sulfide phases (Richards et al. 2018; Duan et al. 2019).

Binding of some metals (e.g. Cu) to colloidal and dissolved

organic matter (DOM) is also very important in estuaries
because a quite different geochemistry can be observed for
these metals compared with the predominantly particle-

associated metals (Santschi et al. 1997; Tang et al. 2002;
Illuminati et al. 2019). The binding behaviour of individual
metals to DOM, and the functional composition of the DOM

itself, can also vary with salinity in estuaries (Zhou et al. 2016;
Ksionzek et al. 2018). In addition, pH and inorganic carbon
speciation may vary markedly in an estuary as river water, with
typically lower pH and alkalinity (except in some calcareous

drainage basins), mixes with seawater. The partial pressure of
carbon dioxide (pCO2) is often higher in rivers due to system
respiration, driven by microbial degradation of organic matter,

exceeding net primary production (Cole and Caraco 2001).
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Typically, pH increases towards seawater values in a non-linear
way in estuaries, and decreasing pH has also been observed at

low salinity (Mook and Koene 1975; Mosley et al. 2004, 2010).
pH is a ‘master variable’ controlling metal sorption to particles
surfaces (Dzombak and Morel 1990), so it could be expected

that pH changes in estuaries will also greatly affect metal
behaviour. The increased ionic strength, and changing inorganic
and organic ligand concentration, in estuaries could also result in

altered dissolved metal speciation and binding compared with
river water.

Processes affecting trace metal behaviour in an estuary can
be inferred from field studies, but it is often difficult to separate

the effects of physicochemical processes occurring in the water
column from the effects of biological activity or input of
material from the underlying sediment. Controlled laboratory

experiments in which river water and seawater are mixed in
varying amounts to simulate the likely salinity gradient in an
estuary have been widely used to provide information on

processes occurring in the water column generally on short time
scales (Hunter 1983). By comparing the laboratory results to the
results from field studies for the same estuary, it may be possible
to identify other processes that affect the behaviour of trace

metals (Sholkovitz et al. 1978; Shiller and Boyle 1991). The
speciation and partitioning of trace metals in estuaries has also
been calculated using a knowledge of the equilibrium constants

for the interaction ofmetal ions with various ligands and particle
surfaces (Mantoura et al. 1978; Bourg 1987; Tipping et al. 1998;
Hamilton-Taylor et al. 2002; Pearson et al. 2018). However, to

the best of our knowledge, all the potential factors affecting
metal behaviour (pH, ionic strength, metal oxide surfaces,
inorganic and organic complexation) have not been integrated.

To achieve the aim of this review, the relevant international
peer-reviewed literature in this area was synthesised. Geochem-
ical model simulations were also performed to help elucidate
why individual metal behaviour may vary in estuaries.

Particle aggregation due to increasing salinity in estuaries

River-borne particles entering estuaries can be very diverse in
terms of their origin, mineralogy, hydrous metal (Fe, Mn) oxide
concentration, elemental composition and size distribution.

However, the surface properties of particles are usually rendered
quite uniform by the ubiquitous surface film of natural organic
matter that envelops the particles (Hunter and Liss 1979, 1982).
Exceptions to this general rule may occur in rivers that are very

rich in Fe particulates and relatively low in organic matter
(Newton and Liss 1987). Almost all particles are found to be
negatively charged, which is attributed to the presence of car-

boxyl acid groups (pKa ¼ ,4.5) on the organic matter domi-
nating the surface chemistry (Hunter 1980). The negative charge
on the particle–organic matter surface creates an electrostatic

‘double layer’ that extends from the particle surface. The first
layer in the double layer is the charged surface that originates
from the dissociated functional groups (e.g. COO�) and tightly
absorbed or substituted ions. The second layer corresponds to
the diffuse layer, which contains the neutralising charge con-
sisting of accumulated counter ions (cations in the case of
negatively charged surfaces in natural waters) and depleted

co-ions (i.e. different concentration compared with the bulk

solution). Atomic force microscopy (AFM) measurements have
shown that the double layer distance controls the range of

interparticle repulsive forces and is sufficient to prevent particle
aggregation in fresh water (Mosley et al. 2003; Sander et al.
2004). However, coagulation may occur in cation-rich rivers

before they reach their estuaries.
The flocculation of riverine colloids in estuaries is driven by

the increase in the amount of seawater cations such as Ca2þ and

Mg2þ (Eckert and Sholkovitz 1976; Boyle et al. 1977;
Nowostawska et al. 2008). The multivalent ions Ca2þ and
Mg2þ are more effective than singly charged cations (Naþ, Kþ)
at screening the electrostatic repulsive force in the diffuse double

layer, which then compresses closer to the surface of the particles
(Fig. 1). The distance the double layer extends is called theDebye
length (dD; nm) and can be approximated in estuaries by the

following relationship (Stumm and Morgan 1996):

dD ¼ 0:28CI0:5

where I is ionic strength. In fresh water with a low ionic strength
(I¼,0.0001M), dD extends,30 nm, which prevents particles

from aggregating. By a salinity of ,1 (I ¼ ,0.02 M), the
electric double layer is compressed to ,2 nm, which is close
enough for attractive short-range van der Waals forces to occur
(Fig. 1; Mosley et al. 2003). These forces are insensitive to

salinity, and aggregate and stick together particles that come
into close contact. Interparticle forces in river–estuarine water
have been measured directly and predicted quantitatively (Zhou

et al. 1994; Mosley et al. 2003; Sander et al. 2004) using
classical DLVO theory (Verwey and Overbeek 1948). The
organic matter on the surface can introduce additional steric

forces but, based on AFMmeasurements, these do not appear to
provide a barrier to aggregation except at short interparticle
separations (Mosley et al. 2003; Sander et al. 2004). Conforma-

tional changes may also occur on the natural organic matter due
to increased salinity that assist in coiling it or compressing it
closer to the particle surface (Kruger et al. 2011). Organicmatter
coatings and divalent cations may create additional bridging

mechanisms that influence particle aggregation and separation
forces (Mosley et al. 2003). Different organic matter amounts
and sources relative to the particulate loadmay result in different

behaviour in this regard (Furukawa et al. 2014). The role of
transparent exopolymeric particles (TEP), released by phyto-
plankton and other microorganisms, has also been shown to

enhance aggregation in estuaries, particularly at mid to high
salinity ranges (Wetz et al. 2009; Mari et al. 2012).

The removal of colloidal particles by coagulation in estuaries

was elucidated by the early laboratory studies of Sholkovitz
(1976), who used a batch mixing approach (a portion of river
water mixed with a portion of seawater to create a particular
salinity). Continuous mixing approaches may more accurately

simulate the mixing processes in an estuary, where the mixing
occurs gradually and in a continuous and sequential manner
(Hunter et al. 1997). Using such approaches, the kinetics of the

particle coagulation process have been found to be fast, with a
significant amount of aggregation occurring within seconds to
minutes of salinity increasing in estuaries (Hunter and Leonard

1988; Nowostawska et al. 2008; Gigault et al. 2018). The
aggregation rate has been found to be dependent on salinity
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but independent of the mixing rate and temperature (Hunter
et al. 1997). The presence of larger (.1 mm) particles has been

found to enhance the aggregation process in laboratory experi-
ments due to increasing interparticle collisions (Hunter and
Leonard 1988). However, it is important to note that particle
dynamics in real estuaries are much more complex than in

laboratory experimental settings (e.g. Wang et al. 2013). For
example, redistribution of particles can occur very dynamically
in response to riverine, tidal andwind-driven currents and, along

with salinity stratification, create what is known as the estuarine
turbidity maxima (McLachlan et al. 2017). Hence, it can be
difficult to understand and separate the different particle aggre-

gation and dynamic processes occurring in estuaries, although
there has been some success in simulating these (Trento and
Vinzon 2014; Ramı́rez-Mendoza et al. 2014).

Metal behaviour during estuarine mixing

Metals in estuarine water are predominantly derived from riv-
erine inputs, atmospheric deposition and fluxes from the sedi-

ment, all of which can have natural and anthropogenic sources.
Metal behaviour in different estuaries is often interpreted
by comparing concentrations that would be expected if con-

servative mixing (linear interpolation between freshwater and
seawater end member metal concentrations and salinity) v. non-
conservative mixing (removal or addition of metals above

conservative mixing line) occurred (Liss 1976). Table 1 shows a
collation of metal behaviour results from different studies for
selected different metals that are commonly studied (Fe, Pb,

Cu, Zn) and have different propensities for partitioning to

particulate, organicmatter or truly dissolved solution phases. As
shown below, these differences can explain why these metals

have quite different estuarine mixing behaviour. However, it
should be noted that there are potential pitfalls of the conser-
vative mixing line approach because it assumes it is possible to
identify a unique freshwater end-member composition when the

river water may come from several sources, which themselves
are time variant or may enter within the estuarine mixing zone.
External sources of metals can be significant in contaminated

estuaries (Liu et al. 2019). Fixing the seawater end-member
composition is often more straightforward due to its relative
homogeneity. Other problems include the collection of suffi-

cient samples to cover thewhole salinity range, the effect of high
suspended loads making pre-analysis filtration difficult and
analytical difficulties arising from the wide salinity range of the

samples. Further information and a discussion of issues arising
in the interpretation of results can be found in Liss (1976).

Fe is found mainly in particulate (including colloidal) FeIII

oxide form in rivers, which is its most stable form in air-

saturated waters at near neutral pH values (e.g. Boyle et al.

1977; Hunter 1983; Dai and Martin 1995). River inputs of Fe to
estuaries can show large seasonal variation (Fu et al. 2013). Fe

has exhibited non-conservative removal behaviour in estuaries
across a wide range of different studies (see Table 1). The
aggregation of colloids by the mechanisms described above is

the accepted reason for the observed removal of Fe in estuaries
and, indeed, Fe concentration has been used as a proxy measure
for colloid concentration in laboratory experiments (Hunter and

Leonard 1988). However, with regard to the truly dissolved Fe
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Fig. 1. Schematic illustration of key processes driving particle aggregation in estuaries.
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fraction (typically a much lower concentration than the solid Fe
phase), Dai and Martin (1995) found it behaved conservatively
in the Ob and Yenisey estuaries. Some dissolved and colloidal

Fe-binding constituents of aquatic humic substances also appear
not to be subject to coagulation along the estuarine salinity

gradient (Merschel et al. 2017; Muller 2018). Hence, although it
seems likely much particulate Fe is deposited to estuarine
sediments, a portion can still be transported through estuaries

to the coastal ocean (Sanders et al. 2015). The application of
advanced isotope techniques has been shown to be useful to
trace riverine sediment–metal redistribution in estuaries (Reese

et al. 2019). The redox state of the water column and sediment is
also an important control of Fe speciation and flux. The forma-
tion of iron (hydr)oxides is effective for the removal of trace
metals under oxidising conditions, whereas the formation of

sulfides can be conducive to the removal of trace metals under
reducing conditions (Duan et al. 2019). Resuspension and
oxidation of solid FeS phases can also release dissolved Fe

and other metals (Richards et al. 2018).
Pb has also been found predominantly in the particulate

(including colloidal) fraction of rivers and estuaries (Erel et al.

1991; Benoit et al. 1994; Benoit 1995; Tanguy et al. 2011). Pb
shows strong binding to iron oxide phases at typical estuarine,
circumneutral, pH values (Dzombak and Morel 1990). Consis-
tent with this partitioning, the behaviour of Pb has generally

showed non-conservative removal in the low salinity (,5) zone
across multiple studies (see studies in Table 1). Rare earth
elements, which also strongly partition to iron oxides, also show

strong removal behaviour in estuaries (Hoyle et al. 1984;
Sholkovitz 1995; Merschel et al. 2017). This indicates the
estuarine mixing profile of particle-reactive elements is domi-

nantly controlled by the extent of partitioning to colloidal
material (e.g. iron oxides) and the aggregation of the colloids
typically removes these metals from solution. However, like Fe,

the truly dissolved Pb fraction, which is much lower in concen-
tration, may show conservative mixing (Dai and Martin 1995;
Tanguy et al. 2011) and increase to form a large component of
the total dissolved Pb approaching seawater values (Illuminati

et al. 2019). The dynamics of Pb in estuaries can be disturbed by
anthropogenic inputs and the activity of benthic organisms
(Duan et al. 2019).

Measurements of Cu speciation have indicated that most
(.99%) of the Cu in rivers (Sunda and Hanson 1979) and
estuaries (van den Berg et al. 1987; Paulson et al. 1994) is

strongly bound by an unidentified organic ligand or group of
ligands present at low concentrations. In terms of organic matter
size fraction partitioning, some studies have found that Cu was
predominantly found in the truly dissolved (,10 kDa) size

fraction (Benoit et al. 1994; Paulson et al. 1994; Greenamoyer
andMoran 1997), whereas others have found that themajority of
the Cu was in the colloidal fraction (Dai and Martin 1995; Wen

et al. 1996). During estuarine mixing, the behaviour of Cu has
also been observed to be variable, with differing partitioning
behaviour (conservative, addition, removal) found between

different studies (Table 1). Laboratorymixing experiments have
also shown a mixed behaviour with, for example, Sholkovitz
(1978) finding a 40% removal of Cu during estuarine mixing

(Water of Luce), whereas Shiller and Boyle (1991) found that
Cu mixed conservatively (Mississippi River). This variable
behaviour has been postulated to be dependent on whether Cu
is bound to colloidal organic matter fractions (typically high

molecular weight humic acids) that can flocculate out of

Table 1. Estuarine mixing behaviour of metals (Fe, Pb, Zn, Cu) in

selected studies globally

Conservative v. non-conservative patterns reported is for the ,,0.4-mm
filtered fraction, although truly dissolved metals may behave differently to

this fraction as noted in the text

Metal Estuarine

behaviour

Reference and estuary studied

Fe Non-conservative

mixing (removal)

Boyle et al. (1974), Merrimack, USA

Boyle et al. (1977), multiple estuaries in the US

Holliday and Liss (1976), Beaulieu, UK

Sholkovitz (1976, 1978), Scotland

Hunter (1983), Taieri, New Zealand

Yan et al. (1991), New Jersey, USA

Dai andMartin (1995), Ob and Yenisey, Russia

Powell (1996), Ochlockonee, USA

Fu et al. (2013), Wanquan and Wenchang,

Wenjiao, China

Mulholland et al. (2015), Amazon, Brazil

Pb Non-conservative

mixing (removal)

Chiffoleau et al. (1994), Seine, France

Dai andMartin (1995), Ob and Yenisey, Russia

Wen et al. (1999), Galveston, USA

Waeles et al. (2008), Penzé, France

Tanguy et al. (2011), Penzé, France

Fu et al. (2013), Wanquan and Wenchang,

Wenjiao, China

Illuminati et al. (2019), Po River plume,

Adriatic Sea

Cu Conservative

mixing

Boyle et al. (1982), Amazon, Brazil

Windom et al. (1983), multiple estuaries,

south-eastern USA

Shiller and Boyle (1991), Mississippi, USA

Guieu and Martin (2002), Danube Sulina

Branch

Dai et al. (1995), Rhône, France

Dai andMartin (1995), Ob and Yenisey, Russia

Non-conservative

mixing (removal)

Benoit et al. (1994), Texas, USA

Guieu and Martin (2002), Danube Chilia

Branch, Ukraine

Waeles et al. (2005, 2008), Penzé, France

Illuminati et al. (2019), Po River plume,

Adriatic Sea

Non-conservative

mixing (addition)

Ackroyd et al. (1986), Tamar, UK

Hunter (1983), Taieri, New Zealand

van den Berg et al. (1987), Scheldt, UK

Chiffoleau et al. (1994), Seine, France

Guieu et al. (1996), Lena, Russia

Waeles et al. (2005), Penzé, France

Zn Conservative

mixing

Holliday and Liss (1976), Beaulieu, UK

Shiller and Boyle (1991), Mississippi, USA

Benoit et al. (1994), Texas, USA

Guieu et al. (1996), Lena, Russia

Non-conservative

mixing (addition)

Ackroyd et al. (1986), Tamar, UK

van den Berg et al. (1987), Scheldt, UK

Yan et al. (1991), New Jersey, USA

Chiffoleau et al. (1994), Seine, France

Benoit et al. (1994), Texas, USA

Guieu and Martin (2002), Danube, Ukraine
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solution and remove Cu or to DOM, which may behave
conservatively and hence also lead to the conservative behav-

iour of Cu (Sholkovitz 1978; Dai and Martin 1995). Laboratory
experiments have shown that the binding of Cu to organic
ligands may be unaffected by increases in salinity in estuaries

(Hamilton-Taylor et al. 2002). However, biological ligand
production and metal uptake may affect Cu concentrations
(Guieu and Martin 2002; Illuminati et al. 2019). Waeles et al.

(2008) found that seasonal variation in Cu complexation, with
the production of strongly complexing hydrophobic organic
ligands by phytoplankton in summer, increased organic com-
plexation. This also highlights a further limitation of the

conservative mixing line approach, which assumes organic
and other ligands that bind metals are not produced internally
during estuarine mixing. In general, the observed variable

behaviour of Cu is probably to be expected because it is too
simplistic to treat all rivers as having the same properties (e.g.
pH, organic matter amount and type, as well as the amount and

type of suspended solids).
Zn has also been found to be strongly organically complexed

(but to a lesser extent than Cu) to ligands present at low
concentration (van den Berg et al. 1987; Bruland 1989). In

terms of partitioning, Wen et al. (1999) found that on average
91% of Zn was present in the 1-kDa or 0.4-mm (colloidal)
fraction, which is similar to the partitioning also found in Texan

estuaries (Benoit et al. 1994). Similar to Cu, Zn has also
exhibited variable behaviour in estuaries, with addition above
the conservative mixing line in some studies and conservative

behaviour in others (Table 1). Guieu and Martin (2002) postu-
lated that Zn was behaving more similarly to inorganic solid or
colloidal phases in estuaries, which could be expected if

predominantly colloid partitioning occurred. Many studies have
highlighted addition of Zn occurring at low salinity (Table 1),
which would not be expected if the binding to colloid surfaces
was maintained during the early stages of estuarine mixing.

Church (1986) found Zn was desorbed when unfiltered river
water was used in a mixing experiment, whereas conservative
mixing was observed when filtered water was used. The poten-

tial role of pH changes in estuaries leading to desorption of Zn
from particles (non-conservative addition) is discussed and
modelled further below. There can also be dynamic production

of different-sized colloids, sediment : water fluxes, resuspension
and sorption–desorption reactions that can affect the concentra-
tion of Zn and other metals (Benoit et al. 1994; Wen et al. 1999;
Richards et al. 2018). Duan et al. (2019) found that the dynamics

of Cu and Zn were primarily controlled by Fe and Mn diagene-
sis, and that sediment fluxes were a significant source of trace
metals in the water column.

Changes in pH in estuaries

pHmeasurements in estuaries were first made in the 1970s using

the conventional hydrogen electrode (Mook and Koene 1975;
Morris 1978). Subsequent studies found that there were serious
difficulties in the accurate and reproducible measurement using

this method because of the need to calibrate the electrode for
different ionic strengths (Millero 1986), as well as variation in
electrode responses with time and between different electrodes
(Whitfield et al. 1985). Cai and Wang (1998) measured pH

in several US estuaries but had only limited success with

calibration of the pH electrodes using a series of Tris buffers of
different salinities. Despite these earlier findings, glass elec-

trode measurements have continued to be made in estuaries, but
some results may be questionable because ionic strength-
specific calibration has often not been reported.

Increasingly spectrophotometric methods are being used for
pH measurement in seawater and were first applied to estuaries
by Mosley et al. (2004). In these methods, a sulfonephthalein

indicator dye (e.g. m-cresol purple or thymol blue) is added to
the sample and, based on knowledge of the dye dissociation
constant (salinity and temperature dependent) andmolar absorp-
tivity, pH can be calculated following spectrophotometric

measurement of the absorption maxima of the acid and base
forms of the dye. Recently the m-cresol purple indicator dye
characterisation has been reassessed to enable accurate spectro-

photometric pH measurements for the entire estuarine salinity
range (Douglas and Byrne 2017).

Based on spectrophotometric pHmeasurements in threeNew

Zealand estuaries, pH was observed to decrease slightly at low
salinities (salinity ,2), increase rapidly at intermediate sali-
nities (salinity 2–15) and then stabilise at higher salinities
(salinity .15; Mosley et al. 2010). Similar trends in estuarine

pH measured using glass electrodes have been reported previ-
ously, including slight decreases in pH at low salinities (Mook
and Koene 1975; Morris 1978; Cai and Wang 1998; Guo et al.

2008). Usingmeasurements andmodelling,Mosley et al. (2010)
explained the drivers of the general pH patterns duringmixing of
a circumneutral river with seawater as follows: (1) bicarbonate

is the dominant species in circumneutral river water and at all
salinities in estuaries, and exhibits a generally linear increase
in concentration with salinity; (2) due to the large increases in

ionic strength at low salinities (,5), the inorganic carbon
dissociation constants change markedly, which can result in a
decline in pH in this zone; and (3) following the initial pH
decline, pH increases rapidly and then stabilises as salinities rise

above 15 and the relative effects of changes in ionic strength on
the inorganic carbon system equilibrium constants becomes
smaller.

pH can vary widely in rivers, ranging from high pH ($8) in
calcium carbonate-dominated systems (e.g. Edwards 1973) to
low pH (#4) in organic or mineral acid-affected systems (e.g.

Raymond and Oh 2009). The pH and inorganic carbon concen-
trations in rivers can also vary seasonally and annually depending
ondischarge patterns and longer-term climatic and anthropogenic
drivers (Edwards 1973; Raymond and Oh 2009; Biswas and

Mosley 2019). Given the uncertainty in pH changes in many
estuaries due to the complications noted above, we used the end-
member mixing model approach validated by Mosley et al.

(2010) to explore how pH may vary with four different river
water input compositions (Fig. 2): Case 1, average river water
alkalinity (500 mmol kg�1) with near atmospheric pCO2

(400 ppm); Case 2, average river water alkalinity with elevated
pCO2 (4000 ppm); Case 3, higher alkalinity river water
(2000 mmol kg�1) and near atmospheric pCO2; and Case 4,

higher alkalinity river water with elevated pCO2. The salinity
of the freshwater and seawater end-members in the model was
0.05 and 35 respectively. The model assumed equilibrium and
used the salinity, alkalinity and pCO2 values in the four cases to

calculate the total dissolved inorganic carbon (DIC) in the
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end-members. The alkalinity and DIC were then mixed conser-

vatively between the end-members in the model and the pH
calculated for different salinities between 0.05 and 35.

All cases showed a slight decrease in pH at low salinities

before being relatively stable at values .15 (Fig. 2), which
was generally consistent with the field and modelling studies
described above. The average alkalinity and elevated pCO2 river
water model (Case 2) exhibited the largest changes in pH

throughout the estuarine salinity range. This case is likely most
representative of a large number of rivers globally that have
elevated pCO2 due to respiration exceeding net primary produc-

tion (Cole and Caraco 2001). The higher alkalinity with atmo-
spheric pCO2 model (Case 3) showed only a decrease and
stabilisation rather than an increase in pH at salinities between

3 and 15, as in the other cases. This is likely because the
alkalinity is similar to seawater, so the main pH changes are
due to variation in inorganic carbon system equilibrium con-
stants at low salinity. It should be noted that the assumption

made in this model was that that dissolved organic carbon
(DOC) and alkalinity behaved conservatively between the
end-members. This is likely to be a valid assumption for

estuaries with short residence times, but additions of DIC and
alkalinity have been observed in estuaries that have been
suggested to result from air–sea exchange of CO2 (for DIC

because alkalinity is unaffected by this) and processes occurring
in the underlying sediments such as denitrification, sulfate
reduction, carbonate dissolution and the diffusion of organic

acids (Cai and Wang 1998; Cai et al. 1998; Mosley et al. 2010;
Shen et al. 2019). DIC isotopemeasurements have been found to
be useful in tracing internal alkalinity sources (Atekwana et al.
2003), with calcium and strontium isotopes also useful for

tracing carbonate precipitation and dissolution (Shao et al.

2018). Eutrophication, anoxia and elevated pCO2 due to climate
change have been implicated in observations of increased

acidification in some estuaries (Cai et al. 2017; Shen et al.

2019), as has resuspension of volatile sulfide phases (Richards
et al. 2018). Spatial and temporal changes in pH in estuaries

could greatly affect the sorption of trace metals and ligands to
particle surfaces (Dzombak and Morel 1990), which is assessed
further below.

Insights and integration using geochemical modelling

A geochemical model was developed in the Visual MINTEQ

program (G. P. Gustaffson, see https://vminteq.lwr.kth.se,
accessed 22 August 2019) to help integrate and understand the
key processes affecting the estuarine behaviour of trace metals

(Cu, Zn and Pb in this case). The model included competitive
metal binding to dissolved inorganic ligands, hydrous ferric oxide
(HFO) particle surfaces (Dzombak andMorel 1990) andDOMby

the Non-Ideal Competitive Adsorption (NICA)–Donnan model
(Kinniburgh et al. 1999; Mosley et al. 2015). The pH variation in
the initial model was based on the average alkalinity, high pCO2

scenario above (Case 2; Fig. 2). Metal concentrations in the river

water end-member were Zn 1 mM, Cu 1 mM and Pb 0.1 mM,
compared with seawater end-member concentrations of 1, 1 and
0.1 nM for Zn, Cu and Pb respectively. The HFO concentration

was maintained at 0.1 g L�1 throughout the estuarine salinity
range. Further details of the model setup and input parameters are
described in the ‘Modelling Description and Input File Para-

meters’ section of the Supplementary material.
The model results for Zn, Cu and Pb are shown in Fig. 3.

More Pb and Zn is predicted to be bound to the Fe oxide phase

than Cu, which is generally consistent with previous measure-
ments of metal partitioning (see Table 1 and the above
discussion). For Zn, the model results show an addition of
dissolved Zn above the conservative mixing line at low to

moderate salinities (0–10; Fig. 3). This can be explained by
desorption from HFO surfaces due to decreasing pH (Fig. 2),
increased competitive binding of Ca and Mg to these surfaces

and to DOM for Mg (see Fig. S1). The model predictions of
desorption of Zn at low salinities appear consistent with those
found in many previous studies (Holliday and Liss 1976;

Ackroyd et al. 1986; Yan et al. 1991; Chiffoleau et al. 1994).
With regard to the pH-driven desorption, the sorption isotherm
for Zn binding to HFO is in the range of pH 7–8, which is in the
range of pH changes, at least in the seaward part, of most

estuaries (Dzombak and Morel 1990). However, the desorbed
Zn may become readsorbed as pH increases towards mid to
high salinities according to the model results (Fig. 3). Standring

et al. (2002) found, by isotope labelling experiments, that Zn–
sediment interactions could be broadly defined as a two-step
process, namely a short period of relatively fast surface sorption

followed by a longer period of redistribution between different
binding sites within the sediment until equilibrium is attained.
Sediment characteristics, such as cation exchange capacity and

the amount of organic material present, were proposed to affect
these interactions, as would the prior distribution of Zn in
suspended sediment in river water entering an estuary.

With regard to cation interactions, the model results show

Mg binding to DOM increasing at low salinities, whereas Ca
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binding decreases. This suggests Mg is competitively replacing
Ca initially, and also likely Cu, from DOM. The model suggests

released Cu then binds to HFO (Fig. 3). Ksionzek et al. (2018)
measured a reduction in Cu–DOM binding with increasing
salinity, which is consistent with our modelling results.
Hamilton-Taylor et al. (2002) also predicted that Cu–humic

binding decreased substantially with increasing ionic strength
under typical estuarine conditions, but they did not postulate Ca
and Mg binding as a significant factor. Waeles et al. (2005)

found desorption of Cu occurred at low salinities for a large part
of the year in the Penzé Estuary. Chiffoleau et al. (1994) also

found additions of Cu to the dissolved phase during estuarine
mixing, but suggested this was desorption from particles,

whereas van den Berg et al. (1987) suggested Cu and Zn will
remain bound to the organic ligands throughout the salinity
range of an estuary. The NICA–Donnan model suggests metal

binding to DOM will change in response to increasing divalent
cation concentrations (Kinniburgh et al. 1999). More integrated
laboratory and field experimental research and modelling on

competitive binding interactions would be useful to try and
better determine the nature of Cu and Zn complexation during
estuarine mixing. This should be coupled with spectrophoto-
metric pH measurements in order to accurately quantify the pH

changes. In contrast with Cu and Zn, Pb was predicted to remain
strongly bound to HFO in the river water and throughout the
estuarine salinity range (Fig. 3), which is generally consistent

with field observations (Table 1).
To help explore how different river–estuarine water compo-

sitions may affect metal behaviour, the HFO, DOC and pHwere

varied in the geochemical model (Fig. 4). As the HFO increased,
more Zn and Cu became bound to this phase, with the dissolved
inorganic Zn and dissolved organic Cu fractions decreasing
respectively. A similar general pattern was seen for Pb, but Pb

was predominantly bound to HFO, except at the lowest concen-
tration assessed (1mgL�1). Varying theDOChad little effect on
Zn, but Cu binding to the dissolved organic fraction increased

greatly as DOC increased. In the NICA–Donnan model, Cu is
predicted to be a stronger competitor for organic binding sites
than Zn and Pb when at equimolar concentrations. For Pb, the

proportion bound to DOM increased only at very high DOC
concentrations (.100 mg L�1), with it remaining strongly
bound to the HFO phase. Decreasing the pH markedly reduced

Zn binding to HFO, with little effect on Cu and Pb binding.
Again, this is consistent with pH decreases in the early stages of
estuarine mixing. Taken as a whole, these model sensitivity
results help explain why metal behaviour could vary between

different estuaries (e.g. particle- or Fe-rich v. dissolved organic-
rich riverine inputs), as well as at different temporal and spatial
scales in the same estuary. Over the longer term, hydrological

alterations to rivers or climate change may also alter the flux of
metals, pH and other key geochemical processes (e.g. anoxia)
affecting metal behaviour in estuaries.

Conclusion

The results integrate and provide insight into the complex
geochemical processes affecting metals in estuaries. The

behaviour of a particular trace metal was found to be at least
partially dependent on its partitioning in the river water end-
member. The metals found in the colloidal fraction (e.g. Fe

and Pb) in the river water end-member were removed non-
conservatively during the early stages of estuarine mixing as a
result of the aggregation of colloidal material. Modelling indi-

cated Pb would remain bound to iron oxide surfaces during the
large ionic strength increases and minor pH decreases during
estuarinemixing.Hence,metals strongly bound to particles such

as Pb should be rapidly deposited to the sediments and their
distributions dominated by particle-phase dynamics. In contrast,
other metals, such as Cu and Zn, that are less strongly bound to
particle surfaces or predominantly associated with colloidal and

DOM can behave quite differently, with variable behaviour

0 5 10 15 20 25 30 35

[Z
n]

 µ
M

 
[C

u]
 µ

M
 

[P
b]

 µ
M

(a)

(b)

(c)

Dissolved inorganic

Bound to DOM

Sorbed to Fe oxide

0 5 10 15 20 25 30 35

0

0.2

0.4

0.6

0.8

1.0

0

0.2

0.4

0.6

0.8

0

0.02

0.04

0.06

0.08

0.10

0.12

0 5 10 15 20 25 30 35

Salinity

Fig. 3. Geochemical model results exploring competitive metal binding

for (a) Zn, (b) Cu and (c) Pb to dissolved inorganic ligands, hydrous ferric

oxide particle surfaces and dissolved organic matter (DOM) in a typical

estuary. The pH variation in the base case model was based on the average

alkalinity, high pCO2 scenario (Case 2, Fig. 2).

306 Marine and Freshwater Research L. M. Mosley and P. S. Liss



between different estuaries and even seasonally within the same
estuary. During the early stages of estuarine mixing, pH
decreases occur and can result in, at least temporarily, desorp-

tion of metals such as Zn for particle surfaces. In contrast, Cu
may remain strongly bound to dissolved organic ligands,
although cation exchange may potentially result in less binding
on DOM. Based on these findings, the distribution of metals

such as Cu and Zn is observed and predicted to be much more
complex and variable in estuaries, influenced dynamically by
ionic strength, pH, sediment and metal oxide concentration, as

well as the amount and nature of organic ligands. Integrated
studies linking metal partitioning and speciation, particle
aggregation and transport dynamics, biological uptake, sedi-

ment flux and pH changes would be beneficial. An increasing

use of state-of-the-art isotope tracing and DOM and metal
speciation techniques, as well as geochemical models incorpo-

rating multi-assemblage metal binding mechanisms, should
help improve our understanding of the drivers of variable metal
behaviour in different estuaries.
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