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E2 – 17β-estradiol in plasma, VTG – vitellogenin in plasma, 11-KT – 

11-ketotestosterone in plasma 

r - Pearson correlation coefficient 
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CHAPTER 4 

Effects of the model anti-androgen, flutamide on 17β-estradiol-induced 

hormonal imbalance in freshwater juvenile Murray rainbowfish 

(Melanotaenia fluviatilis) 

Figure 1: Weight of (A) male and (B) female; length of (C) male and (D) 

female and condition factor of (E) male and (F) juvenile Murray 

rainbowfish after exposures to flutamide and/or 17β-estradiol for 35 

days. Bars represent standard error.  

Means not followed by the same letter are significantly different (p ≤ 

0.05) 
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Figure 2: Photomicrographs of the longitudinal sections of the abdominal 

regions of juvenile Murray rainbowfish (Melanotaenia fluviatilis) 

showing the ovaries. A) Water control B) 25 ng/L E2 (E2) C) 250 

µg/L flutamide (Flu high) D) 25 ng/L E2 + 250 µg/L flutamide 

(E2+Flu high). The arrows represent perinucleolar oocytes ( ), 

cortical alveolar oocytes (  ), early vitellogenic oocytes (      ) and 

interstitial fibrosis ( ). Note the increase in proportion of early 

vitellogenic oocytes in the E2, Flu high and E2+Flu high treatments 

and the interstitial fibrosis in E2+Flu high treatment. 
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Figure 3: Photomicrographs of the longitudinal sections of the abdominal 

regions of juvenile Murray rainbowfish (Melanotaenia fluviatilis) 

showing the testes. A) Water control B) 25 ng/L E2 (E2) C) 250 µg/L 

flutamide (Flu high) D) 25 ng/L E2 + 250 µg/L flutamide (E2+Flu 

high). The arrows represent spermatozoa (  ), vacuolation (       ) 

and interstitial fibrosis ( ). Note the increase in the height of 

germinal epithelium represented by ( )   in E2, Flu high and 

E2+Flu high treatments. Note the reduction in the proportion of 

sperms in E2 and Flu high treatments and absence of sperms in 

E2+Flu high treatment 

177 

Figure 4: Photomicrographs of the longitudinal sections of the abdominal 

regions of juvenile Murray rainbowfish (Melanotaenia fluviatilis) 

showing the intersex gonads in fish after treatment with A) 250 µg/L 

flutamide (Flu high) and B) 25 ng/L E2 + 250 µg/L flutamide 
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(E2+Flu high). The arrows represent perinucleolar oocytes oocytes  

(       ) and early vitellogenic oocytes (       ). Note the development of 

spermatocytes (       ) between the oocytes.

Figure 5: Head concentrations of 17β-estradiol (E2) in (A) males and (B) 

females; 11-keto testosterone (11-KT) in (C) males and  (D) females; 

E2/11-KT value in (E) males and (F) females of Murray rainbowfish 

after treatment with 25 ng/L E2 (E2), 25 µg/L flutamide (Flu low), 

250 µg/L flutamide (Flu high), 25 ng/L E2 + 25 µg/L flutamide 

(E2+Flu low) and 25 ng/L E2 + 250 µg/L flutamide (E2+Flu high). 

Bars represent standard error.  

Means not followed by the same letter are significantly different (p ≤ 

0.05).   
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Figure 6: 

Supplementary 

figure 1: 

Tail concentrations of vitellogenin (VTG) in (A) males and (B) 

females of Murray rainbowfish after treatment with 25 ng/L E2 (E2), 

25 µg/L flutamide (Flu low), 250 µg/L flutamide (Flu high), 25 ng/L 

E2 + 25 µg/L flutamide (E2+Flu low) and 25 ng/L E2 + 250 µg/L 

flutamide (E2+Flu high). Bars represent standard error.  

Means not followed by the same letter are significantly different (p ≤ 

0.05). 

Supplementary Figure 1: Proportions of male, female and intersex 

juvenile Murray rainbowfish after exposures to 25 ng/L E2 (E2), 25 

μg/L flutamide (Flu low), 250 μg/L flutamide (Flu high), 25 ng/L E2 

+ 25 μg/L flutamide (E2+Flu low) and 25 ng/L E2 + 250 μg/L 

flutamide (E2+Flu high) for 35 days. There were no significant 

differences in the ratios of different sexes across the treatments 

180 

CHAPTER 5 

Di-n-butyl phthalate causes estrogenic effects in adult male Murray 

rainbowfish (Melanotaenia fluviatilis) 

Figure 1: Photomicrographs of the testes of Murray rainbowfish (Melanotaenia 

fluviatilis). (A and D) Water control, (B and E) 500 µg/L DnBP-

exposed, (C and F) 1000 µg/L DnBP exposed. 

        Represents spermatogonia,       represents spermatocytes, 
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        represents spermatids and       represents spermatozoa. Note the 

increase in spermatogonial numbers in the testes of the fish exposed 

to 500 µg/L 1000 µg/L of DnBP. The testicular sections within the 

same treatment shown here are from different fish. 

Figure 2: Photomicrographs of the testes of Murray rainbowfish (Melanotaenia 

fluviatilis). (A) Water control and (B–D) exposed to 1000 µg/L 

DnBP.  

         Represents spermatogonia,          represents spermatocytes, 

         represents spermatids and       represents spermatozoa. Note the 

development of vacuolation (   ), interstitial fibrosis (   ), 

apoptotic cells (   ) and increased proportion of spermatogonia (      ) 

in the testes of DnBP treated fish. 
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Figure 3: Changes in the sizes of the germ cells (spermatogonia, spermatocyte 

A, spermatocyte B and spermatids) in the testes of adult male Murray 

rainbowfish (Melanotaenia fluviatilis) after exposures to DnBP for 7 

days. Means not followed by the same uppercase letter are 

significantly different (p ≤ 0.05). Bars depict standard error. Two 

replicates containing four fish each were used. 
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Figure 4: Changes in the proportions of the germ cells (spermatogonia, 

spermatocytes, spermatids and spermatozoa) in the testes of adult 

male Murray rainbowfish (Melanotaenia fluviatilis) after exposures to 

DnBP for 7 days. Means not followed by the same uppercase letter 

are significantly different (p ≤ 0.05). Bars depict standard error. Two 

replicates containing four fish each were used. 
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Figure 5: Changes in serum vitellogenin levels in adult male rainbowfish 

(Melanotaenia fluviatilis) after exposures to DnBP for 7 days. Means 

not followed by the same uppercase letter are significantly different (p 

≤ 0.05). Bars depict standard error. Two replicates containing four 

fish each were used. 
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Figure 6: Changes in brain aromatase activity adult male rainbowfish 

(Melanotaenia fluviatilis) exposed to DnBP for 7 days. Means not 

followed by the same uppercase letter are significantly different (p ≤ 

0.05). Bars depict standard error. Two replicates containing four fish 
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each were used. 

Figure 7: Relative abundance of the transcripts for (A) oestrogen receptor α 

(Erα), (B) Erβ, (C) vitellogenin (VTG), (D) choriogenin (ChgL), (E) 

androgen receptor α (Arα) and (F) Arβ in the liver of adult male 

Murray rainbowfish (Melanotaenia fluviatilis) after exposures to 

DnBP for 7 days. Data normalised to 18S rRNA housekeeping gene. 

Means not followed by the same uppercase letter are significantly 

different (p ≤ 0.05). Bars depict standard error. Two replicates 

containing four fish each were used. 
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CHAPTER 6 

Di-n-butyl phthalate causes anti-estrogenic effects in female Murray 

rainbowfish (Melanotaenia fluviatilis) 

Figure 1: Hematoxylin and eosin–stained vertical sections of the ovaries of 

Murray rainbowfish (Melanotaenia fluviatilis). (A) Control, (B) 125 

µg/L di-n-butyl phthalate (DnBP), (C) 250 µg/L DnBP. Scale bar = 

500mm for all photomicrographs. 

(    Perinucleolar oocytes;     cortical alveolar oocytes;     early 

vitellogenic oocytes; late vitellogenic oocytes;     spawning 

oocytes;     atretic oocytes.) 
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Figure 2: Variation in the proportion of the different developmental stages of 

the oocytes in Murray rainbowfish (Melanotaenia fluviatilis) after 

exposure to125 µg/L to 1000 µg/L di-n-butyl phthalate (DnBP) for 7 

days. 
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Figure 3: Developmental anomalies in the ovaries of adult Murray rainbowfish 

(Melanotaenia fluviatilis) after treatment with 1000 µg/L di-n-butyl 

phthalate (DnBP) for 7 d.    Represents (A) impaired yolk production 

(scale bar = 2 mm), (B) granulomatous inflammation (scale bar = 

100mm), (C) cyst (scale bar = 200mm), (D) interstitial fibrosis (scale 

bar = 500mm), (E) shrunken ooplasm (scale bar = 500mm), and (F) 

granulosa cell hyperplasia (scale bar = 100mm). 
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Figure 4: Variation in the sizes (meanstandard error) of the different 

developmental stages of the oocytes in Murray rainbowfish 
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(Melanotaenia fluviatilis) after exposure to di-n-butyl phthalate 

(DnBP) for 7 d. 

Figure 5: Variation (mean ± standard error) in the circulating levels of plasma 

vitellogenin in Murray rainbowfish (Melanotaenia fluviatilis) after a 

subacute exposure to di-n-butyl phthalate (DnBP) for 7 d. 
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CHAPTER 7 

Long-term exposures to di-n-butyl phthalate inhibit body growth and impair 

gonad development in juvenile Murray rainbowfish (Melanotaenia fluviatilis) 

Figure 1: Figure 1: (A) Lengths (B) Weights and (C) Condition factors of 

juvenile Murray rainbowfish after exposures to 5, 15 and 50 µg/L 

DnBP for 30, 60 or 90 days each. Bars represent standard error. Bars 

with different letters are significantly different (p ≤ 0.05) (n=8). 
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Figure 2: Figure 2: Photomicrographs of the vertical sections of the abdominal 

region of juvenile Murray rainbowfish from the control group 

showing the development of the ovaries on (A) day 0 (Stage 0 – 

immature), (B) day 30 (Stage 0 – immature), (C) day 60 (Stage 0 – 

immature) and (D) day 90 of the test (Stage II – vitellogenic) 

 Note the increase in the size of the ovary at each sampling time and 

the presence of vitellogenic oocytes on day 90. 

O: Ovary, PN: Perinucleolar oocytes, CA: Cortical alveolar oocytes, 

EV: Early vitellogenic oocytes 
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Figure 3: Figure 3: Photomicrographs of the vertical sections of the abdominal 

region of juvenile Murray rainbowfish from the control group 

showing the development of the development of the testes on (A) day 

0 (Stage 0 – immature), (B) day 30 (Stage 0 – immature), (C) day 60 

(Stage I – early spermatogenic) and (D) day 90 (Stage II – mid-

spermatogenic).  

T: Testis, SG: Spermatogonia, SC: Spermatocytes, SZ: Spermatozoa 
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Figure 4: Figure 4: Photomicrographs of the vertical sections of the abdominal 

region of juvenile Murray rainbowfish showing the gonads after 

exposures to (A) 5 µg/L di-n-butyl phthalate (DnBP) for 60 days 

(Stage 0 – immature); (B) 50 µg/L DnBP for 30 days (Stage 0 – 
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immature), (C) 50 µg/L DnBP for 60 days (Stage 0 – immature) and 

(D) 50 µg/L DnBP for 90 days (intersex).  

Note the reduced proportion of spermatozoa and vacuolation in the 

testis. Also note the regressed size of the gonad and the absence of 

vitellogenic oocytes after exposures to 50 µg/L of DnBP.  

T: Testis, V: Vacuolation, O: Ovary, O-T: Ovo-testis, PN: 

Perinucleolar oocytes, SC: Spermatocytes 

Figure 5: Whole-body concentrations of (A) 17β-Estradiol (E2) (B) 11-

Ketotestosterone (11-KT) and (C) E2/11-KT in juvenile Murray 

rainbowfish after exposures to 5, 15 and 50 µg/L DnBP for 30, 60 or 

90 days each. Bars represent standard error. Bars with different letters 

are significantly different (p ≤ 0.05) (n=8). 
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Supplementary 

Figure 6: 

Proportion of sexes in juvenile Murray rainbowfish after exposures to 

5, 15 and 50 µg/L di-n-butyl phthalate for up to 90 days. 

251

CHAPTER 8 

Summary and conclusions 

Figure 1: Hypothetical model of biological effects of flutamide in adult male 

Murray rainbowfish. Green arrows represent up-regulation and red 

arrows represent down-regulation based on the data from the present 

study. Broken blue arrows represent plausible effect based on 

previous studies and solid blue arrows are data from the present 

study. E2: 17β-estradiol; 11-KT: 11-keto testosterone; VTG: 

Vitellogenin; ER: Estrogen receptor; AR: Androgen receptor; ChG-

L: Choriogenin-L; T: Testosterone 
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Figure 2: Hypothetical model of biological effects of flutamide in adult female 

Murray rainbowfish. Red arrows represent down-regulation based 

on the data from the present study. Soli blue arrows are the data 

from the present study. E2: 17β-estradiol; 11-KT: 11-keto 

testosterone; VTG: Vitellogenin 
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Figure 3: Hypothetical model of biological effects of flutamide and/or E2 in 

juvenile male Murray rainbowfish. Green arrows represent up-

regulation and red arrows represent down-regulation based on the 
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Figure 4: 

data from the present study. Higher the intensity /thickness of the 

arrow, higher is the effect. Double-headed arrows represent no 

effect. Flu low: 25µg/L flutamide; Flu high: 250 µg/L flutamide; E2: 

25 ng/L 17β-estradiol; VTG: Vitellogenin; 11-KT: 11-Keto 

testosterone; CF: Condition factor. 

Hypothetical model of biological effects of flutamide and/or E2 in 

juvenile female Murray rainbowfish. Green arrows represent up-

regulation and red arrows represent down-regulation based on the 

data from the present study. Higher the intensity /thickness of the 

arrow, higher is the effect. Double-headed arrows represent no 

effect. Flu low: 25µg/L flutamide; Flu high: 250 µg/L flutamide; E2: 

25 ng/L 17β-estradiol; VTG: Vitellogenin; 11-KT: 11-Keto 

testosterone; CF: Condition factor. 

Figure 5: Hypothetical model of biological effects of DnBP in adult male 

Murray rainbowfish. Green arrows represent up-regulation and red 

arrows represent down-regulation based on the data from the present 

study. Broken blue arrows represent plausible effect based on 

previous studies. DnBP: Di-n-butyl phthalate; AR: Androgen 

receptor; ER: Estrogen receptor; VTG: Vitellogenin; ChG-L: 

Choriogenin-L; E2: 17β-Estradiol; 11-KT: 11-Keto testosterone; 

ChG-L: Choriogenin-L 
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Figure 6: Hypothetical model of biological effects of DnBP in adult female 

Murray rainbowfish. Green arrows represent up-regulation and red 

arrows represent down-regulation based on the data from the present 

study. Broken blue arrows represent plausible effect based on 

previous studies. DnBP: Di-n-butyl phthalate; E2: 17β-Estradiol; 

VTG: Vitellogenin; 11-KT: 11-Ketosterone 

270 

Figure 7: Hypothetical model of biological effects of DnBP in juvenile  

Murray rainbowfish. Green arrows represent up-regulation and red 

arrows represent down-regulation based on the data from the present  

study. Double-headed arrows represent no effect. The effects  

representing 90 day LOEC values have been highlighted with a blue  

box. The solid and dashed arrows are significantly different. DnBP: 
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Di-n-butyl phthalate; E2:17β-Estradiol; VTG: Vitellogenin; 11-KT: 

11-Ketosterone; CF: Condition factor 
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ABSTRACT 

With the detection of anti-androgenicity in the effluents from the wastewater 

treatment plants (WWTPs), there is speculation that sexual disruption in fish is a multi-causal 

condition involving anti-androgens. Much of the research has focussed on deciphering the 

modes-of-action (MoAs) of (anti)estrogens and androgens. However, effects of androgen 

receptor (AR) antagonists have not been fully characterised and remain elusive in fish. The 

present study aimed to investigate the effects of the classic mammalian anti-androgen, 

flutamide and the emerging industrial pollutant, di-n-butyl phthalate (DnBP) on the 

biomarkers of reproduction in adult (male and female) and juvenile Murray rainbowfish 

(Melanotaenia fluviatilis). Flutamide is the “pure” anti-androgen designed to treat prostate 

cancer in men and polycystic ovarian syndrome in women. It has also been extensively used 

in toxicity testing in mammals. The in vitro anti-androgenic activity in the aquatic 

environment worldwide is measured in flutamide equivalents. Phthalates are a class of 

synthetic industrial chemicals commonly found in the aquatic environment worldwide. They 

have been recognised as anti-androgens in male mammals but little is known about their 

endocrine-disrupting effects in the native Australian fish species. Due to its detection in 

freshwater both in Australia and worldwide and considering its higher solubility in water (11 

mg/L), it is important to investigate effects of DnBP on the reproductive fitness of native 

Australian fish species. Flutamide is not an environmental contaminant and has not been 

detected in freshwater. However, it is used as the reference chemical to quantify anti-

androgenic activity in aquatic environment using in vitro assays. In addition, flutamide is also 

used as the model anti-androgen to investigate anti-androgenic effects in mammals. 

Adult female and male Murray rainbowfish were exposed to biologically active 

concentrations (nominal 125 – 1000 µg/L) of flutamide for 7 days. In females, histological 
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investigation revealed marked atresia and absence of mature oocytes in the flutamide-treated 

fish at all concentrations investigated. Reduction in the sizes of the vitellogenic oocytes was 

found after treatment with 500 and 1000 µg/L flutamide. The plasma VTG and the activity of 

brain aromatase were reduced in fish treated with 500 and 1000 µg/L flutamide. Treatment 

with 500 and 1000 µ/L flutamide reduced the concentrations of 11-keto testosterone (11-KT) 

and 17β-estradiol (E2) in plasma. In males, qualitative assessment of the testes of the fish 

exposed to 125 – 1000 µg/L flutamide exhibited inhibition in transformation of 

spermatogonia to spermatozoa and increased testicular anomalies like multinucleated and 

pyknotic cells and interstitial fibrosis. VTG was induced in plasma after an exposure to 1000 

µg/L of flutamide. The activity of brain aromatase declined after exposure to flutamide at all 

concentrations. Males exposed to 1000 µg/L of flutamide showed a down-regulation of the 

hepatic genes encoding androgen receptors α (ARα) and ARβ. The expression levels of the 

genes for the estrogen receptor α (ERα) were up-regulated and those of VTG were down-

regulated after treatment with 250 – 1000 µg/L of flutamide.  

 

  Juvenile rainbowfish were exposed to the nominal concentrations 25 ng/L E2, 25 

µg/L flutamide, 250 µg/L flutamide, 25 ng/L E2 + 25 µg/L flutamide and 25 ng/L E2 + 250 

µg/L flutamide. Co-treatment with Flu high and E2 resulted in significant reductions in 

weights and lengths in males and condition factor in females. Inter-sex was noted in Flu high 

and E2+Flu high treated fish. The development of spermatocytes in the testes was inhibited 

by E2 and this effect was accentuated after co-treatment with flutamide. Exposures to E2 

resulted in precocious oocyte development in the ovaries which was further up-regulated 

when fish were co-exposed to E2 and flutamide. The E2 levels decreased significantly in the 

head of both males and females after co-exposures to flutamide and E2. Flutamide and E2 

alone increased the 11-KT levels in both sexes. However, E2+Flu low decreased 11-KT 
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levels in males and increased them in females. Flutamide (low and high) induced VTG 

protein in the tails of both sexes. In males, VTG was induced in the tail tissue after exposure 

to flutamide but not E2. No significant increase of flutamide on E2-induced VTG 

concentration was noted. We concluded that anti-androgens do not add to the effects of 

estrogens due to different modes of action. However, they induce similar effects which can 

cause additive inhibition/stimulation of the gonad development. 

Sexually mature female and male Murray rainbowfish were exposed to sub-acute 

concentrations of 125 – 1000 µg/L DnBP for 7 days. The testes in 125 – 1000 µg/L DnBP-

exposed fish were in the early spermatogenic stage with a higher proportion of 

spermatogonia. The sizes of spermatogonia, Type A and B spermatocytes and spermatids 

were significantly smaller relative to the controls after treatment with 125 – 1000 µg/L of 

DnBP. The sizes of the previtellogenic oocytes in the 250 – 1000 µg/L treated fish were 

higher than those in the corresponding control fish. The early vitellogenic oocytes in the 1000 

µg/L treated fish were smaller relative to those in the unexposed fish. Histological changes 

like chorion folding, shrunken ooplasm, impaired yolk production, granulomatous 

inflammation and interstitial fibrosis were observed in the ovaries of the fish treated with 

DnBP at all concentrations. The plasma VTG was significantly lower in the female and 

higher in males exposed to 500 – 1000 µg/L DnBP. An induction in the expression levels of 

the genes encoding for ERα and β and choriogenin L, coupled with an amplified activity of 

aromatase in the brain for the 1000 µg/L of DnBP treatment suggested an estrogenic MoA of 

DnBP in male fish. 

Juvenile fish were exposed to environmentally relevant concentrations (5, 15 and 50 

µg/L) of DnBP for 90 days. The lowest observed effective concentration to significantly 
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affect the condition factor after 90 days was 5 µg/L. Histological investigation revealed 

complete feminisation of the gonad in fish exposed to 5 µg/L for 90 days and to 15 and 50 

µg/L of DnBP at all sampling times. In addition, incidences of inter-sex gonads were noted in 

the 15 and 50 µg/L of DnBP treatments at the end of the exposure period. After 90 days of 

exposure to DnBP, the ovaries were regressed and immature. Testes, present only in fish 

exposed to 5 µg/L of DnBP for 30 or 60 days, were vacuolated and immature. There was a 

significant induction in E2 concentration in fish exposed to 5 µg/L of DnBP for 90 days and 

in 15 and 50 µg/L DnBP treatments at all sampling times. Long-term exposure to low 

concentration (5 µg/L for 90 days) had similar hormonal effects as short-term exposure to 

higher concentration of DnBP (50 µg/L for 30 days) in causing in vivo estrogenicity. Long-

term continuous exposures to 5 µg/L of DnBP for up to 30 days did not have profound effects 

on body growth and gonadal differentiation of fish. However, 30 days of continuous 

exposures to 15 µg/L could interfere with the gonad development and to 50 µg/L could 

compromise the hormonal profile of juvenile fish. 

The study, for the first time, reported the differential effects of two anti-androgens in 

male, female and juvenile Australian fish species. Using an integrated approach of 

histological, biochemical and molecular tools, the hypothetical models of effects and 

potential MoAs of flutamide and DnBP have been proposed. The data from the present study 

suggest that continuous exposures to biologically active concentrations of flutamide for 7 

days can cause anti-androgenicity in male and defeminisation in female adult Murray 

rainbowfish. In addition, 35 day exposures to the anti-androgen, flutamide can induce 

feminisation in juvenile Murray rainbowfish and the effects of flutamide are cumulative in 

combination with E2. It was also concluded that continuous exposures to sub-acute 

concentrations of DnBP for 7 days can cause estrogenicity in male and anti-estrogenic effects 
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in female adult Murray rainbowfish. Treatments with environmentally relevant 

concentrations of DnBP for 90 days during sensitive phases of development in juvenile 

Murray rainbowfish adversely affect the fish growth and gonad development. 

It is proposed that short-term exposures to high concentrations and long-term 

exposures to low concentrations of DnBP have similar reproductive endocrine effects. 

Australian water quality guidelines recommend DnBP concentrations should be < 9.9 µg/L 

for freshwater ecosystems (http://www.environment.gov.au/resource/australian-and-new-

zealand-guidelines-fresh-and-marine-water-quality-volume-1-guidelines). Levels of DnBP 

found in freshwaters in Australia (47 ng/L) do not pose a threat to the reproductive fitness of 

Murray rainbowfish. However, there is a strong need to revise the water quality guidelines for 

DnBP in freshwater in Australia for future reference. It is also recommended to detect, 

identify and quantify individual anti-androgens in freshwater in Australia and worldwide. In 

addition, identification of the genes and testing molecular tools regulating gonadal 

differentiation in Murray rainbowfish are needed to assess the reversibility of the effects 

caused by environmental chemicals. It is important to investigate the endocrine disruption, if 

any, in the fish thriving in this aquatic environment in Australia using field caging studies. 

Similar studies have been reported in Europe and the US. 

http://www.environment.gov.au/resource/australian-and-new-zealand-guidelines-fresh-and-marine-water-quality-volume-1-guidelines
http://www.environment.gov.au/resource/australian-and-new-zealand-guidelines-fresh-and-marine-water-quality-volume-1-guidelines


CHAPTER 1 

REVIEW OF LITERATURE 

1.1 Introduction 

1.1.1 Endocrine disrupting chemicals in environment: concept 

During the twentieth century, a large number of chemicals were developed for use in 

medicine, research, households, agriculture and industries. Although significant economic 

benefits are attributed to the use of these chemicals, including an increase in agricultural crop 

yields, better quality of finished product and various medical break-throughs, their 

widespread use has resulted in their release into the environment (Danzo, 1998) and possible 

bioaccumulation in wildlife. In recent years, compelling evidence has accumulated showing 

that minute concentrations of certain environmental chemicals can cause endocrine disruption 

in wildlife (Damstra et al., 2002; Hayes et al., 2002; Tyler et al., 1998). These chemicals have 

been termed as endocrine disrupting chemicals (EDCs). Endocrine disruption does not imply 

toxic or lethal responses; it refers to in vivo physiological or biochemical changes leading to 

adverse effects. An endocrine disruptor is “an exogenous substance or a mixture that alters 

the functions(s) of the endocrine system and consequently causes adverse health effects in an 

intact organism, or its progeny, or (sub)populations” (Damstra et al., 2002). 

1.1.2 Classes and sources of endocrine disrupting chemicals 

A vast variety and number of chemicals (synthetic as well as natural) have been 

identified as EDCs because of their endocrine disrupting effects as demonstrated in in vitro 

and in vivo studies. Some EDCs share structural similarities with naturally occurring steroid 

hormones. Others are not structurally related and constitute a diverse group of chemicals 
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(Baker, 2001). The nature of the EDCs can broadly be classified into the following three 

categories – 

a) Natural steroids – These are naturally synthesised compounds and are required for

normal functioning of an organism. Endogenous steroidal hormones include the 

following – 

i. Estrogens, like 17β-estradiol (E2) and estrone (E1);

ii. Androgens like testosterone (T) and

iii. Phytoestrogens like genistein, β-sitosterol and coumestrol.

b) Synthetic steroids – These compounds are synthesised artificially by man to target

the endocrine system to combat disease or improve resistance. These can further be 

classified into the following – 

i. Glucocorticoids – Prednisone, dexamethasone, triamcinolone, alcometasone.

ii. Mineralo-corticoids – Fludrocortisones

iii. Androgens – Apoptone, oxandrolone, oxabolone, nandrolone

iv. Estrogens – Diethylstilbesterol, 17α-ethynylestradiol, diethylstilbestrol

v. Progestins - danazol, norethindrone, medroxyprogesterone acetate, 17-

hydroxyprogesterone caproate. 

vi. Anti-androgens – cyperoterone acetate, flutamide

vii. Anti-estrogens - Tamoxifen

viii. Anti-progestins - mifepristone, gestrinone

c) Synthetic chemicals – These chemicals are specifically designed for a variety of

purposes like improving agricultural and dairy yield and protection from diseases. 

For example, DDT, organohalogens, organotins, alkylphenol ethoxylates, bisphenol 

A (BPA), phthalic acid esters (PAEs), 17β-trenbolone, DES, vinclozolin, dioxins, 
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PCBs and thyroid receptor antagonists (coumesterol and polybrominated dipheyl 

ethers) belong to this category.  

The EDCs are released into the environment from a variety of sources which can be 

broadly classified into the following – 

a) Point sources – These are the localised sources of EDC discharge. For example, the

industrial discharges, effluents from the waste-water treatment plants (WWTPs), 

pulp and paper mill discharges and run-offs from cattle feedlots, dairies, piggeries 

etc. 

b) Diffuse sources – These sources are spread over a certain region. For example,

agricultural run-off, leaching from landfills etc. 

Table 1 lists the classification and sources of some of the persistent EDCs. 
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Table1: Some natural and synthetic chemicals detected in environment. 

Classification Chemical Source References 

Natural steroids 17β-estradiol, estriol, estrone, testosterone, 

progestins, medroxyprogesterone, 

androstenedione, 5α-dihydrotestosterone, 11-

ketotestosterone, androsterone, progesterone 

Livestock, dairy waste, human 

waste, wastewater treatment plant 

effluents, livestock/feedlot effluent 

(Hanselman et al., 2003; Kim et al., 

2014c; Kolodziej et al., 2003; 

Laurenson et al., 2014; Rao et al., 

2014; Soto et al., 2004; Tashiro et al., 

2003; Ying and Kookana 2002a; Ying 

et al., 2002b; Zhao et al., 2010) 

Phytosteroids β-sitosterol, zearalenone, coumesterol, lignans, 

isoflavanoids, genestein, stigmastanol, isopimaric 

acid, hydroxymatairesino, n-butylbenzene 

sulphonamide, dehydroabietic acid, betulin 

Pulp and paper mill effluent (Adebayo et al., 2014; Almstrup et al., 

2002; Collins et al., 1997; Csaba, 

2013; Gravina et al., 2013; Strauss et 

al., 1998) 

Pharmaceuticals tamoxifen, mestranol, diethylstilbestrol Wastewater treatment plant 

effluents 

(Chikae et al., 2004a; Laurenson et al., 

2014; Ortiz-Zarragoitia et al., 2005; 

Van den Belt et al., 2004) 

Herbicides linuron, trifularin, atrazine, simazine Agricultural run-off, wastewater 

treatment plant effluents 

(Chen et al., 2014; de Lafontaine et 

al., 2014; Hayes et al., 2003; Koenen 

and Cavas et al., 2008; Rodriguez-

Gonzalez et al., 2014; Tahara et al., 

2014) 

Insecticides p,p’-DDE; o,p’-DDT; p,p’-DDT; o,p’-DDE, 

HPTE, methoxychlor, dieldrin, aldrin, chlordane, 

malathion, lindan/hexachlorcyclohexane,  

dicofol, permethrin, endosulphan, toxaphene, 

heptachlor, kepone, vinclozolin 

Agricultural run-off, wastewater 

treatment plant effluents 

(Davis et al., 2009; Glover et al., 

2007; Harrahy et al., 2014; Helander 

et al., 2002; Jin et al., 2009; Luellen et 

al., 2006; Narita et al., 2014; Sanchez-

Bayo and Hyne 2014; Uchida et al., 

2010; Xia et al., 2009) 

Phthalic acid 

esters 

di-n-butyl phthalate, di-n-octyl phthalate,benzyl 

butyl phthalate, dimethyl phthalate, diisobutyl 

phthalate, diethyl phthalate, di-2-

ethylhexylphthalate, diisononyl phthalate, 

diisodecyl phthalate 

Leaching from plastics (Kim et al., 2014a; Kim et al., 2014b; 

Takeuchi et al., 2005a; Xiaojing et al., 

2013; Xue et al., 2014; Zacharewski et 

al., 1998; Zheng et al., 2014; Zhu et 

al., 2014; Zia et al., 2013) 
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Classification Chemical Source Reference 

Flame Retardants pentabromodiphenylether (DE-71) and 2,2’,4,4’,6-

penta BDE (DE-100) 

Consumer products – fire resistant 

coatings 

(Barco-Bonilla et al., 2014; de Jourdan 

et al., 2013; Liu et al., 2013; Martinez 

et al., 2013; Rawn et al., 2014; 

Vorkamp et al., 2014; Yu et al., 2010; 

Zhu et al., 2013) 

Phenols nonylphenol, bisphenol A, nonylphenol, 

pentaphenol, octylphenol, butylphenol 

Wastewater treatment plant 

effluents, leaching from detergents 

(Balch and Metcalfe 2006; Brown et 

al., 1999; Gray and Metcalf 1997; 

Gray et al., 1999; Kang et al., 2003; 

Ramakrishnan and Wayne 2008; 

Soverchia et al., 2005; Toomey et al., 

1999; Zhang et al., 2014b) 

Antifoulants medetomidine, tamoxifen Consumer products (Chikae et al., 2004a; Legler et al., 

2002; Mansour et al., 2012; Nebot et 

al., 2007; Zhao et al., 2011) 

Organotins tributyltin, triphenyltin Consumer products (Alzieu, 2000; Bones et al., 2006; 

Gooding et al., 2003; Hwang et al., 

1999; St-Louis et al., 2000) 

Organohalogens dioxins; 2,4-dichlorophenol, furans, 

polychlorinated biphenyls, polychlorinated 

naphthalenes 

Pulp and paper mill effluents (Akerblom et al., 2000; Crews et al., 

1995; Hashimoto et al., 2011; Heidler 

and Halder 2009; Matta et al., 1998; 

Mohnke and Buijten 1993; Smeets et 

al., 1999) 

Polyaromatic 

hydrocarbons 

benzopyrene, retene, benzanthracene, pyrene, 6-

hydroxy chrysene, phenanthrene 

Pulp and paper mill effluents (Annammala et al., 2013; Billiard et 

al., 2004; Dasgupta et al., 2011; 

Estevez et al., 2012; Hodson et al., 

2007; Kogila et al., 2013; Navas and 

Segner 2000; Oikari et al., 2002; Pilla 

et al., 2009; Sundt and Bjorkblom 

2011) 
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Classification Chemical Source References 

Heavy Metals arsenic, lead, mercury Point sources (Ben et al., 2014; Matta et al., 2001; 

Walker and MacAskill 2014; Wang et 

al., 2014; Wei et al., 2014; Zhang et 

al., 2014a) 
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1.2 Growing concern on endocrine disrupting compounds 

There is now sufficient evidence to state that the populations of certain wild-life 

species are declining as a result of exposures to environmental chemicals. The frequency at 

which diseases are now seen in humans and in wildlife suggests exposures to environmental 

chemicals (WHO 2012). A 7-year, whole-lake study in Canada by Kidd and co-workers 

demonstrated that chronic exposures of fathead minnow (Pimephales promelas) to 5 – 6 ng/L 

EE2 could lead to extinction of the species by feminising the males through induction of 

vitellogenin (VTG) and adversely affecting oogenesis in females (Kidd et al., 2007). 

Tributyltin has been attributed to reduce the populations of snails (Titley-O'Neal et al., 2011). 

Modeling studies have predicted increases in concentrations of estrogens in South Australian 

and UK rivers in the future (Green et al., 2013) and declines in fish populations exposed to 

environmentally-relevant concentrations of estrogens over long periods (Grist et al., 2003). 

These impacts are difficult to assess in short-term laboratory studies. Robust laboratory 

studies are vital for our better understanding of the potential effects and modes of action of 

different environmental chemicals. Many laboratory and field studies conducted world-wide 

have investigated the effects of environmental chemicals identified as EDCs on general 

health, growth and reproduction in aquatic animals like fish. Since the publication of the book 

"Our Stolen Future" (Colborn, 1996), and due to the continuous popular media coverage of 

the issue, public concerns about the adverse effects of chemicals on reproductive systems of 

wildlife and human beings have grown immensely in Australia and overseas. Therefore, it is 

important that the scientific basis for managing this issue becomes established before alarmist 

reporting influences public opinion, so that rational decision making about the uses of a range 

of chemicals and wastes can occur. Scientists and managers need to be proactive to 

constructively contribute to the debate. In the following sections, some representative studies 
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highlighting the effects of environmental chemicals with (anti)estrogenic and 

(anti)androgenic mechanisms of action are collated. 

1.2.1 Reproductive effects of estrogens in fish 

One of the earliest studies demonstrated that the chemicals in the WWTP effluents 

were capable of inducing egg-precursor protein VTG in male rainbow trout (Oncorhynchus 

mykiss) (Purdom et al., 1994; Sumpter, 1995). Another major breakthrough was the detection 

of high incidence of intersexuality in wild roach (Rutilus rutilus) thriving in rivers receiving 

discharges with high estrogenic activity (Jobling et al., 1998). Disruptions in the development 

of secondary sexual features were also seen in hatchling snapping turtles (Chelydra 

serpentina) in St. Lawrence River basin containing polychlorinated biphenyls (de Solla et al., 

2002). This was followed by researchers reporting a range of endocrine disrupting effects in  

wild fish populations living in receiving environment in the US, Europe, South Africa, Japan 

and Australia (Allen et al., 1999; Barnhoorn et al., 2004; Batty and Lim 1999; Bjerregaard et 

al., 2006; Campinho and Power 2013; Fensterheim, 2001; Folmar et al., 2001; Gercken and 

Sordyl 2002; Humble et al., 2014; Ibor et al., 2014; Kavanagh et al., 2004; Korner et al., 

2000; Leusch et al., 2005; Montgomery et al., 2014; Vigano et al., 2001; Wang et al., 2013). 

The detection of estrogens in the range of 1 ng/L – 50 ng/L in the effluents in the UK, USA, 

Germany, Netherlands and Japan (Belfroid et al., 1999; Desbrow et al., 1998; Nasu et al., 

2001; Stumpf et al., 1999), supported the induction in VTG levels in fish caged in close 

proximity to effluent discharges in rivers (Carlson and Williams 1999; Harries et al., 1996; 

Harries et al., 1997). A significant amount of research has focussed on the estrogens on 

invertebrates like waterfleas and snails (Baldwin et al., 1995; Oehlmann et al., 2000; 

Olmstead and LeBlanc 2000) and vertebrates like frogs and fish (Kloas et al., 1999; Lange et 

al., 2001; Metcalfe et al., 2001; Qin et al., 2011; Qin et al., 2007). Many laboratory studies 
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have reported feminising effects in fish after exposures to E2 (Brion et al., 2004; Falahatkar 

et al., 2014; Feswick et al., 2014; Humble et al., 2014; Tabata et al., 2001); alkylphenol 

ethoxylates (Gimeno et al., 1998; Gong et al., 2010; Hemmer et al., 2001; Jobling and 

Sumpter 1993; Routledge et al., 1998; Toomey et al., 1999; Vazquez et al., 2009; Yun et al., 

2008); bisphenol (Duag et al., 2013; Kwak et al., 2001; Naderi et al., 2014; Woo et al., 2014); 

endosulfan (Bauer et al., 2013; Chow et al., 2013; Da Cuna et al., 2013; Dong et al., 2013; 

Tellez-Banuelos et al., 2013); and DDT (Leanos-Castaneda et al., 2002). Recent Australian 

studies observed that effluents from the WWTPs in New South Wales were estrogenic to 

mosquitofish (Gambusia holbrooki) (Rawson et al., 2008). 

1.2.2 Reproductive effects of anti-estrogens in fish 

Anti-estrogens block the utilisation of estrogens, thus, inhibiting the maintenance of 

female sex characteristics and development of ovaries. A 3400-fold increase in anti-estrogens 

in the sediments near the industrialized sites in comparison to those in the non-industrialised 

sites in USA was reported (Arcaro et al., 1999). Recent studies demonstrated that the anti-

estrogen, malachite green suppressed the expression levels of growth hormone receptors 

(GHR) in black sea bream (Jiao and Cheng 2010). Further, this attenuation could not occur in 

the presence of ERs. This finding suggested the possible anti-estrogenic action of malachite 

green in fish. Another anti-estrogen, tamoxifen has been demonstrated to reduce VTG and E2 

(Leaños-Castañeda et al., 2007) and masculinised the fry (Singh et al., 2012) in tilapia 

(Oreochromis niloticus). Williams and co-workers (Williams et al., 2007) conducted a full 

life-cycle (284 d) trial of tamoxifen citrate exposure to fathead minnows and observed 

significant effects on gonadal histology and VTG concentrations. Other chemicals like 

diethylstibestrol, genistein, methoxychlor and 4-tert-pentylphenol have also been 
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demonstrated to be anti-estrogenic in fish (Alam and Kawaskar, 1998; Blum et al., 2008; 

Chow et al., 2013; Martyniuk et al., 2011; Panter et al., 2002). 

1.2.3  Reproductive effects of androgens in fish 

 Androgens are natural or synthetic chemicals that bind to the androgen receptors 

(ARs) in vertebrates leading to the stimulation, maintenance and development of male 

characteristics. Androgens are also the precursors of estrogens in females. Androgen 

disrupting chemicals mimic the physiological androgens by inducing androgen-receptor-

mediated gene transcription. Although the majority of the research on the effects of EDCs on 

fish has focussed on the chemicals suspected of emulating natural estrogens, it is now 

abundantly clear that the reproductive physiology can be disrupted through a variety of 

mechanisms. Recent studies detected the presence of androgenicity in kraft mill influent and 

effluent samples in Canada (Werner et al., 2010). Parks and colleagues (Parks et al., 2001) 

observed that the female mosquito fish thriving in waters contaminated with pulp mill 

effluent have a 55% increase in the number of segments in the longest ray of the anal fin, a 

sign of masculinity. A body implant of 0.5 mg/kg of 17α-methyltestosterone (MT) resulted in 

the development of male-like cloaca and slender body in female grouper (Epinephelus 

tauvinaI) (Lee et al., 1995). Exposure of female fathead minnows to MT resulted in the 

appearance of tubercles and deeper body coloration (Pawlowski et al., 2004). At low 

concentrations (0.1 µg/L), MT was able to induce atresia and hamper oocyte development in 

female fathead minnow (Pawlowski et al., 2004) and the replacement of the ovary with a 

functional testis in female grouper (Epinephelus tauvina)  (Lee et al., 1995). A reduction in 

the VTG levels was reported in eel (Zoarces viviparus) after treatment with MT and the 

effects were reversed after treatment with E2 (Korsgaard, 2006). Many recent studies have 

10



demonstrated androgenic effects of MT in fish (Beaven and Muposhi 2012; Kefi et al., 2012; 

Marjani et al., 2009; Montajami, 2012; Rajakumari et al., 2009; Salah et al., 2012; Wahbi and 

Shalaby 2010). Adult female mosquitofish exposed for 28 d to 10 µg/L 17β-trenbolone 

developed gonopodium (Sone et al., 2005). 17β-trenbolone (1-10 µg/L) resulted in the 

maturation of spermatozoa in 4 wk old male mosquitofish, a feature normally not feasible 

until 90 days. The same dose caused the transformation of the ovaries into ovo-testis in 

females (Sone et al., 2005). Other studies have also reported toxico-dynamic effects in 

fathead minnows (Schultz et al., 2013); reduction in EE2-induced VTG levels in eelpout 

(Zoarces viviparus) (Velasco-Santamaria et al., 2013); adverse effects on ovarian 

development in Japanese medaka (Oryzias latipes) (Flynn et al., 2013); impairment of female 

sexual behaviour in sand gobies (Pomatoschistus minutus) (Saaristo et al., 2009); elongation 

of anal fin and reduction in the hepatic expression of VTG mRNA mosquitofish (Gambusia 

holbrooki) (Brockmeier et al., 2013). 

1.2.4  Reproductive effects of anti-androgens in fish 

Anti-androgens antagonise the effects of physiological androgens by inhibiting AR-

mediated gene expression. Recent studies in UK concluded that the feminisation of fish 

downstream of WWTPs has a “multicausal etiology” and is apparently the result of not only 

the estrogens but also of the anti-androgens (Jobling et al., 2009c). On similar lines, another 

recent study proposed that a mixture of polyaromatic hydrocarbons and phthalates with anti-

androgenic properties shielded the effect of androgens in the European rivers (Weiss et al., 

2009). Anti-androgenicity of flutamide, vinclozolin and linuron have been demonstrated in 

vivo in three-spined sticklebacks (Gasterosteus aculetaus) (Katsiadaki Ioanna et al., 2007), 

medaka (Kiparissis et al., 2003; Makynen et al., 2000a) and guppies (Poecilia reticulata) 

(Baatrup and Jung 2001; Bayley et al., 2002). At concentrations > 500 µg/L, flutamide 
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induced VTG and E2 in male fathead minnow (Jenkins et al., 2004). A persistent metabolite 

of dichlorodiphenyltrichloroethane (DDT), dichlorodiphenyldichloroethylene (p,p’-DDE) has 

been shown to inhibit the gonopodium development and suppress sperm count in guppies 

(Bayley et al., 2002). Expousre of zebrafish (Danio rerio) and euryhaline flounder 

(Platichthys flesus) to pentabromodiphenylether (DE-71) increased the expression of gonadal 

aromatse (Kuiper et al., 2008). It was recently observed that AR antagonist cyproterone 

acetate inhibited the appearance of secondary sexual characters like the nuptial tubercles in 

fathead minnows (Ankley et al., 2010). A dose of 1 mg/fish of cyproterone acetate to catfish 

(Clarias batrachus) inhibited spermatogenesis, regressed the seminal vesicles and reduced 

the testosterone levels in plasma (Singh and Joy 1998). Exposure of 1 week old medaka 

larvae to flutamide induced ova-testis and disrupted spermatogenesis in males (Leon et al., 

2007). The presence of estrogens and anti-androgens was recently detected in 30 UK rivers 

(Jobling et al., 2009b). Supporting it was the detection of anti-androgenic compounds in the 

bile of fish exposed to the WWTP effluents in UK (Hill et al., 2010). 

Although in vitro studies have detected anti-androgenic activity in aquatic 

environment world-wide, the presence and fate of anti-androgenic chemicals in the Australian 

riverine environment has not been evaluated. Currently, we have limited understanding of the 

impacts of anti-androgens on the aquatic wildlife in Australia. International studies have 

shown significant impacts of anti-androgens on reproduction in fathead minnows, zebrafish 

and stickleback. It is, therefore, crucial that an understanding of the effects of anti-androgens 

is gained in Australian fish species. Since in vitro studies have demonstrated that anti-

androgens can cause phenotypic feminisation, it is important to investigate their effects in 

robust laboratory experiments. In the following sections, the effects of the “pure” anti-

androgen, flutamide and the emerging industrial contaminant, di-n-butyl phthalate with 
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potential anti-androgenicity on the biomarkers of reproduction in mammals and overseas fish 

species are discussed. 

 

1.3      Flutamide 

1.3.1         Flutamide – nature and uses  

 Prostate cancer accounts for up to 29% of the cancer cases and is the leading cause of 

cancer-related deaths in the USA (Siegel et al., 2011). It is the second most common form of 

cancer, after lung cancer, in Australia. It is predicted that the number of men diagnosed with 

prostate cancer could increase to 267,000 by 2017 in Australia (www.prostate.org.au). The 

ARs play important roles in the progression of prostate cancer in males. Upon binding to the 

androgens, the ARs undergo conformational change and bind to and activate the androgen-

responsive genes. Thus, castrations due to prostate cancer can be prevented by using hormone 

therapy. Hormone therapy aims to either reduce androgen availability or block ARs. 

However, prostate cancer can develop via ARs even after androgen suppression (Feldman 

and Feldman 2001). Consequently, blocking the ARs is a key to control the progression of 

prostate cancer. Steroidal (cyperoterone acetate, cyperoterone, oxendolone and 

spironolactone) chemicals and non-steroidal (flutamide, enzalutamide, bicalutamide, 

nilutamide and cyanolutamide) chemicals have been synthesised to block the binding of 

androgens to ARs. The steroidal anti-androgens have lower affinity relative to the non-

steroidal ones to bind to the ARs. In addition, the lack of tissue specificity and the potential 

side-effects due to cross-reactivity with other receptors (like cyperoterone acetate suppresses 

gonadotropin production and spironolactone is mineralocorticoid receptor antagonist) makes 

the steroidal anti-androgens less suited for use as AR antagonists. The “pure antiandrogen” 

flutamide (2-methyl-N-[4-nitro-3-(tri-fluoromethyl) phenyl]propanamide) was the first non-
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steroidal anti-androgen synthesised and has been demonstrated to reduce mortality from 

advanced prostate cancer effectively (Delaere and Vanthillo 1991; Labrie et al., 1995). 

Flutamide has been demonstrated to compete with testosterone to bind to ARs (Ankley et al., 

2004; Simard et al., 1986). Inside the body, flutamide is rapidly absorbed in the gastro-

intestinal tract and undergoes metabolism into 2-hydroxyflutamide and hydrolysis product 3-

trifluoromethyl-4-nitroaniline. 2-hydroxyflutamide has a higher affinity than flutamide to 

bind to the ARs (Wakeling et al., 1981). 3-trifluoromethyl-4-nitroaniline has been related to 

the flutamide-induced hepatotoxicity (Fau et al., 1994). Table 2 depicts the chemical names 

and structures of the common non-steroidal anti-androgens. 
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Table 2: Chemical structures of some of the commonly used non-steroidal anti-androgens  

Anti-androgen Chemical name Chemical structure 

Flutamide 2-methyl-N-[4-nitro-3-

(trifluoromethyl)phenyl]-

propanamide 
 

2-Hydroxy 

flutamide 

2-Hydroxy-2-methyl-N-[4-nitro-

3-(trifluoromethyl)phenyl]-

propanamide 

 

Bicalutamide N-[4-cyano-3-

(trifluoromethyl)phenyl]-3-[(4-

fluorophenyl)sulfonyl]-2-

hydroxy-2-methylpropanamide 
 

   

   

   

Nilutamide 5,5-dimethyl-3-[4-nitro-3-

(trifluoromethyl)phenyl] 

imidazolidine-2,4-dione 

 

 

1.3.2  Reproductive effects of flutamide 

1.3.2.1  Mammalian studies 

 Due to the strong anti-androgenicity and potentially no cross-reactivity with other 

receptors, flutamide is used in toxicity testing in mammals. Several mammalian studies have 

reported demasculinisation in males after exposure to flutamide. The anti-androgenic effects 

included reduction in sperm counts and motility, penile length, circulating levels of 

testosterone, ano-genital distance and the Sertoli cell numbers. 
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Flutamide administration during critical stages of development can interfere with the 

androgen-regulated processes and cause irreversible changes in mammals (Mikkila et al., 

2006). In utero exposure to up to 30 mg/kg body weight (BW) flutamide for 5 days resulted 

in the development of vaginal pouches in male pups (Goto et al., 2004). Interestingly, 

feminisation of external genitalia and cryptorchidism were observed after in utero exposure 

to flutamide. However, these reproductive effects were not apparent when rats were 

administered flutamide in postnatal period (Kassim et al., 1997). The reproductive behaviour 

(like mounting a female) was not affected upon flutamide administration during neonatal 

period. However, prenatal exposure continued till neonatal phase lowered adult mounting 

behaviour (Brand and Slob 1991). 

Impairments in sperm development and motility after in utero or neonatal exposures 

to flutamide have been well-documented (Perobelli et al., 2012; Vo et al., 2009a). It has been 

suggested that reduction in the levels of testosterone in epididymis as well as the reduced 

action of androgens result in accelerated sperm transit. This causes reductions in sperm 

motility and fertilising potential (Perobelli et al., 2012). Reduction in the number of sperms in 

epididymis have also been reported after an embryonic exposure to flutamide (Anway et al., 

2008). Treatment with flutamide can cause a decrease in the expression of facilitative glucose 

transporter (GLUT-5) protein in spermatozoa. This protein is essential for storage of sperms 

in female genital tract (Roy and Krishna 2013). Flutamide inhibited sperm maturation in 

pubertal pigs (Maschio et al., 2010). Disruption of cell-to-cell contacts have been reported in 

foetal gonads in pigs (Hejmej et al., 2012; Knapczyk-Stwora et al., 2013; Kopera et al., 2011; 

Kopera et al., 2010). 
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Decrease in testosterone concentrations accompanied by increase expression of 

aromatase mRNA have been reported in pigs after administration of flutamide (Kotula-Balak 

et al., 2012). Ultrastructural evidence suggests that flutamide can cause an increase in the 

frequency of organelles involved in steroid hormone synthesis in the Leydig cells (Maschio et 

al., 2010). On similar lines, a 41% reduction in testosterone concentrations in rats after 

administration of 25 mg/kg BW flutamide for 2 weeks has been attributed to the changes in 

the Leydig cells (Perobelli et al., 2012). Leydig cell hyperplasia/hypertrophy has been 

reported in rats after in utero, perinatal or adult exposure to flutamide (Mikkila et al., 2006; 

Mylchreest et al., 1999). It has been suggested that flutamide exposure during neonatal period 

has a long-term effect on the Leydig cell development leading to androgen-estrogen 

imbalance (Kotula-Balak et al., 2012). In utero exposure  to flutamide has been demonstrated 

to downregulate the expression of the mRNA for connexin-43 (gap junction protein) in pre-

antral follicles in female pig (Durlej et al., 2012) (Table 3). 
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Table 3: Some of the past literature on the effects of flutamide on the biomarkers of reproduction in mammals   

Animal Route Dose
a
 Effects References 

Pig GD90 (for 7 d) 

GD108 

50 Delayed folliculogenesis, decline in E-cadherin expression crucial for follicular 

development, increase in the expression levels of TNFα mRNA consistent with 

increased apoptosis  

(Moody et al., 2013) 

GD90 (for 7d) 50 Decrease in gap junction-associated connexion and adheren junction-associated 

beta-catenin in fetal gonads leading to disrupted testiculat functions and impaired 

follicle formation 

(Knapczyk-Stwora et al., 2013) 

GD20-GD28 50 Increase in Leydig cell size, reduction in testosterone, increase in aromatase 

mRNA expression,  

(Kotula-Balak et al., 2012) 

GD20, GD80 IP 50 Decrease in expression of ZO-1, N-cadherin and beta-catenin (Hejmej et al., 2012) 

PND2 50 Spermatogenic arrest, germ cell detachment, germ cell epoptosis, , Leydig cell 

hyperplasia,  

(Kopera et al., 2011) 

30d old for 10 days 10 Spermatogonial maturation and differentiation, detachment of primary 

spermatocytes, increased volume of Leydig cells, accumulation of myelin bodies 

in Leydig and Sertoli cells 

(Maschio et al., 2010) 

GD-20-28, GD80-88  Reduction in Sertoli cell number, multinucleated germ cells, delayed 

folliculogenesis, decreased expression of Cx43 in gonads 

(Kopera et al., 2010) 

Rat Oral  for 8 wk 20 Increase in serum levels of gonadotropins and androgens (Chandolia et al., 1991) 

GD19 

GD22 

PND 1-5 

15 Reduction in testes and prostate weights, percentage of normal sperms, sperm 

concentration and testosterone level in male offspring 

Implantation losses and reduced offspring size from mating of normal females 

with treated males 

(Leonelli et al., 2011) 

GD13.5 – GD21.5 

PND 1-15 

 

100 Inhibition of penis growth, increase in AGD  (van den Driesche et al., 2011) 

PND21-35 1-50 Hyperplasia of Leydig cells, decrease in the expression of the genes for StAR, 

Cyp11A1, HSDβ3,  

(Vo et al., 2009b) 

GD11-21 1-50 Increase in testosterone and LH levels, reduction in seminiferous tubules  (Vo et al., 2009a) 

Bat Adult 7d 100  Dose-dependent decrease in the expression of GLUT-5 protein in testes (Roy and Krishna 2013) 

a
Represents dose at mg flutamide per kg body weight; GD: Gestation day; IP: Intraperitoneal; PND: Post-natal day 
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1.3.2 Fish studies 

Some research in aquatic toxicology has focussed on the elucidation of the effects of 

anti-androgens in fish. However, most anti-androgens are not “pure” and tend to bind the ERs 

at certain concentrations. Fungicide and mammalian anti-androgen, vinclozolin and its 

metabolites 2-[(3,5-dichlorophenyl)-carbamoyl]oxy-2-methyl-3-butenoic acid (M1) and 3′,5′-

dichloro-2-hydroxy-2-methylbut-3-enanilide (M2) failed to bind to the ARs in the brain and 

ovary in fathead minnows, suggesting that these chemicals might not be anti-androgenic in 

fish (Makynen et al., 2000b). Another category of mammalian anti-androgens, phthalates 

bind to the ERs at higher concentrations (Asai et al., 2000). The complete role of AR in fish 

is not well researched (Borg, 1994). Hence, the effects of anti-androgens in reproductively 

active fish remain elusive. There is a need to establish the effects and possible modes of 

action (MoA) of anti-androgens in fish using strong AR antagonist like flutamide. Some 

overseas studies have investigated the effects of flutamide in fathead minnow and three-

spined stickleback. The results from these studies are in corroboration with the anti-

androgenic effects of flutamide observed in rats. Although flutamide has not been detected in 

the aquatic environment worldwide, it could be an emerging contaminant in future due to the 

vast usage of this pharmaceutical. In addition, the detection of anti-androgenic activity of 100 

– 1000 flutamide equivalents per litre (FEQ/L) in aquatic environment makes flutamide an

ideal anti-androgen for toxicity testing in fish laboratory studies. 

Exposure of sexually mature fathead minnows to nominal concentration (651 µg/L) 

flutamide for 21 days resulted in reductions in embryo hatch and fecundity (Jensen et al., 

2004). In addition, the ovaries of the flutamide-treated fish contained higher proportion of 

atretic oocytes and testes developed necrosis. Induction of E2 and VTG was measured in 

plasma of the flutamide-exposed males (Jensen et al., 2004). Flutamide has been reported to 
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effectively block the 17β-trenbolone-induced nuptial tubercle development in female fathead 

minnow (Ankley et al., 2004). Trenbolone is a strong AR agonist chemical. This in vivo study 

confirmed that the anti-androgenic actions of flutamide are mediated via ARs. In another 

study, male stickleback administered 100 – 1000 µg/L flutamide for 21 days was 

demasculinised. It produced significantly lower amount of spiggin, built fewer nests and 

showed reduction in the frequency of the zig-zag movements (sexual courtship behaviour) 

towards the females (Sebire et al., 2008). In one study, Japanese medaka was exposed to 125 

- 1000 µg/L flutamide for a short duration (juvenile for 28 days and adults for 21 days). It 

was noted that exposure during early life-stage severely delayed the papillary-process 

development, while no significant effect was observed in adult fish (Nakamura et al., 2013). 

The development of papillary processes in medaka is regulated by androgens. This study is 

another example of the anti-androgenic effects of flutamide on the development of secondary 

sexual features in fish (Table 4). 

 

 Flutamide has been demonstrated to produce feminising effects like induction of VTG 

in males. It has been suggested that flutamide competes with androgens to bind to the ARs. 

This displaces testosterone from ARs. Testosterone levels can increase in the plasma leading 

to its conversion to E2. E2 rapidly binds to the ERs and initiates the cascade of events 

resulting in feminisation (like VTG production). It has also been demonstrated that exposure 

to 320 µg/L flutamide or 10 ng/L EE2 feminises the male fathead minnows. However, the 

gene profile of the exposed fish suggest different MoAs of the two chemicals. For instance, 

EE2 up-regulated the gene expression of ERα and flutamide of ERβ and ERγ in males. 

Flutamide up-regulated the expression of the genes involved in androgen biosynthesis while 

EE2 down-regulated these genes (Filby et al., 2007). It is, therefore, of interest to study the 

effects of flutamide in combination with estrogens. 
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Table 4: Endocrine and reproductive effects of exposure to flutamide in fish from past research  

Fish Stage Sex Concentration Route Time Effects References 

Medaka  

(Oryzias latipes) 

Embryo Male 320 µg/L Water 96 h followed 

by 90 d post 

exposure 

induction of testis ova (Leon et al., 2007) 

Adult Male 101 – 1560 

µg/L 

Water 21 d induction of intersex gonads 

reduced fecundity and fertility 

(Kang et al., 2006) 

Guppy  

(Poecilia 
reticulata) 

Adult Male 0.1 – 100 µg/g Food 30 d reduction in ejaculated sperms, smaller 

testes, disruption in male courtship 

behaviour 

(Baatrup and Jung 

2001) 

Juvenile Male 0.1 – 100 µg/g Food Until sexual 

maturity 

inhibited growth 

disruption in male sexual behaviour, 

reduced gonopodium 

(Bayley et al., 2002) 

Adult Male 1 – 100 µg/mg  Food 30 d Decrease in the number of spermatogenic 

cysts 

(Kinnberg and Toft 

2003) 

Three-spined 

stickleback 

(Gasterosteus 
aculeatus) 

Quiescent 

adult 

Male 100 – 1000 

µg/L 

Water 21 d low spiggin level, decrease in the number 

of nests built, disruption of courtship 

behaviour 

(Sebire et al., 2008) 

UD (Wild 

fish) 

Male 250 µg/L Water 21 d Inhibition of 17α-methyltestosterone (100 

ng/L)  induced spiggin production 

(Katsiadaki et al., 

2006) 

NM Female 250 µg/L Water 21 d Inhibition of DHT-induced spiggin 

production 

(Pottinger et al., 

2013) 
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Fish Stage Sex Concentration Route Time Effects References 

Fathead minnow 

(Pimephales 
promelas) 

Adult Male 50 – 500 µg/L Water 21 d reduced fecundity, low embryo hatch, 

decrease in mature oocytes, increased 

oocyte atresia in progeny 

(Jensen et al., 2004) 

Females elevated 17β-estradiol, increased 

vitellogenin 

Females 400 µg/L Water 14 d Blocking of 17β-trenbolone induced 

nuptial tubercle production. 

(Ankley et al., 2004) 

50 dph 

Juvenile 

ND 33 µg/L Water 50 d Reduction in transcription factors 

involved in testicular development 

(dmrt1, sox9a, wt1, Ad4BP/SF-1), 
testicular differentiation (nr2c1), steroid 

hormone synthesis (StAR, 11β-hsd2, 17β-
hsd12, P450c17) 

(Rajakumar et al., 

2012) 

Adult Females 100 µg/L Water 7 d Increase in brain aromatase activity (Andersen et al., 

2003) 

Adult Females 700 µg/L Water 14 d Decrease in E2, oocyte atresia 

Asian catfish  

(Clarias batrachus) 

Males Water Decrease in T and 11-KT (Bottero et al., 2005) 

Zebrafish 

(Danio rerio) 

Juvenile 2 yo 1250 mg/kg 

BW 

Food 2 wk Decrease in E2, VTG, P450 content (Shilling and 

William 2000) 

Dmrt1: doublesex/mab-3 related transcription factor; Sox9a: sex determining region Y-box 9; wt1: Wilms tumor 1; Ad4BP/SF-1: 

adrenal 4 binding protein/steroidogenic factor 1; Nrc1: HR-associated Cell death 1; StAR: Steroid acute regulatory protein; 11β-hsd2: 

11β-hydroxysteroid dehydrogenase 2; 17β-hsd12: 17β-hydroxysteroid dehydrogenase 12; P450c17: Cytochrome P450, family 17, 

subfamily A, polypeptide 1; UD: Undifferentiated; NM: Not mentioned; dph: days before hatch; BW: Body weight 
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1.4.  Phthalic acid esters 

1.4.1   Phthalic acid esters – nature, uses and prevalence 

 After the detection of anti-androgenic activities in the aquatic environment 

worldwide, there has been an increasing concern to identify the anti-androgens in freshwater 

and elucidate their potential effects and MoAs in fish. This has shifted the focus of 

environmental scientists from estrogens to anti-androgens. One of the classes of emerging 

anti-androgenic contaminants is phthalic acid esters (PAEs) or phthalates. Phthalates are an 

important class of industrial chemicals, commonly known as plasticisers in media. Phthalates 

were first synthesised in the early 20
th

 century and have since been used widely in the 

production of printed inks, cosmetics, gloves, toys, pesticides etc. They are mixed with 

polyvinyl chloride to provide flexibility to the plastics by lowering their glass transition 

temperature (Graham, 1973). Since phthalates are not chemically bound to the plastics, they 

leach out over time (Autian, 1973). 

 

 Chemically, phthalates are alkyl or aryl esters of 1,2-benzene dicarboxylic acid and 

are commercially manufactured by condensation of alcohols with phthalic anhydride. The 

structure of phthalates consists of a benzene ring with two carboxyl groups attached at the 

ortho position. In addition, there are linear or branched alkyl chains ranging from 1 to 10 

carbon atoms (Table 5). The lengths of their chains impart varying physical and chemical 

properties and hence, uses and biological effects to the phthalates. Phthalates with up to four 

carbon atoms are used in pharmaceuticals and non-vinyl commercial products, while C8 to 

C10 PAEs are used as additives to impart flexibility to the plastics. Water solubility of PAEs 

decreases with increase in the carbon content of the side chains and determines its 

bioaccumulation potential, aquatic availability and biodegradation (Staples et al., 1997a). For 

example, two of the most common phthalates, diethylhexyl phthalate (DEHP) and di-n-butyl 
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phthalate (DnBP) have molecular weights of 390.6 and 278.4 g/mol, respectively. Their water 

solubilities are 2.5 µg/L and 9900 µg/L respectively. Vapour pressure determines the release 

PAEs and their metabolites into the atmosphere. Some of the physical properties of the PAEs 

are listed in Table 6. 

Table 5: Chemical structures of phthalic acid and the two most common environmental 

pollutants, di-butyl phthalate and diethylhexyl phthalate 

Common name Chemical name Chemical formula 

Phthalic acid Benzene-1,2-dicarboxylic 

acid 

DBP 1,2-Benzenedicarboxylic 

acid dibutyl ester 

DEHP Phthalic acid bis(2-

ethylhexyl ester) 
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Table 6: Physical properties of various types of phthalates. 

Phthalate acid ester Acronym CAS MW 

(g/mol) 

Water 

solubility 

(µg/L) 

Vapour 

pressure (Pa) 

Dimethyl phthalate DMP 13-11-3 194.2 5,220,000 0.263 

Diethyl phthalate DEP 84-66-2 222.4 591,000 0.0648 

Diallyl phthalate DAP 131-17-9 246.3 156,000 0.0271 

Dipropyl phthalate DPrP 131-16-8 250.3 77,000 0.0175 

Dibutyl phthalate DBP 84-74-2 278.4 9,900 0.00473 

Butylbenzyl phthalate BBP 85-68-7 312.4 3,800 0.00249 

Diphenyl phthalate DPhP 84-62-8 318.3 3,093* 0.00000136* 

Dicyclohexyl phthalate DCHP 84-61-7 330.4 4,000* 0.00000087* 

Di-n-hexyl phthalate DnHP 84-75-3 334.5 159 0.000345 

Di-2-ethylhexyl phthalate DEHP 117-81-7 390.6 2.5 0.0000252 

Dioctyl phthalate DOP 117-84-0 390.6 2.5 0.0000252 

Diisononyl phthalate DiNP 28553-12-0 418.6 0.31 0.00000681 

Diisodecyl phthalate DiDP 26761-40-0 446.7 0.038 0.00000184 

Monomethyl phthalate MMP 4376-18-5 180.2 5,958,000* 0.0318* 

Monoethyl phthalate MEP 2306-33-4 194.2 1,212,000* 0.0098* 

Mono-n-butyl phthalate MnBP 131-70-4 222.2 893,000 0.00516* 

Monobenzyl phthalate MBzP 2528-16-7 256.3 51,700 0.0000546* 

Mono-iso-butyl phthalate MiBP 30833-53-5 222.2 977,000 0.0031* 

Mono-2-ethylhexyl phthalate MEHP 4376-20-9 278.4 111,000 0.000109* 

Mono-C6/8/10 phthalate MC6/8/10P   131,000  

Mono-iso-nonyl phthalate MiNP 59056-28-1 292.4 56,000 0.0000464* 

Mono-C8/10 phthalate MC8/10P   46,000  

Monodecyl phthalate MDP 24539-60-4 306.4 130* 0.0000131* 

*Represents estimated figures. 

Data from (Cousins et al., 2003) and (Staples et al., 2011). 

 

 Industrial chemicals like phthalates have a high incidence of entering the aquatic 

environment due to their widespread production, incorrect disposal or accidental spillage 

during the manufacture or industrial processing and also due to leaching from the consumer 

products (Leblanc, 1980). Industrial wastewater in Netherlands has been reported to contain 

up to 150 µg/L DEHP and 21 µg/L DnBP (Vethaak et al., 2005). Up to 1.5 mg/L diethyl 

phthalate (DEP) has been detected in the influents of WWTPs in South Africa (Olujimi et al., 

2012). The EDCs are not removed fully from the waters in the WWTPs. For instance, 

WWTPs in China were reported to remove 18 – 46% of E1, EE2 and bisphenol A (BPA) 

from the influents (Qing et al., 2013). Phthalates have been detected in the STP effluents and 
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suspended particulate matter in the UK (Fatoki and Vernon., 1990), Germany (Fromme et al., 

2002) and Netherland (Vethaak et al., 2005). During the last decade, reclaimed water from 

China was found to contain 1.8 µg/L DEHP (Huang et al., 1999). Effluents from the WWTPs 

or STPs are the major contributors of these congeners in the freshwater ecosystems (Olujimi 

et al., 2012). High concentrations of PAEs have been detected in the freshwaters in Nigeria 

(1.5 mg/L DBP) (Fatoki et al., 1993), China (6 µg/L DEHP) (Shi et al., 2012), Malaysia (64.3 

µg/L DEHP) (Tan 1995) and Netherlands (5 µg/L DEHP) (Vethaak et al., 2005). 

Concentration of DBP up to 33.5 µg/L DBP were found in the freshwaters in UK in 1984 

(Fatoki and Vernon 1990). Less than two decades later, 75.6 µg/L DBP was detected (Fatoki 

and Noma 2001), suggesting increasing pollution of freshwaters by PAEs. Table 7 lists the 

levels of phthalates detected in the aquatic environment worldwide.  
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Table 7: Reported concentrations of various phthalates in aquatic environment worldwide 

Source Place Year PAE Levels Reference 

Influent The Netherlands 

Australia 

1999 

2007 

DMP 390 – 6200 ng/L (Vethaak et al., 2005) 

(Tan et al., 2007) 

DEP 4.1 – 44, 000 ng/L 

DBP < 0.38 – 51 µg/L 

DPP < 1 – 6, 700 ng/L 

BBP 560 – 4, 900 ng/L 

DMPP 1.9 – 15, 000 ng/L 

DCHP < 11 – 210 ng/L 

DEHP < 13 – 100 µg/L 

DOP 

DEP 

DBP 

BBP 

DEHP 

260 – 2400 ng/L 

1080 ng/L 

201 ng/L 

134 ng/L 

716 ng/L 

STP effluent The Netherlands 1999 DMP < 3 – 320 ng/L (Vethaak et al., 2005) 

DEP < 300 – 930 ng/L 

DBP < 420 – 840 ng/L 

DPP < 1 – 22 ng/L 

BBP < 70 – 290 ng/L 

China 2003 DBP < LOD – 8.1 ng/L (Wang et al., 2005) 

DEHP 1 – 23.8 µg/L 

DiBP < LOD – 14.9 ng/L 

USA 

Australia 

2001 

2007 

DMP 2.36 µg/L (Loraine et al., 2006) 

(Tan et al., 2007) 

DEP 2.10 µg/L 

DBP 3.71 µg/L 

BBP 0.651 µg/L 

DEHP 

DEP 

DBP 

BBP 

DEHP 

4.49 – 20.7 µg/L 

4.9 ng/L 

34.3 ng/L 

75.7 ng/L 

589 ng/L 

Industrial effluent The Netherlands 1999 DMPP < 1 – 20 µg/L 

(Vethaak et al., 2005) DCHP < 2 – 20 ng/L 

DEHP < 470 – 2400 ng/L 

DOP < 2 – 19 ng/L 

DMP < 2 – 1300 ng/L 

DEP < 350 – 5200 ng/L 

DBP < 0.69 – 210 µg/L 

DPP < 4 – 460 ng/L 

BBP < 170 – 1300 ng/L 
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Source Place Year PAE Levels Reference 

Rainwater The Netherlands 1999 DMPP < 0.73 – 400 µg/L (Vethaak et al., 2005) 

DCHP < 5 – 160, 000 ng/L 

DEHP 1 – 1500 µg/L 

DOP 12 – 2800 ng/L 

DMP 8 – 18 ng/L 

DEP 240 – 430 ng/L 

DBP 280 – 880 ng/L 

DPP < 50 ng/L 

BBP 140 – 260 ng/L 

Freshwater The Netherlands 1999 DMPP 380 – 530 ng/L (Vethaak et al., 2005) 

DCHP < 8 ng/L 

DEHP 690 – 1700 ng/L 

DOP 38 – 250 ng/L 

DMP < 4.5 – 190 ng/L 

DEP < 70 – 2300 ng/L 

DBP < 66 – 3100 ng/L 

DPP < 1.9 – 8 ng/L 

BBP < 10 – 1800 ng/L 

UK 1984 DMPP 50 – 2400 ng/L (Fatoki and Vernon 

1990) DCHP < 3 – 60 ng/L 

DEHP < 900 – 5000 ng/L 

DOP < 2 – 78 ng/L 

DBP 21.5 µg/L 

Nigeria 1990 DBP < LOD – 1472 mg/L (Fatoki et al., 1993) 

DEP < LOD – 538 mg/L 

DMP < LOD – 462 mg/L 

2002 DMP < LOD – 21.03 mg/L (Ogunfowokan et al., 

2006) DEP < LOD – 6.55 mg/L 

DPP < LOD – 30.26 mg/L 

DBP < LOD – 53.81 mg/L 

DEHP 17.82 – 80.53 mg/L 

DOP < LOD 

DiNP < LOD 

Malaysia 1992 DBP 0.8 – 3.2 µg/L (Tan 1995) 

DEHP 3.1 – 64.3 µg/L 

South Africa NM DMP < LOD – 350 µg/L (Fatoki and Noma, 

2002) DEP < LOD – 398.3 µg/L 

DBP < LOD – 102.8 µg/L 

DEHP 2.1 – 2306.8 µg/L 

Spain 2001 DBP < LOD – 2.36 µg/L 

DEP < LOD – 16.2 µg/L 

France 2005 DEP 71 – 181 ng/L (Dargnat et al., 2009) 

DBP 67 – 181 ng/L 

DEHP 160 – 970 ng/L 
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DBP: Dibutyl phthalate, DEHP: Diethyl hexyl phthalate; DEP: Diethyl phthalate; DOP: 

Diocytl phthalate; DiNP: Di-iso-nonyl phthalate; DOP: Dioctyl phthalate; DMP: Dimethyl 

phthalate; DCHP: Dicyclohexyl phthalate; BBP: Butyl benzyl phthalate; DPP: Dipropyl 

phthalate; DMP: Dimethyl phthalate 

Once in the environment, phthalates are rapidly adsorbed on the surface of sediments. 

This, combined with their low water solubility and quick biodegradation into phthalic acid 

and alcohol, and subsequently to carbon dioxide and water (Blount et al., 2000; Perez et al., 

1976; Scholz, 2003; Staples et al., 1997a), limits their availability to the aquatic organisms 

(Staples et al., 1997b). However, their ubiquitous usage and subsequent continual release into 

the rivers pose a threat to the reproductive health and sexual behaviour of aquatic wildlife. 

Phthalates can enter the fish body via water through gill respiration, skin, ingestion of 

suspended particles and consumption of other organisms containing phthalate residues 

(Barnhoorn et al., 2004). Phthalates were detected in the muscle of bream (Abramis brama) 

(1.5 µg/g w/w DEHP) and flounder (Platichthys flesus) (0.144 µg/g w/w DEHP) in the 

freshwaters of the Netherlands (Vethaak et al., 2005). The bioaccumulation of phthalates has 

been confirmed in the laboratory environment as well. DEP residues have been known to 

bioaccumulate in gills, muscle, liver, brain and testis of carp (Cyprinus carpio) after 28 days 

of exposure to 20 µg/L (Barse et al., 2007). Phthalates can easily pass into the blood stream 

from the skin and gills due to their lipophilic nature. 

1.4.2 Reproductive effects of phthalic acid esters 

Human exposure to phthalates is generally through the consumer products like 

cosmetics, pharmaceuticals, medical devices, food packaging, cleaning materials etc 

(Schettler, 2006). The detection of phthalates or their metabolites in the urine has been used 
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as an indication of phthalate exposure to humans (Frederiksen et al., 2011; Koch et al., 2003). 

Methyl hexyl phthalate (MEHP), the metabolite of DEHP and the oxidative metabolites of 

MEHP, mono-(2-ethyl-5-oxohexyl) phthalate (MEOHP) and mono-(2-ethyl-5-hydroxyhexyl) 

phthalate (MEHHP) have been detected in the urine of humans in the US (Barr et al., 2003). 

In another study, MEHP (2.7 µg/L), monobutyl phthalate (MBP) (21.2 µg/L), monobenzyl 

phthalate (MBzP) (41 µg/L) and monoethyl phthalate (MEP) (305 µg/L) were detected in 

human urine in the US (Blount et al., 2000). Up to 1.4 mg/L DEHP was detected in Finnish 

human breast milk and the same study directly related these values to impairments in Leydig 

cell development (Main et al., 2006). The urine of men working with polyvinyl chloride was 

found to contain 100 times higher levels of MEHP than that of the unexposed men (Pan et al., 

2006). Increasing risk of testicular dysgenesis syndrome (including cryptorchidism, 

hypospadias, testicular cancer and reduction in sperm quality) in men is being linked to the 

exposure to phthalates (Hu et al., 2009). This has necessitated a thorough investigation of the 

reproductive effects of phthalates using rat as the vertebrate model.  

 

1.4.2.1 Mammalian studies 

 It has now been established that exposure to phthalates during critical phases, 

gestational day (GD) 12 – GD21, can cause severe and irreversible impairments to the 

reproductive development and sexual behaviour in mammals (Table 8). For example, in a 

multigenerational study, sexually mature male and female rats administered up to 1% DnBP 

in diet for 14 wk did not show significant changes in reproduction. However, the F1 

generation when matured had reduced rates of fertility, mating and pregnancy (Wine et al., 

1997). In utero exposure of rats to phthalates has also been reported to cause cryptorchidism 

(Hu et al., 2009; Imajima et al., 1997; McKinnell et al., 2005) which is comparable to 

testicular dysgenesis syndrome in humans (Fisher et al., 2003). Studies have suggested that 
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this could be due to reduced concentrations of androgens. Insulin like3 (INSL3) is produced 

by the Leydig cells in the testes of mammals and it regulates the descent of the testes. The 

production of insulin like peptide-3 (INSL3) is upregulated by testosterone (Anand-Ivell et 

al., 2009). In vitro studies have reported that MEHP suppressed the action of testosterone on 

INSL3 mRNA in Leydig cells of rats (Lague and Tremblay 2008). Similar results have been 

reported after in vitro culture of foetal testis of rat with 10 µM MEHP (Chauvigne et al., 

2011).  

 

 It has been well documented that administration of phthalates can suppress in vivo 

androgen-regulated molecular and physiological processes, leading to anti-androgenicity in 

males. Recent in vitro studies have confirmed the anti-androgenic potency of phthalates in 

mammals. Rat foetal testis xenografts exposed for 4 days to 500 mg DBP/kg BW/d showed a 

significant reduction in the weight of the seminal vesicles and circulating levels of 

testosterone (Mitchell et al., 2012). Foetal rat testis cultured for 3 days with up to 10 µM 

MEHP resulted in reduced testosterone, 5α-dihydrotestosterone and androstenedione levels 

(Chauvigne et al., 2011). Many mechanisms have been proposed for the reduction in 

androgen levels caused after exposure to phthalates. Phthalates have been reported to 

downregulate the mRNA of the enzymes involved in steroidogenesis like cytochrome P450 

17A1 (CYP17A1), cholesterol side chain cleavage enzyme (P450scc), scavenger receptor 

class B type 1 (SR-B1) and StAR in the Leydig cells in the testes leading to decrease in 

androgen production (Mitchell et al., 2012). Proliferation of the Leydig cells observed after 

treatment with phthalates could be to compensate the reduced androgen-production (Mahood 

et al., 2005). Another study reported an increase in anti-mullerian hormone (AMH) after 

exposure to DnBP in rats (Moody et al., 2013). Downregulation of AMH is critical for the 

maturation of Leydig cells and production of testosterone (Mendis-Handagama and 
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Ariyaratne 2001; Trbovich et al., 2001). In addition, DBP suppressed the expression of the 

activin A by the upregulation of inhibin production (Moody et al., 2013). Activin A has been 

implicated in Sertoli cell proliferation and androgen production.  

 

 Phthalates have also been reported to result in inhibition of germ cell development in 

the testes in mammals. In vivo and in vitro studies have demonstrated that exposures of mice 

to MEHP decreased the expression of occludin in the tight junctions between the Sertoli cells 

and laminin-gamma-3 and beta-1-integrin between the Sertoli cells and germ cells (Yao et al., 

2010).  Exposure to MEHP destroyed the vimentin filaments in the Sertoli cells (Richburg 

and Boekelheide 1996). MEHP has also been reported to increase the levels of FASL, a 

transmembrane protein belonging to tumour necrosis factor (TNF), leading to apoptosis of 

germ cells (Yao et al., 2010). In vitro exposure of 7 – 12 gestational week human foetuses to 

10
-4

 M MEHP for 72 h resulted in a decrease in the proportion of germ cells in the testis 

(Muczynski et al., 2012).  

 

Although most studies on the biological effects of phthalates have been done using 

male members of mammalian species, their potential adverse effects on the female 

reproductive system cannot be overlooked. A few studies have also investigated the effects of 

phthalates on the endocrine function in female rats. In utero exposures of female mice to up 

to 1000 mg MEHP/kg BW/d for two days has been reported to cause anti-estrogenicity as 

evidenced by decreased aromatase expression, reduction in the circulating levels of E2 and 

late onset of sexual maturity (Moyer and Nixon 2012). 96-h exposures to 1 – 100 µg/mL 

DEHP and 0.1 – 10 µg/mL MEHP inhibited the growth of the antral follicles and reduced E2 

production and the expression levels of mRNA of aromatase (Moyer and Nixon 2012). 

Administration of 15 mg/kg BW phthalates from GD 6 to PND 22 resulted in delays in 

32



 

 

vaginal opening (Grande et al., 2007). DEHP has been implicated in reducing the circulating 

levels of E2 (Davis et al., 1994), pre-implantation losses (Davis et al., 1994) and increased 

risk of abortions (Ema et al., 2000).  

 

 Several in vitro studies have demonstrated that phthalates like DBP can bind the 

estrogen receptors and initiate estrogenic responses (Andersen et al., 1999; Harris et al., 

1997; Jobling et al., 1995a; Soto and Sonnenschein 1995; Zacharewski et al., 1998). Not 

much research has focussed on elucidating the estrogenic effects of phthalates. Given the fact 

that phthalates can bind to the ERs in vitro, it is vital to investigate their in vivo interaction 

with the ERs. Since ERα and ERβ play different physiological roles, the effect of phthalates 

on the expression levels of their genes can provide a clear picture of the mechanisms 

underlying the feminising effects. In addition, in vitro yeast assays have reported that BBzP 

can exhibit anti-androgenicity, in addition to estrogenicity (Sohoni and Sumpter 1998). 

Hence, the receptor-based MoA of phthalates remains elusive. Phthalates with 3 – 6 carbon 

atoms have been reported to bind and induce the expression of human ERα and this induction 

was inhibited by the anti-estrogen, tamoxifen (Takeuchi et al., 2005b). However, the 

estrogenic potency of phthalates is very low. Ecological risk analysis has proposed that the 

environmental estrogens have the highest estrogenic activity (10
-1

 to 10
3
 ng-E2/L) followed 

by phenolic compounds (10
-3

 to 10 ng-E2/L) while that of PAEs was negligible (Sun et al., 

2013). DnBP and its metabolite, monobutyl phthalate (MBP) have been reported to exhibit 

AR antagonist activity at lower concentrations (EC50 values of 1.05 x 10
-6

 M and 1.22 x 10
-7 

M, respectively) and AR agonist activity at higher concentrations (EC50 6.17 x 10
-6

 M and 

1.13 x 10
-5

 M, respectively) in an in vitro study using human breast cancer cells (Shen et al., 

2009). It has been hypothesised that at higher concentrations some potent antiandrogens 

induce a receptor conformation able to bind to the ARs, thus, causing AR induction (Wong 
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and Gill 1995). PAEs exhibit agonist or antagonist activities via steroid hormone receptors 

(Takeuchi et al., 2005a) and these activities are regulated by EDC-induced changes in the 

conformation of the receptors, concentration of the EDCs, presence of co-factors in the cells 

and the presence or absence competing natural ligands (Miyamoto et al., 1998; Shen et al., 

2009; Wong and Gill 1995). Dibutyl benzyl phthalate (DBBzP) (1 µM) was demonstrated to 

displace up to 75% of the tritiated E2 from the ERs in rainbow trout (Matthews et al., 2000). 

The binding of DBP to ERα in humans is disrupted by a potent anti-estrogen, tamoxifen, 

thereby, suggesting that PAEs can assert their effects through the ERs (Nakai et al., 1999; 

Takeuchi et al., 2005a). However, early in vitro work reported that the binding of PAEs to the 

ERs did not show parallelism to the binding of E2 to the ERs (Jobling et al., 1995b). This 

indicates that PAEs could have additional mechanisms of action.  
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Table 8: Some past research on the reproductive effects of phthalates in mammals 

Animal Phthalate Route Dose
a

Duration (d) Effects References 

Mice DnBP Oral 500 4 do – 10 do Delayed spermatogenesis, impaired sertoli cell maturation, elevated 

inhibin, decrease in serum testosterone and testicular androgen, 

reduced AGD  

(Moody et 

al., 2013) 

Mice DEHP GST 500 GD7 – GD14 Reduced sperm count and motility in F1 to F4 offspring, disruption in 

testicular germ cell organisation and spermatogonial stem cell function 

in transgenerational manner 

(Doyle et 

al., 2013) 

Rats DnBP GST/

LAC 

500 GD 14.5 – PN D6 Reduced  AGD at PND10, smaller testes at PND 24, high levels of 

INSL3 (foetal hormone) and its mRNA at PND24 (puberty) 

(Ivell et al., 

2013) 

Rats DnBP 

DEHP 

GST 66 

750 

GD 8 – GD 14  Reduction in ovarian and uterine weights in F1 offspring, reduction in 

seminal vesicle and epididymal weights azoospermic and atretic 

seminiferous tubules, apoptotic spermatogenic cells in F3 offspring, 

Epimutations consisting of 197 differential DNA methylation regions 

in gene promoter regions of sperms in F3 offspring  

(Manikkam 

et al., 2013) 

Rats BBP GST 25 GD 14 – GD 21 Metabolites perturbed in brain and testes in male pups and in uterus in 

female pups 

(Banerjee et 

al., 2012) 

Mice MEHP Oral 1000 12 h Detachment of spermatocytes and spermatids, increase in the lumen 

size, decrease in the proportion of spermatids 

(Yao et al., 

2010) 

Rats MEHP GST 1000 GD 17 – GD 19 Delayed oestrous, increase in serum FSH and E2, mammary gland 

hyperplasia, reduction in aromatase, StAR and LHCGR mRNA in F1 

offspring 

(Moyer and 

Nixon 

2012) 
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Animal Phthalate Route Dose
a
 Duration (d) Effects References 

Marmosets DEHP Oral 2500 3 mo – 65 mo Increase in ovarian and uterine weights, enlarged corpus luteum (Tomonari 

et al., 2006) 

Rats DnBP Oral 500 3 mo (3 days 

exposure) 

Increase in proliferation and delay in maturation of Leydig cells, 

increase in the expression of the transcripts for INSL3, LHR, Cyp17a1 

and Cyp11a1 

(Heng et al., 

2012) 

a
Represents mg phthalate per kilogram body weight per day 

GD – Gestational day, EMB – Embryonic, PND – Postnatal day, GST – Gestational, LAC – Lactational, AGD – Anogenital distance, INSL3 – 

Insulin-like 3, do – day old 
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1.4.2.2 Fish studies 

With the widespread detection of phthalates in the aquatic environment worldwide and 

the demonstration of the reproductive effects in mammals and humans by phthalates, it is 

likely that aquatic animals like fish are prone to endocrine disruption by phthalates. Fish can 

absorb EDCs through gills during respiration, dermal exposure and ingestion of food particles 

(Streit, 1998). During gill respiration, the EDCs do not undergo metabolism in the liver and 

are readily transferred to the blood stream and then taken to the target tissues.  

 

 Liver is the main reserve of lipids and a source of energy in non-fatty fish. 

Hepatosomatic index (HSI), a measure of the relative weight of the liver, has often been used 

as a measure of the glycogen-reserve in the body. Exposures to sub-acute concentrations of 

PAEs have been known to cause an increase in HSI. Male zebrafish (Danio rerio) exposed 

for 10 days to a high concentration of DEHP (5000 mg/kg) were found to have higher HSI in 

comparison to the controls (Uren-Webster et al., 2010). Similar findings have been reported 

in carp (Cyprinus carpio) reared for 28 days in water containing 20 mg/L DEP (Barse et al., 

2007).  

 

Histopathological evidence suggests that the peroxisomes in the liver proliferate after 

treatment of fish with PAEs (Ortiz-Zarragoitia et al., 2005; Ortiz-Zarragoitia et al., 2006) 

which could explain the increase in HSI in the PAE-treated fish. Peroxisome proliferation 

also augments the peroxisome proliferator-activated receptors (PPARs), nuclear hormone 

family receptors that bind to and are activated by lipophilic molecules like steroid hormones. 

Recently, in vitro treatment of zebrafish hepatocytes with up to 500 nM DEHP was reported 

to upregulate the transcripts for PPARα, PPARβ and PPARγ in both males as well as females 

(Maradonna et al., 2013). It has been proposed that di-alkyl phthalate esters readily 
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metabolise into their corresponding mono-alkyl esters in vivo (Williams et al., 1975). These 

mono-alkyl ester metabolites bind to and activate PPARs more rapidly than the parent diester 

(Uren-Webster et al., 2010). Supporting this hypothesis is a recent study wherein the MEHP 

was demonstrated to adversely affect PPARα in the liver of goldfish (Carrasius auratus), 

consequently, altering lipid metabolism (Jordan et al., 2012). The activated PPARs then 

undergo heterodimerisation with retinoid X receptor. This nuclear receptor complex then 

binds to the peroxisome proliferator-response elements (PPREs) in the promoter region of the 

target gene to induce hepatic toxicity and modulate biochemical pathways involved in β-

oxidation of fatty acids, amino acid metabolism, glucose homeostasis, hepato-carcinogenesis 

etc and differentiation of adipocytes (Cho et al., 2012; Matsusue et al., 2004; Wong et al., 

2002). Peroxisome proliferation was observed in chick embryos treated with 100 µM DEHP 

for 48 h (Arias, 2012). 

 

In spawning periods, considerable lipid reserves of the body are utilised in the process 

of oocyte maturation and incorporation of VTG, an egg-yolk precursor protein, into the 

oocyte.  Since up to 50% of a molecule of VTG can be composed of phospholipids, 

disruption in lipid metabolism can infer interference in the process of vitellogenesis (Jordan 

et al., 2012). However, Uren-Webster and co-workers did not find any significant change in 

the transcript profiles of PPAR-regulated genes (acyl-coenzyme A oxidase 1 [acox1], 

hydratase/3-hydroxyacyl coenzyme A dehydrogenase [ehhadh] and lipoprotein lipase [lpl]) 

after exposure of zebrafish to DEHP (Uren-Webster et al., 2010), thereby, suggesting more 

mechanisms for phthalate-induced hepatic toxicity in fish.  

 

  A few studies have reported adverse effects of PAEs on the normal process of 

oocyte growth and development. Treatment of juvenile Japanese medaka with 10 µg/L of 
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DEHP for 3 months resulted in the failure of the oocytes to mature (Kim et al., 2002). The 

proportion of the ovulated eggs was significantly reduced in zebrafish (Danio rerio) after 

treatment with up to 40 µg/L DEHP for 3 weeks (Carnevali et al., 2010). An in vitro study 

demonstrated that the zebrafish oocytes treated with DEHP and BBP failed to undergo 

germinal vesicle breakdown (GVBD) (Tokumoto et al., 2005).  

 

 Several mechanisms of the effects of phthalates in oocyte development in fish have 

been suggested. Prostaglandins are a class of signalling molecules known to play important 

roles in the process of oocyte maturation. The reduction in prostaglandin-endoperoxide 

synthase 2 (ptgs2) levels in zebrafish after treatment with 0.2 to 40 µg/L DEHP suggest that 

the adverse effects of PAEs on oocyte development could be through prostaglandins 

(Tokumoto et al., 2005).  

 

The transformation of the oocyte from perinucleolar to the successive stages of 

development is accompanied by the growth of the oocyte and accumulation of cortical 

alveoli. By the late vitellogenic stage, the contents of the cortical alveoli are released in the 

periphery of the oocyte forming an acellular layer, chorion, composed of choriogenin. 

Choriogenin, in turn, is composed of glycoproteins synthesised from hepatic precursor 

proteins – choriogenin-H (ChgH) and choriogenin-L (ChgL) (Sugiyama et al., 1999). Chorion 

prevents polyspermy by forming ɛ-(γ-glutamyl) lysine crosslinks catalysed by transglutamase 

(Ha and Iuchi 1997). Formation of chorion is, thus, vital for the transformation of 

previtellogenic oocytes to vitellogenic stage. Phthalic acid esters have been reported to 

induce the hepatic vtg transcript in the hepatocytes in vivo (Barse et al., 2007; Christiansen et 

al., 2000; Uren-Webster et al., 2010) and in vitro (Maradonna et al., 2013) in fish. Genes for 

the ERs have been implicated in the process of vitellogenesis in largemouth bass 
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(Micropterus salmoides) and rainbow trout (Leaños-Castañeda and van der Klaak 2007; 

Sabo-Attwood et al., 2004). A significant increase in the levels of hepatic chg-L transcript 

was also observed in the fish exposed to 1000 µg/L of DnBP. The transcript and protein for 

choriogenin L – chg-L and Chg-L, respectively are the more sensitive biomarkers of exposure 

to environmental estrogens than VTG and ERs (Arukwe et al., 2000; Celius et al., 2000; 

Fujita et al., 2004). Induction of ChgL transcript and VTG protein after exposure to DnBP 

indicate an estrogenic mode of action of PAEs in male fish.  

 

Adverse effects after administration of phthalates have also been reported in the testes 

of mammals and fish. Administration of 100 mg/kg DBP during critical phases of 

development resulted in the induction of ERα and ERβ levels in the testes along with Leydig 

cell hyperplasia after 9 weeks of post-natal development (Wakui et al., 2013). Zebrafish 

treated with 500 mg/kg DEHP for 10 days showed a reduction in the proportion of 

spermatocytes (Uren-Webster et al., 2010). Atlantic salmon (Salmo salar) fed a diet 

containing up to1500 mg/kg DEHP for 4 weeks immediately after the yolk-sac absorption 

were found to contain 3% intersex condition in the later stages of the life-cycle (Norman et 

al., 2006), thereby, suggesting that exposure to PAEs during sensitive or critical periods of 

the life-cycle can induce gonadal abnormalities. Treatment of medaka with up to 10 µg/L 

DEHP for 2 - 3 weeks post-hatch caused adverse effects on the process of their natural 

maturation (Chikae et al., 2004b; Shioda and Wakabayashi 2000). Exposure of fathead 

minnows to nominal concentration 100 µg/L BBP did not affect fecundity. However, the 

spawning frequency was reduced (Harries et al., 2000). A recent study investigated the effect 

of exposure to up to 2 g/kg DnBP on sexual differentiation in European pikeperch (Sander 

lucioperca). Testicular development was delayed with increased frequency of intersex 

condition (Jarmolowicz et al., 2013). 
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Attempts have also been made to assess the hormone concentrations in fish after 

phthalate treatment. In one study, carp treated with high concentrations (up to 20.5 mg/L) 

DEHP for 48 h had high circulating levels of testosterone and low levels of E2 (Han et al., 

2009). Incubation of testicular microsomes with 100 µM DBP and tritiated androstenedione 

resulted in 41% decline in the production of DHT. Incubation of ovarian microsomes with 1 

mM DBP led to an increase in the production of 17 α-20α-dihydroxy-4-pregnen-3-one and 

17α,20β-dihydroxy-4-pregnen-3-one (Thibaut and Porte 2004). It has been suggested that a 

decrease in the abundance of cytochrome P4503A4 (CYP3A4) in liver could be responsible 

for decline in hormone concentrations after exposure to phthalates at environmentally 

relevant concentrations (Crago and Klaper 2012). Table 9 lists some of the studies reporting 

biologically active concentrations of phthalates. Table 10 lists some of the studies reporting 

the biologically active concentrations of different phthalates. 
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Table 9: No observed effect concentrations, lowest observed effect concentrations and lethal concentration of selected phthalates in different classes of 

organisms 

Phthalate Organism NOEC (mg/L) LOEC (mg/L) LC-50 (mg/L) References 

DBP Daphnia magna 10.35 (24 h) (Adams et al., 1995; Huang et al., 1999; 

Wilson et al., 1978) Bluegill (Lepomis macrochirus) 0.48 (96 h) 

Rainbow trout (Oncorhynchus mykiss) 1.2 – 6.47 (96 h) 

Red killifish 4.3 (96 h) 

Fathead minnow 0.61 – 3.95 (96 h) 

Zebrafish (Danio rerio) 2.2 (96 h) 

Yellow perch 0.35 (96 h) 

Green algae (Scenedesmus obliquus) 0.21 (96 h) 

Red tide algae (Gymnodinium breve) 0.2 (96 h) 

DEP Common carp (Cyprinus carpio) 48 (96 h) (Adams et al., 1995; Barse et al., 2007; 

Buccafusco et al., 1981; Ghorpade et al., 

2002; Leblanc, 1980; Wilson et al., 1978) 
Mrigal (Cirrhina mrigala) 50 (72 h) 

Bluegill (Lepomis macrochirus) 16.7 – 110 (96 h) 

Rainbow trout (Oncorhynchus mykiss) 12 (96 h) 

Fathead minnow 16.8 – 31.8 (96 h) 

Red tide algae (Gymnodinium breve) 6.1 (96 h) 

Water flea (Daphnia magna) 52 (48 h) 

DMP Bluegill (Lepomis macrochirus) 50 (96 h) (Adams et al., 1995; Jaworska et al., 1995; 

Leblanc, 1980; Wilson et al., 1978; Yan et al., 

1995) 
Rainbow trout (Oncorhynchus mykiss) 56 (96 h) 

Fathead minnow 39 (96 h) 

Chlorella pyrenoidosa 313 (96 h) 

Tetrahymena pyriformis 100 (48 h) 200 (48 h) 537 (96 h) 

Red tide algae (Gymnodinium breve) 96 (96 h) 

Water flea (Daphnia magna) 
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Phthalate Organism NOEC (mg/L) LOEC (mg/L) LC-50 (mg/L) References 

BBP Bluegil (Lepomis macrochirus) 43 (96 h) (Adams et al., 1995; Buccafusco et al., 1981; 

Leblanc, 1980) Rainbow trout (Oncorhynchus mykiss) 0.82 – 3.3 (96 h) 

Fathead minnow 0.78 – 5.3 (96 h) 

Water flea (Daphnia magna) 92 (48 h) 

DEHP Mussel (Mytilus edulis) 0.042 (28 d) (Buccafusco et al., 1981; Leblanc, 1980) 

Brook trout (Salvelinus fontinalis) 0.052 (150 d) 

Water flea(Daphnia magna) 11 (48 h) 

Bluegill (Lepomis macrochirus) >770 (96 h) 

DPP Red tide algae (Gymnodinium breve) 2.4 (96 h) (Wilson et al., 1978) 

NOEC: No-observed effect concentration; LOEC: Lowest-observed effect concentration; LC: Lethal concentration 
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Table 10: Some of the past laboratory studies reporting reproductive, biochemical, histological, molecular and/or morphological effects of 

selected phthalates in fish 

Fish Sex Stage Age 
Anti-

androgen 
Route Concentration Duration Effects References 

Bagrid catfish  

(Pseudobagrus 
fulvidraco) 

UD 

 

 

UD 

 

 

9 mph 

 

 

DBP/DEHP 

 

 

D 

 

 

1000 mg/kg 

 

 

8 wk 

 

 

Brain AChE increased  

 

 

(Jee et al., 2009) 

 

 

          Three-spined 

stickleback  

(Gasterosteus 
aculetaus) 

M 

 

 

 

AD 

 

 

 

NM 

 

 

 

DBP  

 

 

 

W 

 

 

 

35 ug/L 

 

 

 

22 d 

 

 

 

Increase in T, 11-KT levels and 

decrease in spiggin production 

 

 

(Aoki et al., 2011) 

 

 

 

          Common carp  

(Cyprinus 
carpio) 

M/F 

 

 

AD 

 

 

NM 

 

 

DEHP 

 

 

W 

 

 

25 mg/L 

 

 

48 h 

 

 

Decrease in cholesterol and AA 

 

   

(Han et al., 2009) 

 

 

  

M 

 

 

AD 

 

 

NM 

 

 

DEP 

 

 

W 

 

 

0.1 – 20 mg/L 

 

 

28 d 

 

 

Increase in ALP; VTG and 

decrease in AcP, AST, GSI 

 

(Barse et al., 2007) 

 

 

Mrigal  

(Cirrhina 
mrigala) 

 

NM 

 

 

 

AD 

 

 

 

NM 

 

 

 

DEP 

 

 

 

W 

 

 

 

25 mg/L 

 

 

 

72 h 

 

 

 

Increase in liver ACP, ALP, 

ALT; muscle SDH and 

decrease in brain AChE 

 

(Ghorpade et al., 

2002) 

 

 

Olive flounder  

(Paralichthys 
olivaceus) 

 

 

NM 

 

 

 

 

AD 

 

 

 

 

NM 

 

 

 

 

DEP 

 

 

 

 

IP 

 

 

 

 

900 mg/kg 

 

 

 

 

3 d 

 

 

 

 

Increase in liver GR, GPx, renal 

LPO, Serum ALP, LDH, AST, 

ALT and decrease in liver 

GSH, GST, CAT, AST, ALT 

 

(Kang et al., 2010) 

 

 

 

 

Atlantic salmon  

(Salmo salar) 

UD 

 

EMB 

 

NM 

 

DEHP 

 

D 

 

400-1500 mg/kg 

 

4 w 

 

Intersex 

 

(Norman et al., 

2006) 

44



 

 

Fish Sex Stage Age 
Anti-

androgen 
Route Concentration Duration Effects References 

Zebrafish  

(Danio rerio)  

 

F 

 

 

UD 

 

 

6 m 

 

 

DEHP 

 

 

W 

 

 

0.02 – 40 ug/L 

 

 

3 w 

 

 

Increase in ovarian BMP-15, 

ptgs2, VTG and decrease in 

LHR, mPRβ 

(Carnevali et al., 

2010) 

 

  

M 

 

 

 

 

AD 

 

 

 

 

NM 

 

 

 

 

DEHP 

 

 

 

 

IP 

 

 

 

 

5000 mg/kg 

 

 

 

 

10 d 

 

 

 

 

Increase in HSI, hepatic vtg, 

acox1, ehhadhIand decrease in 

Fertilisation success, 

spermatozoa 

 

(Uren-Webster et 

al., 2010) 

 

 

 

Japanese 

medaka  

(Oryzias latipes) 

UD 

 

 

LV 

 

 

2 wk 

 

 

DINP/DIDP 

 

 

D 

 

 

20 ug/g 

 

 

81 dph 

 

 

Increase in testosterone 

hydroxylase activity in males 

 

(Patyna et al., 

2006) 

 

  

UD 

 

 

LV 

 

   

DEHP 

 

 

W 

 

 

0.01 – 10 ug/L 

 

 

> 4 w 

 

 

Increased mortality, Hatching 

time and decreased BW 

 

(Chikae et al., 

2004b) 

 

  

M 

 

 

 

AD 

 

 

 

10-15 

m 

 

 

DEHP 

 

 

 

W 

 

 

 

0.1 - 1 umol/L 

 

 

 

2 w 

 

 

 

No affect on eggs and hatchings 

 

 

 

(Shioda and 

Wakabayashi 

2000) 

 

 

UD 

 

 

 

LV 

 

 

 

PH 

 

 

 

DEHP 

 

 

 

W 

 

 

 

0.01 – 10 ug/L 

 

 

 

3 wk 

 

 

 

Reduction in GSI in males, 

adverse impacts on the normal 

maturation process 

 

(Chikae et al., 

2004c) 

 

 

Rainbow trout  

(Oncorhynchus 
mykiss) 

M 

 

 

AD 

 

 

NM 

 

 

DBP 

 

 

IP 

 

 

50 mg/kg 

 

 

3 d 

 

 

No affect on UDP-

glucuronyltransferase, GST, 

EROD 

(Cravedi and 

Perdu-Durand 

2002) 

Guppy  

(Poecilia 
reticulata) 

UD 

 

 

LV 

 

 

< 1 wk 

 

 

DEHP 

 

 

W 

 

 

0.1 - 10 ug/L 

 

 

91 d 

 

 

 Decrease in body length, body 

weight 

 

(Zanotelli et al., 

2010) 
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Fish Sex Stage Age 

Anti-

androgen 
Route Concentration Duration Effects References 

Fathead minnow  

(Pimephales 
promelas) 

 

 

M 

 

 

 

 

AD 

 

 

 

 

NM 

 

 

 

 

DEHP 

 

 

 

 

W 

 

 

 

 

12 ug/L 

 

 

 

 

28 d 

 

 

 

 

Increase in FSHβ, StAR, 

CYP11A, 17βHSDH and 

decrease in E2, 3βHSDH, 

CYP17, CYP19A1, PPARα 

 

(Crago and 

Klaper 2012) 

Zebrafish  

(Danio rerio) 

 

UD 

 

 

EMB 

 

 

4 hpf 

 

 

DBP/DEP 

 

W 

 

5 – 500 ug/L 

 

Till 96 

hpf 

 

Increase in reactive oxygen 

species and lipid peroxidation; 

increase in the activities of  

superoxide dismutase, catalase 

and glutathione peroxidise; 

upregulation of the transcripts 

for interferon γ, interleukin-1β, 

myxovirus resistance, tumor 

necrosis factor α, CC-

chemokine, lysozyme and 

complement factor C3B. 

(Xu et al., 2013) 

 

Goldfish 

(Carassius 
auratus) 

 

UD 

 

 

 

NM 

 

 

 

NM 

 

 

 

DEHP 

 

 

 

W 

 

 

 

2050 ng/L 

 

 

 

10 d 

 

 

 

Disruption of lipid metabolism 

in liver and and amino acid 

metabolism in gonads 

 

(Jordan et al., 

2012) 

 

 

Sterlet 

(Acipenser 
ruthensus) 

In vitro study with spermatozoa 10 – 50 µg/L  Dose dependent decrease in 

sperm motility and increase in 

DNA fragmentation and 

oxidative stress in sperms 

(Gazo et al., 2013) 
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 AChE: Acetyl choline esterase; 11-KT: 11-Ketotestosterone; T: Testosterone; AA: Aromatase: ALP: Alkaline phosphatase; ACP: Acid 

 phosphatase; AST: Aspartate transaminase; GST: Glutathione S-transferase; GSH: Glutathione; CAT: Catalase; LDH: Lactate 

 dehydrogenase; LPO: Lipid peroxidase; GR: Glutathione reductase; GPx: Glutathione peroxidase; BMP: Bone morphogenetic protein; 

 LHR: Luteinising hormone receptor; PR: Progesterone receptor; EROD: Ethoxyresorufin-o-deethylase; FSH: Follicle stimulating 

 hormone; UDP: Uridine 5'-diphospho-glucuronosyltransferase; F: Female; M: Male; UD: Undifferentiated; NM: Not mentioned; AD: 

 Adult; LV: Larval; D: Diet; W: Water; IP: Intra-peritoneal 
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1.5 Gaps in Aquatic Ecotoxicology research 

 Based on the literature review, some gaps in the aquatic ecotoxicology research from 

Australian perspective were identified.  

 

1.5.1 Limited research on the effects via androgen receptors of environmental 

 contaminants in freshwater fish. 

 The EDCs can interfere with the hormonal system through estrogen, androgen, 

thyroid or retinoid receptors (Hotchkiss et al., 2008). Since the detection of widespread 

sexual disruption male roach thriving in water bodies receiving estrogenic effluents from the 

STPs (Jobling et al., 1998), most research in endocrine disruption in aquatic wildlife has 

predominantly focussed on the effects associated with estrogenic substances present in the 

WWTP effluents. Not much research has focused on the addressing the effects and MoA via 

ARs of environmental contaminants. Using in vitro screens, anti-androgenic activity has been 

detected in the aquatic environment in China (Ma et al., 2013; Zhao et al., 2011). Recently, 

statistical modelling suggested that anti-androgenic activity in the effluents from WWTPs 

could be contributors to the intersex condition seen in wild fish (Jobling et al., 2009a). Hence, 

there is a need to conduct laboratory studies on the effects of anti-androgens on the 

biomarkers of reproduction in fish.  

 

1.5.2 Lack of substantial research on the effects of anti-androgens on fish during 

 critical stages of their development. 

 The reproductive endocrine system is regulated by the hypothalamo-pitutary-gonadal 

(HPG) axis. The proteins and hormones released from the hypothalamus and pitutary act on 

the gonads and vice versa. The proteins and hormones in fish can be structurally different 

from those in mammals. However, they are chemically analogous and perform the same 
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functions. For example, the main androgen in mammals is testosterone and 11-keto 

testosterone, a derivative of testosterone is the predominant androgen in male fish. 

Consideration towards mammalian studies was important in designing the experiments 

because the endocrine system in vertebrates is highly conserved. This evolutionary 

conservation suggests that the chemicals demonstrated to cause endocrine disruption in 

mammals can adversely affect the biomarkers of reproduction in fish. 

1.5.3 Paucity of studies highlighting differential effects of anti-androgens in male and 

female fish. 

Most studies on anti-androgens have focussed on male fish. However, it has been well 

documented that androgens are essential for the growth of oocytes in fish (Endo et al., 2011; 

Kazeto et al., 2011; Kortner et al., 2009a,b; Matsubara et al., 2003; Sudo et al., 2012). 

Secondly, in vivo production of androgens during ovulation can induce aggression in females, 

thereby, enhancing their choice of males (Tricas et al., 2000). Third, female fish are equally 

likely to absorb anti-androgenic EDCs from aquatic environment. This necessitates the 

investigation of the potential effects via ARs of contaminants in female fish thriving in 

freshwater environment. 

1.5.4 Need to elucidate the effects of anti-androgens in combination with estrogens. 

With the detection of anti-androgenic activity in the aquatic environment worldwide, 

the roles of anti-androgens in causing sexual disruption in fish are being investigated. 

Further, statistical modelling data suggest that the anti-androgens, along with estrogens, could 

be responsible for the widespread endocrine disruption of the fish in English rivers (Jobling et 

al., 2009a). In addition, in vitro reports have confirmed that anti-androgens can behave as 
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estrogens (Sohoni and Sumpter 1998). This has necessitated conducting robust laboratory 

exposures investigating the effects of anti-androgens in conjugation with estrogens. 

 

1.5.5  Validation of the use of a standard native fish model to investigate the effects of 

 anti-androgens in Australian riverine environment.  

Much of the overseas research in aquatic ecotoxicology has focussed on the fathead 

minnows, zebrafish, medaka and three-spined stickleback. These fish are not native to 

Australia. The effects seen in these introduced species cannot be extrapolated to Australian 

environment. Although, it has been stated that the hormone action in vertebrates is highly 

conserved, organisms are highly variable in responding to the external environment like 

introduction of EDCs because their biological responses are dependent on a range of intrinsic 

factors like species, age, nutrition, health, target tissues etc. To create reliable data for the 

effects of anti-androgens under Australian conditions, a native fish species needs to be 

examined as a test model.  

 

The Murray rainbowfish (Melanotaenia fluviatilis) (family Melanotaeniidae) is a 

native freshwater fish species that is native to Australia. The fish reside in the Murray-

Darling river system in New South Wales, Victoria and South Australia and spawn multiple 

times in the dry season (Pusey et al., 2001). The embryonic development is completed in 7 – 

9 days at 25°C (Reid and Holdway 1995). The larvae are 3 – 5 mm at the time of hatching 

(Crowley et al., 1986) and display sexual dimorphism in 6 – 8 months. The adults of this fish 

species are easy to maintain in laboratory conditions due to their small size (< 4 g and 5 – 6 

cm).  
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Murray Darling river basin, the natural habitat of this fish in Australia, receives 

treated effluents from the WWTPs. However, there have been no studies to identify/quantify 

EDCs, if any, in the receiving environment of Murray Darling river basin. To date, no 

information is available on the extent of endocrine disruption, if any, in wild Murray 

rainbowfish. However, it has been widely demonstrated in field studies that discharges of 

EDCs to aquatic ecosystems from WWTP effluents can result in adverse impacts on aquatic 

organisms such as fish (Tyler and Routledge 1998, Nakari 2004). It is therefore, important to 

investigate the sensitivity of Murray rainbowfish to environmental chemicals in robust 

laboratory experiments before conducting field studies using wild fish. In previous studies in 

our laboratory and elsewhere in Australia, sexually mature Murray rainbowfish has been 

effectively used as a model fish species to assess the effects of environmental estrogens 

(Pollino and Holdway 2002; Shanthanagouda et al., 2013; Woods and Kumar 2011). 

However, there is a need determine the use of Murray rainbowfish as a sensitive model to 

assess effects via ARs of EDCs.  

 

1.5.6 Validation of the effects of a reference anti-androgen in fresh water fish in 

 Australia 

 The classic, commercial anti-androgen flutamide has no environmental significance 

since it has not been detected in the aquatic environment to date. However, because of the 

“pure” anti-androgenic nature of flutamide, the in vitro anti-androgenic activity in the aquatic 

environment worldwide is reported in flutamide equivalents (FEQ/L). The mammalian anti-

androgens, phthalates have been detected in the rivers of South Africa at concentrations 

ranging between 10 – 80 mg/L (Fatoki et al., 2010; Ogunfowokan et al., 2006). Anti-

androgenic activity of 935 µg FEQ/L has been detected in the surface water in China (Zhao et 

al., 2011). A recent study in China reported that more than 1800 mg FEQ anti-androgens flow 
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into the gray water every day (Ma et al., 2013). In vitro anti-androgenic activity (370 – 4223 

µg FEQ/L) has also been determined in the fresh water in Italy (Urbatzka et al., 2007). A 21-

day exposure to WWTP effluent containing 328.56 µg FEQ/L of anti-androgenic activity 

adversely affected the reproductive behaviour of male stickleback (Sebire et al., 2011). This, 

therefore, necessitates the establishment of the biological effects of flutamide in laboratory 

conditions in Australian native fish species. 

 

1.6. HYPOTHESES 

Based on the literature review conducted on the biological effects of phthalates and 

flutamide, the following are the hypotheses of the present study – 

1.6.1  Null hypotheses  

 The present study was designed to test the following hypotheses –  

a) The response to short-term exposures to biologically active 

concentrations of   flutamide is equal to the background response in 

unexposed sexually mature Murray rainbowfish (Melanotaenia 

fluviatilis) under laboratory exposures. 

b) Short-term exposures to biologically active concentrations of flutamide 

elicit similar responses in sexually mature, adult male and female 

rainbowfish. 

c) Exposures to the commercial anti-androgen, flutamide, alone and in 

combination, with the reference estrogen, E2 have no effect on the 

reproductive endocrine function and sexual development of juvenile 

Murray rainbowfish. 

52



 

 

d) The response to short-term exposures of sub-acute concentrations of 

DnBP is equal to the background response in unexposed sexually 

mature Murray rainbowfish under laboratory exposures. 

e) Short-term exposures to sub-acute concentrations of DnBP elicit 

similar responses in sexually mature, adult male and female 

rainbowfish. 

f) Chronic exposures to environmentally relevant concentrations of 

DnBP have no effect on the sexual differentiation or reproductive 

endocrine function in juvenile Murray rainbowfish. 

 

1.6.2  Alternate hypotheses 

  The following alternate hypotheses are proposed for the present study – 

a) The response to short-term exposures to biologically active 

concentrations of   flutamide is not equal to the background response in 

unexposed sexually mature Murray rainbowfish under laboratory 

exposures. 

b) Short-term exposures to biologically active concentrations of flutamide 

elicit different responses in sexually mature, adult male and female 

rainbowfish. 

c) Exposures to the commercial anti-androgen, flutamide, alone and in 

combination, with the reference estrogen, E2 affect the reproductive 

endocrine function and sexual development of juvenile Murray 

rainbowfish. 
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d) The response to short-term exposures to sub-acute concentrations of 

DnBP is not equal to the background response in unexposed sexually 

mature Murray rainbowfish under laboratory exposures. 

e) Short-term exposures to sub-acute concentrations of DnBP elicit 

different responses in sexually mature, adult male and female 

rainbowfish. 

f) Chronic exposures to environmentally relevant concentrations of 

DnBP affect the sexual differentiation or reproductive endocrine 

function in juvenile Murray rainbowfish. 

 

1.7 AIMS 

The experiments for the present project were designed to fill in the gaps in the aquatic 

ecotoxicology research. Figure 1 represents the outline of the structure of the thesis.  

1. To investigate and validate the effects of exposures to biologically active 

concentrations of the commercial anti-androgen, flutamide for a short duration 

on the biomarkers of reproduction in sexually mature male Murray rainbowfish 

(Chapter 2). 

2. To investigate and validate the effects of exposures to biologically active 

concentrations of the commercial anti-androgen, flutamide for a short duration 

on the biomarkers of reproduction in sexually mature female Murray 

rainbowfish (Chapter 3). 

3. To determine the effects of the model anti-androgen, flutamide, on 17β-

estradiol-induced effects in sexually undifferentiated, juvenile Murray 

rainbowfish (Chapter 4). 
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4. To investigate the effects of exposures to sub-acute concentrations of an 

industrial pollutant and mammalian anti-androgen, di-n-butyl phthalate for a 

short duration on the biomarkers of reproduction in sexually mature male 

Murray rainbowfish (Chapter 5). 

5. To investigate the effects of exposures to sub-acute concentrations of an 

industrial pollutant and mammalian anti-androgen, di-n-butyl phthalate for a 

short duration on the biomarkers of reproduction in sexually mature female 

Murray rainbowfish (Chapter 6). 

6. To investigate the effects of chronic exposures to environmentally relevant 

concentrations of di-n-butyl phthalate on gonadal histology and vitellogenin 

concentrations in sexually undifferentiated, juvenile rainbowfish (Chapter 7). 
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Figure 1: Flow-chart depicting thesis structure 
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ABSTRACT 

The aim of this study was to investigate if the reference anti-androgen, flutamide and 

17β-estradiol work together to feminise juvenile Murray rainbowfish (Melanotaenia 

fluviatilis). Fish (60 days post hatch) were exposed to 25 ng/L of 17β-estradiol (E2), 25 µg/L 

of flutamide (Flu low), 250 µg/L of flutamide (Flu high), E2+Flu low and E2+Flu high in a 

semi-static set-up.  After 35 days of exposure, concentrations of sex steroid hormones – 17β-

estradiol and 11-keto testosterone (11-KT) were determined in the head tissue. The tail tissue 

was used to measure vitellogenin (VTG) concentration. The abdominal regions were used for 

histological investigation of the gonads. Co-treatment with Flu high and E2 resulted in 

significant reductions in weights and lengths in males and condition factor in females. Inter-

sex was noted in Flu high and E2+Flu high treated fish. The development of spermatocytes in 

the testes was inhibited by E2 and this effect was accentuated after co-treatment with 

flutamide. Exposures to E2 resulted in precocious oocyte development in the ovaries which 

was further up-regulated when fish were co-exposed to E2 and flutamide. The E2 levels 

decreased significantly in the head of both males and females after co-exposures to flutamide 

and E2. Flutamide and E2 alone increased the 11-KT levels in both sexes. However, E2+Flu 

129



low decreased 11-KT levels in males and increased them in females. Flutamide (low and 

high) induced VTG protein in the tails of both sexes. In males, VTG was induced in the tail 

tissue after exposure to flutamide but not E2. No significant increase of flutamide on E2-

induced VTG concentration was noted. We conclude that anti-androgens do not add to the 

effects of estrogens due to different modes of action. However, they induce similar effects 

which can cause additive inhibition/stimulation of the gonad development. 

Keywords:  Flutamide, Estrogens, Sexual differentiation, Vitellogenin, Sex steroid hormones 

1. Introduction

It has been well documented that certain industrial and agricultural chemicals and 

pharmaceuticals detected in fresh water worldwide have the potential to disrupt the endocrine 

system in fish. One of the earliest studies reported vitellogenin induction in male rainbow 

trout (Oncorhynchus mykiss) after exposure to the effluents from wastewater treatment plants 

(WWTPs) (Purdom et al., 1994). Later, an intersex condition was detected in a roach (Rutilus 

rutilus) population living in water receiving discharges from sewage treatment plants (STPs) 

in the UK (Jobling et al., 1998). With the development of sensitive analytical techniques, 

natural hormones like 17β-estradiol and synthetic hormones like ethinyl estradiol (EE2) were 

detected in minute amounts in environmental water samples and feminisation of wild fish 

was thought to be the result of exposures to estrogens (Desbrow et al., 1998; Ternes et al., 

1999). 

Generally, the endocrine disruption seen in wild fish is the result of simultaneous 

exposures to mixtures of chemicals with different modes of action (MoAs) (Hotchkiss et al., 

2008). It has been suggested that the environmental contaminants with different modes of 
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action (MoAs) can interact with each other resulting in cumulative estrogenic effects in wild-

life (Kortenkamp and Altenburger 1998). Anti-androgens have been known to block the 

actions of endogenous androgens, thus, resulting in phenotypic feminisation “indicative of an 

estrogenic exposure” (Sohoni and Sumpter 1998). With the detection of anti-androgenic 

activity in freshwater (Ma et al., 2013; Zhao et al., 2011), it is being speculated that the 

endocrine disruption in fish has a “multicausal etiology” involving anti-androgens (Jobling et 

al., 2009). Since, the causative agents remain uncertain and vary with location (Hotchkiss et 

al., 2008), there is a need to understand and establish the effects of anti-androgenic 

chemicals, alone and in combination with estrogens, in robust laboratory experiments. 

In this study, we investigated the effects of the “anti-androgen,” flutamide (2-methyl-

N-(4-nitro-3-[trifluoromethyl]phenyl)propanamide), alone and in combination with the 

natural estrogen, 17β-estradiol. Flutamide is a potent, non-steroidal reference anti-androgen 

that can competitively bind to the androgen receptors (ARs) and prevent the uptake of 

androgens, thus regulating androgen-mediated processes in the body. Flutamide is used 

therapeutically to treat prostate cancer in men and polycystic ovarian syndrome in women. It 

has been also been used as a model anti-androgen to study male reproductive development 

and toxicity testing in mammals. Flutamide administration during critical stages of 

development can interfere with the androgen-regulated processes and can cause irreversible 

changes in mammals (Mikkila et al., 2006). For instance, in utero exposure to up to 30 mg/kg 

BW flutamide for 5 days resulted in the development of vaginal pouches in male pups (Goto 

et al., 2004). Interestingly, feminisation of external genitalia and cryptorchidism were 

observed after in utero exposure to flutamide (Kassim et al., 1997). However, these 

reproductive effects were not apparent when rats were administered flutamide during the 

postnatal period (Kassim et al., 1997). The reproductive behaviour (like mounting a female) 
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was not affected after flutamide administration during the neonatal period. However, prenatal 

exposure continued until the neonatal phase lowered adult mounting behaviour (Brand and 

Slob 1991). Similarly, life-long exposure to 5 ng/L EE2 resulted in complete population 

failure with no fertilisation in zebrafish (Danio rerio). However, exposure to the same 

concentration for 40 days had no impact on reproduction in adult fish (Nash et al., 2004). 

Since mammals and fish share the similar vertebrate homology, it is hypothesised that 

the same endocrine disrupting chemicals (EDCs) that affect the sexual development in 

mammals during critical phases of growth can impair reproductive development in fish. 

Sexual differentiation during early stages of life cycle and a larger sensitive window of 

development in fish, suggest exposures to EDCs during juvenile stages have the potential to 

skew sex-ratios (van Aerle et al., 2002). In one study, exposure of juvenile medaka (Oryzias 

latipes) to anti-androgens – vinclozolin (2500 µg/L) or cyperoterone acetate (10 µg/L) for 3 

months induced inter-sex gonads and affected gametogenesis (Kiparissis et al., 2003). 

Feminisation of juvenile fish after exposures to xenoestrogens like alkylphenols (octylphenol 

and p-nonylphenol) and pesticides (beta-hexachlorocyclohexane and methoxychlor) has been 

well documented (Gray and Metcalfe 1997; Gray et al., 1999; Nimrod and Benson 1998; 

Wester et al., 1985). However, similar studies on sexually undifferentiated fish using 

flutamide in combination with E2 are lacking. Although flutamide is not an environmental 

contaminant, it is used as the model AR-antagonist in toxicity testing since it binds 

competitively to the ARs (Ankley et al., 2004) as opposed to other anti-androgens like 

vinclozolin and di-n-butyl phthalate which have multiple MoAs (Bhatia et al., 2013; Bhatia et 

al., 2014; Sohoni and Sumpter 1998). 
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Most of the laboratory studies using anti-androgens have been conducted on fish not 

native to and hence, not accustomed to Australian environment. Recently, we reported down-

regulation in the hepatic expression levels of the genes encoding androgen receptors and 

hindrance in the transformation of spermatogonia to spermatozoa in Australian fish species – 

Murray rainbowfish (Melanotaenia fluviatilis) after exposure to 1000 µg/L flutamide for 7 

days (Bhatia et al., 2014). Adult Murray rainbowfish have earlier been used as the model 

species to assess the effects of EDCs via estrogen receptors (ERs) in the Australian riverine 

environment (Bhatia et al., 2013; Bhatia et al., 2014; Shanthanagouda et al., 2013; Woods 

and Kumar 2011). The Murray rainbowfish (family Melanotaeniidae) is a freshwater fish 

species native to Australia. The fish reside in the Murray-Darling river system in New South 

Wales, Victoria and South Australia and spawn in the dry season (Pusey et al., 2001). The 

embryonic development is completed in 7 – 9 days at 25 °C (Reid and Holdway 1995). The 

larvae are 3 – 5 mm at the time of hatching (Crowley et al., 1986) and display sexual 

dimorphism in 6 – 8 months. 

Based on the reported biologically active concentrations of flutamide in adult fish, we 

exposed juvenile Murray rainbowfish to 25 µg/L and 250 µg/L of flutamide, alone and in 

combination with 25 ng/L E2 for 35 days. The aim of the present study was to understand the 

effects of flutamide on E2-induced changes in gonadal development and the concentrations of 

sex steroid hormones and VTG in fish during their sensitive phase of development. 

2. Materials and methods

2.1. Culture and maintenance of fish 

Sexually immature, juvenile Murray rainbowfish (Melanotaenia fluviatilis) (60 days 

post hatch [dph]) were obtained from Aquarium Industries, Victoria. Fish were maintained in 
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artificial fresh water (fish loading 1 g/L) with pH 7 and > 90% dissolved oxygen (DO) and 

acclimatised for 2 weeks to the laboratory conditions. The temperature in the laboratory was 

maintained at 23 °C with 60 min gradual sunrise/sunset. Fish were fed 4% (w/w) body weight 

brine shrimp from the frozen stocks daily.  

2.2. Chemicals 

Flutamide (2-methyl-N-[4-nitro-3-(trifluoromethyl)phenyl]-propanamide) (CAS No. 

13311-84-7) and 17β-estradiol (1,3,5(10)-estratrien-3,17β-diol) (CAS No. 50-28-2) were 

purchased from Sigma-Aldrich. Stock solutions (10 g/L) were prepared in methanol and 

stored at -20 °C in dark until use. Working solutions were prepared fresh daily. Fresh stock 

solutions were prepared every week. 

2.3. Fish exposure 

Fish were exposed in glass tanks in a semi-static set-up to 25 ng/L E2, 25 µg/L Flu 

(Flu low), 250 µg/L Flu (Flu high), E2+Flu low and E2+Flu high. Water control and 0.001% 

solvent control tanks were also included. All treatment and the solvent control tanks received 

the same concentration of methanol (0.001%). For each treatment (including the controls), 

there were four tanks, with three fish in each, for a total of twelve fish per treatment. The 

water in the tanks was renewed and spiked with fresh solutions daily. Fish were fed baby 

brine shrimp (4% w/w) daily at least 1 h before renewals. During the test, the temperature 

was maintained at 23 ± 1 °C with a 16 h:8 h light:dark photoperiod and a 60 min gradual 

sunrise/sunset. The temperature was measured every 30 sec using a temperature logger (Chen 

et al., ) placed in one of the testing tanks. The water quality parameters (pH, conductivity and 

DO) were measured every 24 h. 

2.4. Sampling procedure 
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After 35 d of exposure to flutamide and/or E2 the fish were anaesthetised in 20 mg/L 

tricaine methanesulfonate (MS222). The lengths and weights of the fish were measured and 

condition factor (CF) calculated according to the formula, CF = body weight (g) / [total 

length (mm)]
3
 x 100. The tail of the fish was cut at the anal fin, snap-frozen and stored at -80

°C for VTG analysis. The head was cut at the pectoral fin, snap-frozen and stored at -80 °C 

for the determination of the concentrations of sex steroid hormones. The abdominal regions 

were fixed in 10% formalin for histological investigation of the gonads. The use of head or 

tail homogenates for biochemical determination (such as VTG) has been recommended by 

the (OECD). 

2.5. Chemical analyses 

In order to measure the actual concentrations of E2 and flutamide during exposure, 

water samples (250 mL/tank) were collected in amber glass bottles from all the testing tanks 

on days 0, 1, 7, 14, 28 and 35 of the test. Water samples (1 L) were collected from the four 

replicates of each treatment for analysis. The samples collected before the start of the test 

represented day 0 samples. The water samples for days 1, 7, 14, 28 and 35 were collected 24 

h after renewals and spiking of the fresh solutions. After collection, the water was spiked 

with 500 µL sulfuric acid to inhibit microbial growth. The water was filtered through glass 

filters with pore sizes 1.2 µm and 0.3 µm, respectively (Advantec) and loaded onto 

preconditioned cartridges (Oasis). The solid phase was eluted two times with methanol and 

dichloromethane (3 mL each) in glass tubes. The solvents were blown-down under a gentle 

stream of ultra-pure nitrogen gas at 30 °C. 

The concentrations of E2 were measured on a gas chromatograph (GC) (Agilent) 

coupled with a triple quadrupole mass spectrometer (MS/MS). The residues were re-
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dissolved in 900 µL pyridine and 10 µL N,O-bis(trimethylsilyl)-trifluoroacetamide (BFTSA) 

+ trimethylchlorosilane (TMCS) (99:1). The vials were sealed and heated to 60 °C for 1 h.  

The GC inlet was lined with a 4 mm single tapered deactivated liner (Agilent) and used a 

splitless mode held at 250 °C. A 2 µL sample was injected onto the column. Analytes were 

separated on a 30 m x 0.25 mm x 0.25 mm MS column (Agilent) with 1 mL/min ultra-pure 

helium flow. The oven was at 280 °C with temperatures increasing at the rate of 5 °C/min. 

The GCMS-MS interface temperature was maintained at 250 °C. The electron impact (EI) 

voltage was set at 70 eV. Multiple reaction monitoring (MRM) was used to identify and 

quantify E2. The MRM transitions for E2 were were 416/326 and 416/285. One MRM value 

was used for quantification and the other for confirmation. All samples were run with a 

solvent delay of 8 min. The dwell times were 10 min for all MRMs to achieve 10 – 20 cycles 

across each peak for quantifications. The collision energies were 5 V. 

For measurement of flutamide concentrations, the residues were dissolved in 1000 µL 

methanol. Liquid chromatography (LC) was performed on a Thermo-Finnigan Surveyor
TM

autosampler using 5 µL sample injected into an ODS Hypersil column (100 mm x 2.1 mm, 

particle size 3 µm). The temperatures of the column oven and autosampler were set at 30 °C 

and 10 °C, respectively. Separation was performed with a binary mobile phase at a flow rate 

of 250 mL/min. The first 2 .5 min of the flow of the chromatographic run was sent to waste 

via a 6-port-2-position valve installed post column in order to prevent the contamination of 

the ion source from matrix components. The optimised separation conditions were as follows: 

solvent A – acetonitrile and solvent B – a mixture of 0.1% formic acid and 10mM ammonium 

formate. The gradient elution was as follows: 95% solvent B (0 – 1 min) followed by an 

increase in the solvent A phase by 90% within 0.1 min. The solvent B was maintained at 90% 

for 6 min. The column was then re-equilibrated with 5% solvent A for 4 min and the total run 
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time was 10 min. Mass spectrometry (MS) was performed using Thermo TSQ Quadrupole 

mass spectrometer (ThermoFisher). The MS parameters were optimised as follows: spray 

voltage – 5 kV (ESI positive mode), sheath gas pressure – 40 arbitrary units, auxiliary gas 

pressure – 5 arbitrary units, capillary temperature – 350 °C and collision gas pressure – 1.5 

mTorr. Ultra-pure nitrogen was used as a nebuliser gas and argon as collision gas. 

Optimisation of MS/MS parameters was performed by direct infusion of 100 µg/L flutamide 

at a flow rate of 10 µL/min. Collision energy (26/26) and tube lens voltages (73/73) were 

optimised for MRM transitions (275/186, 275/202). Data were acquired and processed using 

the Xcalibur 2.1 software. 

Relative retention times of flutamide and E2 were monitored to ensure correct 

identification. The limit of quantification (LOQ) was set as the concentration of the chemical 

with a response area 20% of the lowest concentration of the standard. The limit of detection 

(LOD) was set as one-third of the LOQ. 

2.6. Processing of tissues for histological investigation 

The fish abdominal regions fixed in 10% formalin were processed for histological 

investigation by the method of (Bhatia et al., 2013). Briefly, the tissues were dehydrated in a 

graded series of ethanol and xylene in a tissue processor (Leica). The dehydrated tissues were 

embedded in paraffin using a paraffin-embedding centre (Leica). Rough trimming of the 

block containing the abdominal region of the fish was done on a rotary microtome (Microm 

International) till the gonadal cells began to appear. Serial vertical sections (4 – 5 µm) were 

then cut. The first section was taken from 50 µm depth. Five sections were cut and floated on 

a water bath at 40 °C for each fish. The sections were laid on a slide, dried and hydrated in a 

graded series of ethanol. The sections were stained with haematoxylin and eosin phloxine 
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(HD Scientific). The stained sections were photographed using an Olympus BX51 

microscope and analysed with the software AnalySIS software (Olympus Soft Imaging 

Solutions GmbH 5.0 build 1235). 

The histological investigation involved identification of the germ cells in the gonads. 

The germ cells in the ovaries were identified on the basis of their size and presence of cortical 

alveoli (Bhatia et al., 2013) as follows: a) Perinucleolar oocytes – early primary growth 

oocytes with a large nucleus and homogenously staining dark cytoplasm. The follicular cells, 

vitellogenin granules and cortical alveoli were absent; b) Cortical alveolar oocytes – larger 

than the perinucleolar oocytes with a ring of cortical alveoli near the periphery; c) Early 

vitellogenic oocytes – larger than the cortical alveolar oocytes. The cytoplasm is filled with 

cortical alveoli and there is a beginning of vitellogenin accumulation; d) Late vitellogenic 

oocytes – most of the cytoplasm is filled with vitellogenin, cortical alveoli are pushed to the 

periphery of the oocyte. e) Mature oocytes – vitellogenesis is at its peak in these germ cells. 

These are the largest oocytes and yolk fills the cytoplasm; and f) Atretic oocytes – oocytes in 

any stage of development are atretic if they develop vacuolated nuclei, folding of oolemma, 

disorganisation of cytoplasm, hyperplasia or hypertrophy of follicular cells or impairment in 

yolk formation. The development of the ovaries was classified into the following stages: 

Stage 0 (immature) – This stage corresponded to immature ovary with only perinucleolar 

oocytes; Stage I (previtellogenic) – In addition to abundant previtellogenic oocytes, the 

cortical alveolar oocytes begin to appear; Stage II (early vitellogenic) – The ovaries in this 

stage were characterised by the appearance of early vitellogenic oocytes. Some cortical 

alveolar and perinucleolar oocytes were also present; Stage III (mature) – The mature ovaries 

had abundant late vitellogenic or spawning oocytes with accumulation of yolk vesicles; and 
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Stage IV (spent) – In this stage the germ cells in different stages had lost shape and turned 

atretic. 

In the testes, the germ cells were categorised according to the method outlined by 

Bhatia and co-workers (Bhatia et al., 2014) into: a) Spermatogonia – large cells with 

eosinophilic cytoplasm; found in clusters near the periphery of the testes; b) Spermatocytes – 

germ cells with moderate amounts of cytoplasm; c) Spermatids – smaller than the 

spermatocytes, with dense nucleus and minimal cytoplasm. The spermatogonia, 

spermatocytes and spermatids together constitute the germinal epithelium of the testes, 

representing immature germ cells; and d) Sperms – mature germ cells scattered in the tubular 

lumen. They are dark and dense cells with no apparent cytoplasm. The development of the 

testes was classified into the following stages: Stage 0 (immature): The testes were identified 

by the absence of spermatozoa in the tubular lumen. Abundant spermatocytes and 

spermatogonia were present. Sexually mature stages were further categorised into 3 stages: 

Stage I (early-spermatogenic): There was a beginning of the appearance of spermatozoa in 

this stage. Abundant spermatogonia and spermatocytes were present; Stage II (mid-

spermatogenic): The mid spermatogenic stage was identified by the presence of 

approximately similar proportions of the spermatocytes, spermatids and spermatozoa along 

with moderately developed interstitial tissue; and Stage III ( mature): Proliferation and 

development of germ cells was apparent. All types of germ cells were present. However, fish 

in this stage had abundant spermatozoa. 

2.7. Vitellogenin analysis 

A semi-quantitative enzyme linked immunosorbent assay (ELISA) method was used 

to measure the relative levels of VTG in the fish (Bhatia et al., 2013). The tails were thawed 
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on ice, weighed and homogenised in 1:10 (w/v) ice-cold buffer (pH 7.4) (100 mM KCl, 19 

mM KH2PO4, 0.02 M HEPES, 1 mM EDTA and 1 mM dithioreitol) using 1 mm zirconium 

oxide beads (ThermoFisher Scientific) on Fastprep-24 (MP-Biomedicals) at 6 m/s for 1 min. 

The homogenate was centrifuged at 1500 g for 60 min at 4°C and the supernatant was diluted 

10 times in phosphate buffer saline (PBS). The diluted homogenate (100 µL) was added to 

the white binding plates (Greiner) and incubated overnight at 4 °C. Serial dilutions (up to 

248000 times) of plasma from female fish were run as positive controls. The wells were 

washed three times with wash buffer (0.05% Tween in PBS) and 200 µL of the blocking 

buffer (BB) was added. The plate was incubated at room temperature for 1 h after which the 

BB was discarded and 100 µL of the 1:2500 primary antibody (BALB/c mice anti-

rainbowfish) (AusMAb) in BB was added to each well. The plate was again incubated at 

room temperature for 2 h. The wells were washed and 100 µL of the 2° antibody (1:4000 

anti-mouse IgG conjugated to horseradish peroxidase) was added. After incubation for 2 h at 

room temperature, the wells were washed five times with the wash buffer and 100 µL of west 

Femto sensitivity substrate (ThermoFisher scientific) was added. The fluorescence was read 

at 405 nm using a luminometer (BMG Labtech). Protein concentrations were measured by the 

Bradford method. The relative results were reported as arbitrary units per mg protein. 

 

2.8. Measurement of steroid hormone concentrations 

Concentrations of E2 and 11-KT were measured in the head homogenates by ELISA 

using enzyme immunoassay (EIA) kits (Cayman Chemicals) (Mills et al., 2010). The snap-

frozen heads were thawed on ice, weighed and homogenised in 1:10 (w/v) homogenisation 

buffer (pH 7.4) (100 mM KCl, 19 mM KH2PO4, 0.02 M HEPES, 1 mM EDTA and 1 mM 

dithioreitol) using 1 mm zirconium oxide beads (ThermoFisher Scientific) on Fastprep-24 

(MP-Biomedicals) at 6 m/s for 1 min. The homogenate was centrifuged at 1500 g for 60 min 
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and diluted two times in phosphate buffer saline (pH 7.4). The wells of the 96-well plate used 

were coated with anti-rabbit IgG antibody. E2 standards (6.6 pg/mL – 4000 pg/mL) or 11-KT 

standards (0.78 pg/mL – 100 pg/mL) were added to wells. Samples (50 µL), in triplicates, 

were added per well. 100 µL and 50 µL of EIA buffer were added to the wells designated as 

non-specific binding (NSB) and maximum binding (B0), respectively.  E2 (or 11-KT) acetyl 

cholinesterase (AChE) tracer (50 µL) was added to each well except to the total activity (TA) 

and the blank (Blk) wells. Then 50 µL E2 (or 11-KT) rabbit anti-serum were added to each 

well except to the TA, NSB and Blk wells and the plate was incubated at room temperature 

for 60 min for E2 measurement (or for 18 h at 4 °C for 11-KT measurement). After 

incubation, the wells were washed five times with wash buffer to remove unbound reagents. 

Ellman’s reagent (200 µL) was added to each well. At this stage 5 µL of the E2 (or 11-KT) 

tracer was added to the TA wells and the plate was placed on an orbital shaker for 60 – 90 

min for E2 measurement (or 90 – 120 min for 11-KT measurement). The luminescence was 

recorded at 405 nm using a luminometer (Thermo Labsystems multiskan ascent microplate 

photometer).The intensity of the yellow colour was inversely proportional to the amount of 

steroid in the sample. 

The average absorbance reading of the NSB was subtracted from the average 

absorbance of B0 to obtain the corrected B0. The average NSB absorbance was subtracted 

from the average sample/standard absorbance and was divided by the corrected B0to obtain 

B/B0 (sample or standard bound/maximum bound). The %B/B0 for the standards was plotted 

against the standard concentration using linear (y) and log (x) axes and a four-parameter 

logistic fit was performed. The concentration of the hormones in the samples was determined 

by reading the value corresponding to %B/B0 on the x-axis. 
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2.9. Data analyses 

All statistical analyses were performed on SigmaPlot 12.3. Normality of the data was 

confirmed using Shapiro-Wilk test. The data were subjected to one-way analysis of variance 

(ANOVA) to determine differences between treatment means. The Holm-Sidak test was used 

to determine significant differences between the groups. Differences in the proportions of the 

sexes and frequency of intersex condition between the controls and flutamide and/or E2 

treatments was analysed by z-test. The significance was set at p ≤ 0.05. Correlation analysis 

was carried and the Pearson correlation coefficient (r) was calculated for E2, 11-KT and 

VTG concentrations and the CFs. 

3. RESULTS

3.1. Water chemistry of the exposure tanks 

The measured concentrations of E2 and flutamide before the start of exposures were 

between 90 – 115% of the nominal concentrations. After 24 h of exposure, 60 – 80% of the 

nominal concentration of E2 was recovered from the testing tanks. More than 80% of the 

nominal concentration of flutamide was detected after 24 h of spiking. The LOD of the 

methods of determination of E2 and flutamide were 2 ng/L and 10 ng/L, respectively. The 

LOQs for E2 and flutamide were 6 ng/L and 30 ng/L, respectively. E2 was not detected in the 

flutamide treatment tanks and flutamide was not detected in E2 treatment tanks. Neither of 

the two test chemicals was detected in the water or solvent control tanks (Supplementary 

Table 1). 

3.2. Water quality and physical conditions during fish exposure 

During the entire duration of the exposure, the temperature was maintained at 23 ± 0.1 

°C. The water quality parameters in the E2 and/or flutamide treatment tanks did not differ 
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significantly from those in the control tanks. The pH of the water across the treatments varied 

within the neutral range of 6.8 and 7.1. The DO levels in the water were above 80% in all 

tanks. Conductivity was maintained between 1185 and 1251 µS/cm (Supplementary Table 1). 

3.3. Mortality and morpho-anatomical indices 

No treatment-related mortality or abnormal behaviour was observed in fish after 

exposures to E2 and/or flutamide for 35 days. Weight of males significantly reduces after 

exposures to Flu low. Similar effects were seen in females after treatment with Flu high. Co-

treatment with Flu high also reduced weights in males (p ≤ 0.05) (Figures 1A, 1B). Exposure 

to E2 or Flu high alone resulted in significantly smaller females. However, in combination 

(E2 and Flu high) caused reduction in length in males (p ≤ 0.05) (Figures 1C, 1D). Neither 

treatment had any significant effect on the CF in males. Flutamide (low or high) increased the 

CF in females. In combination with Flu high, E2 decreased the CF in females (p ≤ 0.05) 

(Figures 1E, 1F). 

3.4. Histological investigation of the gonads 

The ovaries of the fish in controls as well as across all treatments contained tightly –

packed perinucleolar, cortical alveolar and early vitellogenic oocytes suggesting normal 

development. In water and solvent controls, the fish contained abundant perinucleolar and 

cortical alveolar oocytes. A few early vitellogenic oocytes could be seen. The ovaries were in 

Stage I (Previtellogenic) of development (Figure 2A). The ovaries of the fish exposed to E2, 

Flu low, Flu high, E2+flu low and E2+flu high contained more of early vitellogenic oocytes 

and were in Stage II (Early vitellogenic) of development. Interstitial fibrosis was noted in the 

ovaries of the fish exposed to E2+flu high (Figures 2B, 2C, 2D). Qualitative assessment 

revealed no effect of flutamide on E2-induced precocious oocyte development. 

143



 

 

 Histological assessment of the testes of the control fish revealed the presence of 

spermatocytes, spermatids and spermatozoa in approximately similar proportions. The germ 

cells were compactly arranged and the testes were in the Stage II (mid-spermatogenic) 

(Figure 3A). Treatment with E2, alone an in combination with Flu low resulted in reduction 

in the proportion of spermatozoa in the tubular lumen. The testes of the fish in these 

treatments were in Stage I (early spermatogenic) (Figures 3B, 3C). An absence of 

spermatozoa was noted in fish treated with E2+flu high. The testes were in Stage 0 

(immature) with abundant spermatocytes (Figure 3D). An increase in the height of germinal 

epithelium was noted in all treatments. Testes of the fish in E2 and E2+flu high treatments 

were vacuolated. In addition, interstitial fibrosis was noted in E2 treatment. Co-treatment 

with Flu high amplified the inhibitory effect of E2 on sperm development. 

 

 After 35 days of test, 50 – 56% fish were females in water and solvent controls. 

Incidences of intersex condition were seen in fish treated with E2, Flu high, E2+flu low and 

E2+flu high (Figure 4). Highest incidence (4 fish) of inter-sex gonads was found in Flu high 

treatment. Treatment with E2 did not affect the proportion of the females. Exposure to Flu 

low resulted in 70% females. This number declined to 67 after co-treatment with E2 (E2+flu 

low). Flu high resulted in 42% females which reduced to 33% when co-treated with E2 

(E2+flu high). The 45 – 50% frequency of males in the controls declined to 36% after 

treatment with E2. The proportion further decreased 33% and 25% after exposures to Flu low 

and Flu high, respectively. A sharp decline to 17% male frequency was noted after exposure 

to E2+flu low. The changes in the sex-ratios and the frequency of inter-sex after treatment 

with flutamide and/or E2 were not significant (Supplementary Figure 1). 
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3.5. Hormone concentrations 

Treatment with E2 did not result in significant changes in the E2 concentration in 

head tissue in males and females (p ≤ 0.05). However, flutamide, alone and in combination 

with E2, significantly lowered the levels of E2 in both males as well as in females (p ≤ 0.05) 

5B). After 35 days of exposure to E2, a significant rise in 11-KT levels was measured in the 

head of both males and females (p ≤ 0.05). In males, treatment with E2 or Flu low resulted in 

up to 80% increase in the 11-KT levels in comparison to the controls. However, their 

combined treatment (E2+flu low), decreased the 11-KT concentration in heads by up to 90%. 

A 37% increase in the 11-KT levels was noted in Flu high treated males. In females, E2+flu 

low caused an additive effect when administered in combination, resulting in a 70% increase 

in 11-KT levels. Interestingly, the three-time increase in the 11-KT levels noted in Flu high-

treated females was brought at par to the controls when co-exposed with E2+flu high 

(Figures 5C, 5D). Decreases in E2/11-KT ratios in males (up to 93%) and in females (up to 

88%) were noted after flutamide treatments (Figures 5E, 5F). 

3.6. Vitellogenin concentrations 

Vitellogenin protein was induced in the tails of the females but not in the males after 

exposure to E2. Flutamide (low and high) resulted in an increase in VTG in both males and 

females (p ≤ 0.05). Co-treatment of E2 with Flu high caused the highest inductions (70 – 

75%) in VTG levels. However, flutamide did not significantly amplify the E2-induced VTG 

levels in juvenile fish (Figures 6A, 6B). 

There was no correlation between the concentrations of E2, 11-KT and VTG, the CFs 

and the proportions of the sexes. Treatment of the juvenile fish with E2 in combination with 

flutamide, did not accentuate the estrogenic effects. 
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4. DISCUSSION

The aim of the present study was to progress our understanding of the changes in 

gonadal development and the associated concentrations of sex steroid hormones and VTG 

caused by flutamide, alone and in combination with E2 in sexually undifferentiated, juvenile 

Murray rainbowfish. Histological analysis showed impairment in spermatogenesis after 

exposures to flutamide and the effect was more pronounced when treated with flutamide in 

combination with E2. In contrast, precocious development of the oocytes in the ovaries and 

induction in VTG concentration was noted in fish after E2+Flu high exposure. This study 

demonstrated that treatment with flutamide and/or E2 can cause feminising effects in juvenile 

Murray rainbowfish. 

Reductions in the sizes of juvenile guppies were noted after exposures to three anti-

androgens – the fungicide vinclozolin, the insecticide DDT and reference anti-androgen 

flutamide (Bayley et al., 2002). This is in agreement with mammalian study that reported 

weight reductions in F2 generations after in utero exposure of rats exposed to another anti-

androgen, di-n-butyl phthalate (DnBP) (Mylchreest et al., 1999). There has been little 

research on the effects of anti-androgens on body growth. It has been demonstrated that EE2 

and flutamide decrease the expression of the genes regulating the physiological processes like 

somatic growth [growth hormone (GH), growth hormone receptor (GHR), IGF-I, insulin-like 

growth factor-I receptor (IGF-I), thyroid hormone receptor α (THRα) and β (THRβ)] (Filby 

et al., 2007). Several studies have reported decrease in plasma thyroxine (T3) concentrations 

after E2 exposures in Eurasian perch (Perca fluviatilis), rainbow trout (Oncorhynchus mykiss) 

and eel (Anguilla anguilla) (Cyr and Eales 1990; Mandiki et al., 2005; Olivereau et al., 

1981). Thyroxine has been reported to increase in vivo and in vitro levels of insulin growth 
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factor-I (IGF-I) mRNA, a somatic growth stimulator, in tilapia (Schmid et al., 2003). In 

addition, IGF-I has been demonstrated to be involved in reproductive pathways like initiation 

of gonadotropin-release by pitutary cells in coho salmon (Oncorhynchus kisutch) and down-

regulation of androgen production in the ovaries of red seabream (Pagrus major) (Baker et 

al., 2000; Kagawa et al., 2003). Interestingly in our recent studies, treatment of sexually 

mature male and female Murray rainbowfish with up to 1000 µg/L of flutamide for 7 days 

did not have any significant effects on body growth(Bhatia et al., 2014). This could be due to 

different stage in life-cycle of the fish, concentration of flutamide used and the length of the 

exposure. Flutamide and E2 seem to target a regulatory process involved specifically in 

growth. Based on the data from the present study, we hypothesise that the growth-inhibitory 

effects of flutamide and/or E2 could be regulated in a gender-specific manner. We propose 

that exposure to flutamide and/or E2 during juvenile stage can adversely affect body growth, 

as assessed from the CF, in females. However, we did not investigate the changes in the 

expression levels of the genes involved in growth in the present study. 

The present study confirmed the earlier reports that flutamide adversely affects normal 

testicular development. In general, histological evaluation showed that fish exposed to E2, 

Flu low and Flu high had fewer spermatozoa in the testicular tubule. The reduction in the 

proportion of the sperms was more evident when E2 was administered in combination with 

flutamide. Decrease in sperm count, testicular atrophy and/or spermatogonial proliferation 

after treatment with E2 have been demonstrated in juvenile flounder (Paralichthys dentatus), 

rainbow trout (Salmo gairdneri) and chub (Leuciscus cephalus) (Billard et al., 1981; 

Flammarion et al., 2000; Zaroogian et al., 2001). Reductions in the sperm count and the 

number of spermatogenic cysts have been reported in guppy fed a diet containing up to 100 

µg flutamide per mg fodder for 30 days (Baatrup and Junge 2001; Kinnberg and Toft 2003). 
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Treatment of juvenile Asian catfish with 33 µg/L flutamide for 50 days revealed slow 

progression of spermatogonia to spermatocytes (Rajakumar et al., 2012). A 60% reduction in 

the number of mature sperms in juvenile guppy after treatment with anti-androgens – 

vinclozolin and DDE – suggested a decrease in male reproductive fitness (Bayley et al., 

2002). We have recently reported reduction in the proportion of spermatozoa after treatment 

with up to 1000 µg/L of flutamide or another mammalian anti-androgen, DnBP in sexually 

mature Murray rainbowfish (Bhatia et al., 2014; Bhatia et al., 2014). Dramatic reductions in 

sperm count have also been reported after short-term exposures to EE2 in fathead minnow, 

zebrafish, eelpout (Salierno and Kane 2009; Van den Belt et al., 2002; Velasco-Santamaria et 

al., 2010). 

We reported reductions in the hepatic expressions of the genes for ARα and ARβ in 

male Murray rainbowfish after treatment with up to 1000 µg/L flutamide for 7 days (Bhatia et 

al., 2014). Filby and co-workers have reported decrease in the expression of genes for ARα in 

the testes of male and the liver of female fathead minnow treated with 320 µg/L flutamide for 

21 days (Filby et al., 2007). Mammalian studies suggest the roles of ARs in the normal 

process of spermatogenesis. The seminiferous tubules of AR knock-out mice lacked mature 

spermatozoa, suggesting spermatogenic arrest at pachytene stage (Yeh et al., 2002). Lack of 

AR expression in the Leydig cells also affects steroidogenesis in mice reviewed in (Wang et 

al., 2009). In addition, the displacement of testosterone by flutamide from ARs (Ankley et 

al., 2004; Makynen et al., 2000; Simard et al., 1986) could have adversely affected androgen-

regulated processes. Any interference in the androgen-mediated process in the body can be 

communicated to the germ cells via autocrine or paracrine signalling to regulate 

spermatogenesis (Collins et al., 2003). Recent studies using rainbow trout have confirmed the 

role of testosterone in up-regulating androgen-responsive genes in the somatic cells of the 
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testis (Rolland et al., 2013). We believe that treatment with flutamide could have affected the 

androgen responsiveness in the Leydig or the Sertoli cells in the testes which arrested the 

development of spermatogonia into spermatozoa. However, this hypothesis needs validation. 

The effects of flutamide on germ cell development in testes were more pronounced after co-

treatment with E2, which could be due to their similar MoAs at molecular level. Down-

regulation of the expression of genes like anti-Mullerian hormone (amh), doublesex and mab-

3 related transcription factor 1 (dmrt1) and/or Sry-related HMG box (sox9) involved in 

testicular differentiation has been reported in fish after treatment with flutamide (Filby et al., 

2007; Leon et al., 2008; Rajakumar et al., 2012). Similar findings have been reported after 

exposures to estrogens like E2 and EE2 in fish (Marchand et al., 2000; Schulz et al., 2007), 

turtles (Barske and Capel 2010) and mammals (Pask et al., 2010). In addition, E2 treatment 

has been reported to decreases ARα gene expression in western mosquitofish (Gambusia 

affinis) (Huang et al., 2012). The interstitial fibrosis observed in E2, E2+Flu low and E2+Flu 

high treatments is in consistency with other in vitro (Bouma et al., 2003) and in vivo (Gimeno 

et al., 1998; Karels et al., 2001; Rasmussen and Korsgaard 2004) studies reporting testicular 

fibrosis after exposures to estrogens in fish. 

Histological analysis of the gonads revealed precocious development of the ovaries in 

fish treated with E2 and/or flutamide. This is in consistency with an earlier study where 

treatment of 100 dph catfish (Clarias batrachus) to 33µg/L flutamide, alone or in 

combination with an estrogenic pesticide – endosulfan – for 50 days resulted in higher 

frequency of previtellogenic oocytes (Chakrabarty et al., 2012). Induction in the transcripts 

for ERs after estrogenic exposure has been well documented. Some studies have reported 

similar results after treatment with flutamide in fish (Filby et al., 2007), mammals (West et 

al., 1990) and humans (KruithofDekker et al., 1996). However, the mechanism by which 
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flutamide can upregulate ERs is not fully understood. An upregulation of ERs could have 

initiated activation of ER-regulated pathways of which VTG synthesis is of prime 

importance. We believe high concentration of VTG and its increased incorporation into the 

oocytes could have resulted in a higher proportion of vitellogenic oocytes after treatment with 

flutamide and/or E2. 

It is likely that more 11-KT was produced in the brain (head tissue) to compensate for 

the demasulinisation after flutamide and/or E2 exposures. An increase in the androgen levels 

after treatment with anti-androgens like flutamide and vinclozolin has been reported in 

fathead minnow (Jensen et al., 2004; Martinovic et al., 2008). Flutamide has been 

demonstrated to increase the expression of the genes for enzymes involved in androgen 

biosynthesis in fish and rats (CYP11A1, CYP17, 3β-HSD) (Filby et al., 2007; Ohsako et al., 

2003). Higher levels of circulating androgens after treatment with flutamide could also be due 

to their displacement from the ARs by flutamide (Ankley et al., 2004). In addition, flutamide 

has been reported to stimulate LH production which, in turn, increases the testosterone levels 

in  plasma  (O'Connor et al., 2002). We believe testosterone could have oxidised into 11-KT 

instead of undergoing aromatisation to yield E2. However, we did not did not measure the 

aromatase activity in the present study. Testosterone can be transformed into 11-KT, the 

biologically active form of androgen in fish even in the absence of gonadotropins (Ueda et 

al., 1984). It is likely that some signal transduction pathways are initiated by the binding of 

flutamide to the ARs that lower the circulating levels of E2 (Shilling and Williams 2000). 

Our hypothesis is supported by a study in which administration of flutamide in diet (50 

mg/kg) for 2 wk reduced the E2 levels and increased the 11-KT levels in Eurasian perch 

(Mandiki et al., 2005). Androgens like testosterone and 11-KT can inhibit the E2 production 

stimulated by gonadotropins in fish by a cell-surface mediated, non-genomic mechanism 
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(Braun and Thomas 2003). This pathway would inhibit E2 production to combat increased 

feminisation (due to E2 exposure) and decreased androgenicity (due to flutamide exposure). 

Rats administered a dose of 15 mg flutamide per day for 7 days had 42% reduction in 

hypothalamus-preoptic area aromatase activity (Roselli and Resko 1984). 

An induction in the VTG levels as a result of estrogenic exposure in early life stages 

has been demonstrated in zebrafish (Brion et al., 2004) and fathead minnow (Tyler et al., 

1999). Fathead minnows exposed to flutamide 320 µg/L for 7 days or 500 - 1000 µg/L for 21 

days and 700 µg/L vinclozolin for 21 days exhibited an increase in the VTG levels (Filby et 

al., 2007; Jensen et al., 2004; Martinovic et al., 2008; Panter et al., 2004). However, the 

researchers in these studies also reported either increase in E2 levels (Jensen et al., 2004) or 

decreased incorporation of VTG into the oocytes (Martinovic et al., 2008). However, we 

report a higher proportion of early vitellogenic oocytes after exposures to flutamide and/or 

E2. It should be noted that the E2 concentrations reported in the present study were measured 

in the head region and do not represent the circulating levels. It is possible that upregulation 

of ER expression by E2 directly and by flutamide indirectly could have initiated VTG 

production. Upregulation of the genes for ERs after flutamide exposure has been 

demonstrated in fish, rats, rabbits, monkeys and humans (Bodker et al., 1997; Filby et al., 

2007; Samy et al., 2000; West et al., 1990; Yu et al., 2005). Recently, we found flutamide 

upregulated the hepatic transcript for ERα and induced VTG protein in the plasma of male 

Murray rainbowfish (Bhatia et al., 2014). Although, the mechanism with which anti-

androgens induce the expression of ER genes remains unclear, a recent study reported down-

regulation of ERs after exposure to testosterone in mosquitofish (Huang et al., 2012). It is 

possible that the increase in the expression of ER transcript could have resulted in the binding 
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of E2 to the ERs. This could have caused an increase in the VTG and decrease in the E2 

levels. However, we did not measure the gene expression of the ERs. 

Exposures to flutamide had profound effect on spermatogenesis. Spermatogonial 

development was impaired and this effect was severe in the presence of E2. In contrast, there 

was a precocious development of the oocytes with higher proportion of early vitellogenic 

oocytes after treatment with flutamide and/or E2. There was a small incidence of inter-sex 

gonads (with more of the ovarian cells) after treatments with E2, Flu high, E2+Flu low and 

E2+Flu high. Future studies investigating the expression of the genes involved in testicular 

differentiation (Dmrt1, Dmy) (Johnsen and Andersen 2012) or ovarian differentiation (Foxl2, 

aromatase) (Siegfried and Nuesslein-Volhard 2008) in sexually undifferentiated fish could 

help better understand the incidences of intersex gonads and sex reversal in sexually 

undifferentiated fish. Induction in VTG and impairment of the hormonal profile suggested 

potential reproductive malfunctions. A positive co-relation has demonstrated between the 

anti-androgenic and estrogenic activities of chemicals using in vitro yeast screens, 

suggesting, anti-androgens can assert estrogenic effects (Grover et al., 2011). In addition, 

different mechanisms in the body are linked and any deviation from normal in one, can be 

reflected in the other (Kloas et al., 2009). 

CONCLUSIONS 

The model anti-androgen, flutamide was designed to treat diseases like prostate cancer 

in men and polycystic ovarian syndrome in women. The present study confirms previous in 

vivo findings that chemicals identified as anti-androgens like flutamide can interfere with the 

reproductive fitness in fish. We found that flutamide asserts similar effects as E2 on the 

biochemical, histological and hormonal profile of juvenile fish. In addition, flutamide did not 
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significantly increase the E2-induced effects on body-growth; and the concentrations of VTG 

and sex-steroid hormones. However, qualitative investigation showed that flutamide 

amplified the E2-induced effects on gonadal cell development in juvenile fish. E2+flu high 

inhibited the sperm development in the testes and resulted in precocious oocyte development 

in the ovaries. Based on the previous studies and the data from the present study, we conclude 

that anti-androgens do not add to the effects of estrogens due to different modes of action. 

However, they induce similar effects which can cause additive inhibition/stimulation of the 

gonad development. The incidence of intersex highlights the potential adverse effects of 

environmentally relevant concentrations of anti-androgens in combination with estrogens on 

sexual differentiation of juvenile fish. Further research is warranted to elucidate the MoA of 

flutamide in combination with estrogens at genetic level by investigating the genes involved 

in gonadal differentiation (Dmrt,1 Dmy, Foxl2 and aromatase). 
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Figure 1: Weight of (A) male and (B) female; length of (C) male and (D) female and condition factor of (E) male and (F) juvenile Murray 

rainbowfish after exposures to flutamide and/or 17β-estradiol for 35 days. Bars represent standard error. 

Means not followed by the same letter are significantly different (p ≤ 0.05) 
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Figure 2: Photomicrographs of the longitudinal sections of the abdominal regions of juvenile Murray rainbowfish (Melanotaenia fluviatilis) 

showing the ovaries. A) Water control B) 25 ng/L E2 (E2) C) 250 µg/L flutamide (Flu high) D) 25 ng/L E2 + 250 µg/L flutamide (E2+Flu high). 

The arrows represent perinucleolar oocytes (       ), cortical alveolar oocytes (       ), early vitellogenic oocytes (       ) and interstitial fibrosis 

(  ). Note the increase in proportion of early vitellogenic oocytes in the E2, Flu high and E2+Flu high treatments and the interstitial fibrosis in 

E2+Flu high treatment. 
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Figure 3: Photomicrographs of the longitudinal sections of the abdominal regions of juvenile Murray rainbowfish (Melanotaenia fluviatilis) 

showing the testes. A) Water control B) 25 ng/L E2 (E2) C) 250 µg/L flutamide (Flu high) D) 25 ng/L E2 + 250 µg/L flutamide (E2+Flu high). 

The arrows represent spermatozoa (      ), vacuolation (       ) and interstitial fibrosis (       ). Note the increase in the height of germinal epithelium 

represented by (       )   in E2, Flu high and E2+Flu high treatments. Note the reduction in the proportion of sperms in E2 and Flu high treatments 

and absence of sperms in E2+Flu high treatment. 

  

171



Figure 4: Photomicrographs of the longitudinal sections of the abdominal regions of juvenile Murray rainbowfish (Melanotaenia 

fluviatilis) showing the intersex gonads in fish after treatment with A) 250 µg/L flutamide (Flu high) and B) 25 ng/L E2 + 250 µg/L 

flutamide (E2+Flu high). The arrows represent perinucleolar oocytes (  ) and early vitellogenic oocytes (  ). Note the development 

of spermatocytes (       ) between the oocytes. 
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Figure 5: Head concentrations of 17β-estradiol (E2) in (A) males and (B) females; 11-keto testosterone (11-KT) in (C) males and  (D) 

females; E2/11-KT value in (E) males and (F) females of Murray rainbowfish after treatment with 25 ng/L E2 (E2), 25 µg/L flutamide 

(Flu low), 250 µg/L flutamide (Flu high), 25 ng/L E2 + 25 µg/L flutamide (E2+Flu low) and 25 ng/L E2 + 250 µg/L flutamide (E2+Flu 

high). Bars represent standard error. 

Means not followed by the same letter are significantly different (p ≤ 0.05). 
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Figure 6: Tail concentrations of vitellogenin (VTG) in (A) males and (B) females of Murray rainbowfish after treatment with 25 ng/L E2 

(E2), 25 µg/L flutamide (Flu low), 250 µg/L flutamide (Flu high), 25 ng/L E2 + 25 µg/L flutamide (E2+Flu low) and 25 ng/L E2 + 250 

µg/L flutamide (E2+Flu high). Bars represent standard error. 

Means not followed by the same letter are significantly different (p ≤ 0.05) 
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Supplementary Table 1: Measured concentrations (mean ± SE) of 17β-estradiol and flutamide in fish tanks by GCMS-MS and LCMS-MS, 

respectively before the start of exposure and 24 h after spiking of the test solutions and water quality parameters (mean ± SE) measured daily in 

fish tanks (n = 4) 

Treatment Measured concentrations Water quality Temperature (°C) 

17β-estradiol (ng/L) Flutamide (µg/L) 
pH 

Dissolved oxygen 

(%) 

Conductivity 

(µS/cm) 

Before the start 

of exposure 

24 h after 

spiking 

Before the start 

of exposure 

24 h after 

spiking 

Water <LOD
d

<LOD
d

<LOD
e

<LOD
e

6.8 ± 0.6 82  ± 5 1187 ± 95 23 ± 0.1 

Solvent <LOD
d

<LOD
d

<LOD
e

<LOD
e

6.8  ± 0.6 82 ± 3 1211 ± 98 

E2
a

22 ± 11 14 ± 1 <LOD
e

<LOD
e

7.0 ± 0.6 82 ± 5 1214 ± 98 

Flu low
b

<LOD
d

<LOD
d

23 ± 3 19 ± 1 6.9 ± 0.6 83 ± 6 1185 ± 95 

Flu high
c

<LOD
d

<LOD
d

263 ± 12 212 ± 8 6.8 ± 0.5 84 ± 5 1207 ± 97 

E2
a
 + Flu low

 b
29 ± 2 20 ± 1 28 ± 1 23 ± 2 6.9 ± 0.6 83 ± 4 1235 ± 92 

E2
a
 + Flu high

 c
26 ± 2 21 ± 2 257 ± 7 223 ± 10 7.1 ±  0.5 82 ± 4 1251 ± 89 

a
Nominal concentration of 17β-estradiol 25 ng/L 

b
Nominal concentration of flutamide low 25 µg/L 
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c
Nominal concentration of flutamide high 250 µg/L 

d
Limit of detection of 17β-estradiol 2 ng/L 

e
Limit of detection of flutamide 10 ng/L 
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Supplementary Figure 1: Proportions of male, female and intersex juvenile Murray 

rainbowfish after exposures to 25 ng/L E2 (E2), 25 µg/L flutamide (Flu low), 250 µg/L 

flutamide (Flu high), 25 ng/L E2 + 25 µg/L flutamide (E2+Flu low) and 25 ng/L E2 + 250 

µg/L flutamide (E2+Flu high) for 35 days. There were no significant differences in the ratios 

of different sexes across the treatments. 
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ABSTRACT 

The aim of the present study was to evaluate whether long-term exposures to 

environmentally relevant concentrations of di-n-butyl phthalate (DnBP) disrupt the 

reproduction-based endpoints in juvenile Murray rainbowfish (Melanotaenia fluviatilis). Fish 

were exposed to 5, 15 or 50 µg/L DnBP for 30, 60 and 90 days each, and the effects on 

survival; body growth; whole-body concentrations of sex steroid hormones; and gonadal 

development were investigated. The lowest observed effective concentration to affect the 

condition factor after 90 days was 5 µg/L. Complete feminisation of the gonad was noted in 

fish exposed to 5 µg/L for 90 days and to 15 and 50 µg/L of DnBP for 30 or 60 days. After 

90 days of exposure to DnBP, the ovaries were regressed and immature as opposed to the 

control fish which were in early-vitellogenic stage. Testes, present only in fish exposed to 5 

µg/L of DnBP for 30 or 60 days, were immature in comparison to the control fish that 

contained testes in mid-spermatogenic phase. The E2/11-KT ratio was significantly higher 

only after exposures to 5 µg/L of DnBP for 90 days and 50 µg/L of DnBP for 30 days. Our 
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data suggest that long-term exposures to 5 µg/L of DnBP for 30 days did not have profound 

effects on body growth and gonadal differentiation of fish. However, 30 days of exposure to 

15 µg/L could interfere with the gonad development and to 50 µg/L could compromise the 

hormonal profile of juvenile fish. 

Keywords: Sexually-undifferentiated fish; phthalates; chronic exposure; gonadal 

differentiation; steroid hormones 

INTRODUCTION 

Phthalic acid esters or phthalates were first created in the early twentieth century for 

application as industrial plasticisers in the manufacture of products like inks, medicines, 

cosmetics, toys etc. The current global annual production of phthalates is 6 million tonnes 

(www.phthalates.com). Since phthalates do not bind chemically to the substrates, they can 

leach out of the consumer products and diffuse into the environment (Autian 1973). Due to 

their high production volume and continuous release into the environment, phthalates are 

regularly detected in aquatic ecosystems. The concentration of one of the most commonly 

used phthalate, di-n-butyl phthalate (DnBP) detected in freshwater around the world is highly 

variable ranging from ng/L to mg/L – in Austria (2.4 ng/L), Australia (46.4 ng/L), Japan (540 

ng/L), China (3.60 µg/L), UK (12 – 33.5 µg/L), Netherlands (250 µg/L), Germany (500 

µg/L) and South Africa (10.2 mg/L) (Clara et al., 2010; Fatoki et al., 2010; Fatoki and 

Vernon 1990; Fromme et al., 2002; Suzuki et al., 2001; Tan et al., 2007; Vethaak et al., 

2005; Zeng et al., 2008). 

In vitro assays have reported anti-androgenic activity of DnBP, with IC50 value of 

1.05 x 10
-6

 M (Shen et al., 2009). With the detection of phthalates in the receiving
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environment world-wide, their potential threat to the reproductive health of male fish has 

been investigated by some environmental toxicologists. For instance, Aoki and co-workers 

reported anti-androgenic effects, as evidenced by decrease in spiggin production in adult 

male three-spined stickleback (Gasterosteus aculeatus) after exposures to 35 µg/L DnBP for 

22 days (Aoki et al., 2011). Exposure of male zebrafish (Danio rerio) to 5000 mg DEHP/kg 

of body weight disrupted spermatogenesis and reduced the proportion of spermatozoa (Uren-

Webster et al., 2010). Testicular growth was inhibited in carp (Cyprinus carpio) treated with 

diethyl phthalate (DEP) (Barse et al., 2007). In the estrogen receptor (ER)-mediated reporter 

gene assay, DnBP was demonstrated to be estrogenic at concentration of 1 x 10
-4

 M and 

induced cumulative estrogenicity in the presence of endogenous estrogens (Harris et al., 

1997; Jobling et al., 1995; Shen et al., 2009). The estrogenic potency of phthalates was 

recently confirmed in in vivo studies using male fish. Short-term exposures to high 

concentration of phthalates induced the circulating levels of the egg yolk-precursor protein, 

vitellogenin (VTG) or the expression of its gene in liver of male fish (Bhatia et al., 2014; 

Uren-Webster et al., 2010). Interestingly, phthalates have also been demonstrated to induce 

anti-estrogenicity in female fish. For instance, reduction in 17β-estradiol (E2) concentrations 

in female carp exposed to 20.5 mg diethylhexyl phthalate (DEHP) for 48 h (Han et al., 2009), 

decrease in fecundity in female zebrafish after treatment with 40 µg/L DEHP for 3 wk 

(Carnevali et al., 2010) and decline in VTG protein in female Murray rainbowfish 

(Melanotaenia fluviatilis) exposed to 1000 µg/L DnBP for 7 d (Bhatia et al., 2013).  

 

A growing body of mammalian studies have reported feminizing effects (like 

retention of nipples and reduction in anogenital distance) and anti-androgenic effects (like 

malformations of epididymis and vas deferens, cryptorchidism and hypospadias) in male rats 

administered DnBP during critical stages of their development (Foster et al., 2001; Kim et 
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al., 2004; Mylchreest et al., 2000; Wolf et al., 1999). Since mammals and fish share similar 

vertebrate etiology, it is hypothesised that the same endocrine disruptors like phthalates can 

compromise the reproductive fitness in juvenile fish as well. In comparison to mammals, fish 

have a larger sensitive window of sexual differentiation which continues in juvenile stage of 

the life-cycle. Therefore, exposures to endocrine disrupting chemicals (EDCs) during juvenile 

stages can cause endocrine disruption or even sex reversal. For instance, inter-sex gonads 

were induced in medaka (Oryzias latipes) after treatment with anti-androgens like 

cyperoterone acetate and vinclozolin and estrogens like nonyl phenol and E2 (Gray and 

Metcalfe 1997; Nimrod and Benson 1998). In a recent study, exposure of European pikeperch 

(Sander lucioperca) to up to 2 g of DnBP per kg feed during the sex differentiation period 

(days 61 – 96 post hatch) delayed testicular development (Jarmolowicz et al., 2013). Despite 

their widespread and long-term usage, demonstrated ability to interfere with reproductive 

development during the sensitive phases of life-cycle in mammals and ubiquitous detection in 

freshwater, phthalates have not been extensively tested for their effects after long-term 

exposures in juvenile fish. 

In the present study, the endocrine disrupting-potencies of exposures for long-term to 

environmentally relevant concentrations of DnBP were assessed using gonadal 

histopathology and the whole-body concentrations of the sex steroid hormones as the 

responses in juvenile Murray rainbowfish. The Murray rainbowfish (family Melanotaeniidae) 

is a native Australian fish species residing in Murray-Darling river system. The embryonic 

development is completed in 7 – 9 days and the larvae (3 – 5 mm) grow into adults in 6 – 8 

months. We have recently reported the effects of DnBP on the biomarkers of reproduction in 

adult male and female fish of this species (Bhatia et al., 2013; Bhatia et al., 2014). Based on 

the fresh-water recommendations of DnBP in Australia (> 9.9 µg/L) 
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(http://www.environment.gov.au/resource/australian-and-new-zealand-guidelines-fresh-and-

marine-water-quality-volume-1-guidelines), we aimed to investigate the effects of exposures 

of 5 µg/L (low), 15 µg/L (moderate) and 50 µg/L (high) of DnBP for 30, 60 and 90 days on 

the reproduction-based endpoints in sexually undifferentiated Murray rainbowfish.  

MATERIALS AND METHODS 

Culture and maintenance of fish 

Sexually undifferentiated Murray rainbowfish (30 days post hatch [dph]) (10 mg 

approximately) were obtained from Aquarium Industries, Victoria. Fish were acclimated to 

the laboratory environment for 2 weeks in artificial freshwater (7.5 g MgSO4, 9.6 g NaHCO3, 

1.5 g CaCl2, 40 g NaCl, 3 g KCl and 6 g CaSO4 in 100 L Milli-Q water at pH 6.8 – 7.5; 

conductivity 1200 – 1500 µS/cm; dissolved oxygen [DO] > 60%) at loading <0.5 g/L. During 

this period, the temperature in the laboratory was maintained at 23°C with 16 h:8 h light:dark 

photoperiod and 60 min gradual sunrise/sunset. Fish were fed 4% (w/w) baby brine shrimp 

from frozen stocks daily. The maintenance and testing of the fish were in accordance to 

animal ethics approvals (S-2010-084 – The University of Adelaide; 774-12/13 – CSIRO Food 

Sciences and Nutrition, Adelaide). 

Chemicals 

Di-n-butyl phthalate (DnBP; CAS number 84-74-2) (1,2-dibenzenecarboxylic acid) 

was purchased from Sigma-Aldrich. Stock solution (100 g/L) was prepared in ultra-pure 

methanol in amber glass bottle and kept at -20°C in dark until use. Working solutions (1 – 10 

g/L) were prepared daily from the stock solution. Fresh stock solution was prepared every 

week. 
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Fish exposure 

Fish were exposed in 1 L water in glass beakers to 5, 15 and 50 µg/L DnBP in a semi-

static system (60 beakers in total). Water control and 0.0005% solvent control beakers were 

also set up. The concentration of the solvent was same across all DnBP treatments and the 

solvent control. Four beakers containing four fish in each were used (16 fish per treatment per 

time interval with 240 total fish). After 30 days of exposure, the fish were transferred to 

beakers containing 2 L water to account for their growth. Oxygenation with very light 

bubbling was set up using capillaries attached to the aerators. The temperature was 

maintained at 23°C and recorded every 5 s using a logger (Hobo) placed in one of the testing 

beakers. The physical conditions (temperature and light intensity in the laboratory; and DO, 

pH and conductivity of water) during the test were similar to those during acclimation period. 

Fish were fed 4% (w/w) baby brine shrimp once daily. The water in the testing beakers was 

renewed and spiked with fresh DnBP solutions daily. The conductivity, DO and pH of the 

water were measured every day just before renewals. 

Sampling procedure 

After 30 days of exposure to DnBP, 16 fish from each treatment were anaesthetised in 

20 mg/L tricaine methanesulfonate (MS222). The lengths and weights of the fish were 

measured and the condition factor (CF) was calculated according to the formula, CF = body 

weight (g) / [total length (cm)]
3
 x 100. Eight fish were snap-frozen and stored separately at -

80°C until use for whole-body hormone analyses. The remaining eight fish were fixed in 10% 

neutral buffered formalin for investigation of gonad development by whole body sectioning. 

The same procedure was adopted for sampling after 60 and 90 days of the test. Due to small 

size of the fish (1 – 2 cm), the present study was designed to conduct whole body hormone 

and histological analyses. 
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Water chemistry 

Two samples of water (500 mL) were collected from the control and from the 5, 15 

and 50 µg/L of DnBP treatments before the start of the exposure (0 day samples). Water (500 

mL) was also collected on days 1, 7, 14, 21, 35, 42, 49, 56, 63, 70, 77, 84 and 90 of the 

exposure (24 h after spiking) from all the 4 replicates in each treatment. The glass amber 

bottles used to collect water were washed in hexane, acetone and Pyroneg before baking at 

400°C for 8 h to prevent contamination by phthalates. The water was spiked with 0.01 M of 

sulphuric acid to prevent degradation of DnBP by microbial growth and filtered through glass 

filters with pore sizes 1.2 µm and 0.3 µm (Advantec). The filtered water was then loaded 

onto cartridges (Oasis), pre-conditioned with ultra-pure water and methanol. The solid phase 

was extracted from the water and eluted two times using methanol and dichloromethane (3 

mL each). The solvents were evaporated under a gentle stream of ultra-pure nitrogen gas at 

30°C and the solid phase extract was reconstituted in 1 mL hexane. 

The concentrations of DnBP in water were measured using gas chromatography-mass 

spectrometry (GC-MS) (Network mass selective detector, Agilent) according to the method 

of Bhatia et al. (2013). Sample (1 µL) was injected into the GC-MS column using ultra-pure 

helium as the carrier gas at 280°C. A flow rate of 49.6 mL/min was maintained. Quantitative 

determinations were performed in the single-ion monitoring mode. The concentrations of 

DnBP in the samples were measured based on its retention time and the relative abundance of 

target ions. The DnBP standards (0.06 µg/L to 62.5 µg/L) were run at the beginning and at 

the end of the entire sequence of the samples and one standard was analysed after running 

three samples to ensure the accuracy of the instrument. The limit of quantification (LOQ) was 
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set as the concentration of DnBP with response area 20% of the lowest concentration of the 

standard. The limit of detection (LOD) was set as one-third of the LOQ. 

Histological examination 

The whole body of the fish was fixed in 10% formalin for at least 48 h and then 

processed by the method outlined by Bhatia et al. (2013) for histological investigation. The 

tissues were dehydrated in a graded series of ethanol and xylene using an automated tissue 

processor (Leica) and then embedded in paraffin using a paraffin-embedding centre (Leica). 

Rough vertical sectioning of the block was done on a rotary microtome (Microm 

International). The sections were floated on a water bath at 40°C, lifted on a slide and 

immediately analysed for the appearance of gonadal cells. Once the gonadal cells began to 

appear, six sections (4 – 5 µm) were cut. The sections were laid on a glass slide, dried and 

hydrated in a graded series of ethanol. The sections were stained with haematoxylin and eosin 

phloxine (HD Scientific), photographed using an Olympus BX51 microscope and analysed 

with AnalySIS software (Olympus Soft Imaging Solutions GmbH 5.0 build 1235). 

The germ cells in the ovaries were identified on the basis of their size and the 

presence of cortical alveoli or yolk vesicles as outlined by Bhatia et al. (2013) and classified 

as follows: 

a) Perinucleolar oocytes had a large nucleus and homogenously staining, dark ooplasm.

Cortical alveoli and yolk vesicles were absent; 

b) Cortical alveolar oocytes were larger than perinucleolar oocytes. The cortical alveoli

were arranged in a ring near the periphery of the oocytes; 

c) Early vitellogenic oocytes showed a beginning of the appearance of yolk vesicles in

the centre. The cytoplasm was filled with cortical alveoli and 
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d) Late vitellogenic oocytes had their entire cytoplasm filled with yolk vesicles and the

cortical alveoli were pushed to the periphery. 

The developmental stage of the ovaries was classified as follows: 

a) Stage 0 (immature): Only perinucleolar oocytes were present in this stage;

b) Stage I (previtellogenic): Abundant perinucleolar oocytes and a few cortical alveolar

   oocytes were present; 

c) Stage II (vitellogenic): early vitellogenic oocytes can be seen in this stage. In

    addition, some perinucleolar and cortical alveolar oocytes are also present and 

d) Stage III (mature): Abundant late vitellogenic oocytes with accumulated

  vitellogenic granules were present. 

The testicular germ cells were classified by the method of Bhatia et al. (2014) as 

follows: 

a) Spermatogonia were large cells with eosinophilic cytoplasm arranged in groups of 3

– 4 near but not limited to the periphery of the testes;

b) Spermatocytes had moderate amount of dark staining cytoplasm. These were

  arranged in clusters called the spermatocysts throughout the length of the testes; 

c) Spermatids were small cells with dense cytoplasm and were found in between the

  spermatocysts and 

d) Spermatozoa were mature germ cells scattered in the tubular lumen. These were the

  smallest in size with minimal cytoplasm. 

The development of the testes was classified into the following stages: 

a) Stage 0 (immature): The testes consisted of spermatogonia and spermtaocytes only.

  No spermatozoa were present in this stage; 
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b) Stage I (early-spermatogenic): spermatozoa begin to appear in this stage. Abundant

  spermatocytes were present; 

c) Stage II (mid-spermatogenic): Approximately similar proportions of spermatocytes,

spermatids and spermatozoa were present and 

d) Stage III (mature): All types of germ cells were present. However, the proportion of

spermatozoa was the highest. 

Hormone analyses 

 The concentrations of sex steroid hormones - E2 and 11-keto testosterone (11-KT) in 

the whole-body homogenates were measured using enzyme immunoassay (EIA) kits 

(Cayman Chemicals) Bhatia et al. (2014c). The method was validated by investigating 

parallelism between E2 or 11-KT standards and the hormone concentrations in serially 

diluted (1:2 – 1:256) whole-body homogenates of fish. The dilution of the sample 

corresponding to 50% bound antibody was used as the dilution factor for the test samples (2 

times here). The snap-frozen whole fish bodies were thawed on ice, weighed and 

homogenised in 1:10 (w/v) homogenisation buffer (pH 7.4) (100 mM KCl, 19 mM KH2PO4, 

0.02 M HEPES, 1 mM EDTA and 1 mM dithioreitol) using 1 mm zirconium oxide beads 

(Thermo Fischer Scientific) on Fastprep-24 (MP-Biomedicals) at 6 m/s for 60 sec. The 

homogenate was centrifuged at 1500 g for 60 min at 4°C. The homogenate was separated 

from the pellet and diluted two times in phosphate buffer saline (pH 7.4). 

The wells of the 96-well plate used were coated with anti-rabbit IgG antibody. The E2 

standards (6.6 pg/mL – 4000 pg/mL) or 11-KT standards (0.78 pg/mL – 100 pg/mL) were 

added to wells. Samples (50 µL), in triplicates, were added per well. Hundred microlitres and 

50 µL of EIA buffer were added to the wells designated as non-specific binding and 
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maximum binding (B0), respectively. E2 (or 11-KT) acetyl cholinesterase (AChE) tracer (50 

µL) was added to each well except to the total activity (TA) and the blank (Blk) wells. Then 

50 µL E2 (or 11-KT) rabbit anti-serum were added to each well except to the TA, NSB and 

Blk wells and the plate was incubated at room temperature for 60 min for E2 measurement 

(or for 18 h at 4 °C for 11-KT measurement). After incubation, the wells were washed five 

times with wash buffer to remove unbound reagents. Ellman’s reagent (200 µL) was added to 

each well. At this stage 5 µL of the E2 (or 11-KT) tracer was added to the TA wells and the 

plate was placed on an orbital shaker for 60 – 90 min for E2 measurement (or 90 – 120 min 

for 11-KT measurement). The luminescence was recorded at 405 nm using a luminometer 

(Thermo Labsystems multiskan ascent microplate photometer). The intensity of the yellow 

colour was inversely proportional to the amount of steroid in the sample. 

The average absorbance reading of the NSB was subtracted from the average 

absorbance of B0 to obtain the corrected B0. The average NSB absorbance was subtracted 

from the average sample/standard absorbance and was divided by the corrected B0to obtain 

B/B0 (sample or standard bound/maximum bound). The %B/B0 for the standards was plotted 

against the standard concentration using linear (y) and log (x) axes and a four-parameter 

logistic fit was performed. The concentration of the hormones in the samples was determined 

by reading the value corresponding to % B/B0 on the x-axis. 

Data analyses 

Statistical analyses were performed using SigmaPlot 12.5. Four replicates containing 

2 fish in each were used for hormone analyses and for histological investigation for each 

treatment in the present study. There was no significant difference in the values of hormones 

between the fish across different tanks within the same treatment which confirmed the 
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absence of tank effects. Hence, the number of replicates used in statistical analyses was eight. 

Normality of the data was confirmed with Shapiro-Wilk test. The data that passed the 

normality were subjected to one-way analysis of variance (ANOVA) to determine differences 

between the treatments. Significance was set at p ≤ 0.05. The Holm-Sidak test was used to 

determine significant differences (p ≤ 0.05) between the groups. 

RESULTS 

Water quality and physical conditions during the test 

During the entire duration of the exposure, temperature was maintained at 23 ± 0.1°C. 

The conductivity of water in the testing tanks ranged between 1231 – 1241 µS/cm and the pH 

varied in the normal range of 6.8 – 7.1. The DO levels in the water were above 80% 

(Supplementary table). 

Analytical chemistry 

The average of the measured concentrations for the nominal levels of 5, 15 and 50 

µg/L of DnBP before the start of the exposure were 5 ± 0.5, 15 ± 1 and 50 ± 6 µg/L, 

respectively. After 24 h of spiking and exposure, 70 – 80% of the measured concentration of 

DnBP was still present in the 15 and 50 µg/L treatments. However, in the 5 µg/L treatment, 

120% of the measured levels of DnBP were recovered after 24 h. The LOQ and the LOD for 

the method used to measure DnBP were 0.012 µg/L and 0.004 µg/L, respectively. DnBP 

levels in the water and solvent control tanks were below LOD before the start of the exposure 

and below LOQ 24 h after spiking of the test solutions (Supplementary Table). 
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Mortality and vital indices 

After 90 days of exposure, no mortality was found in the juvenile fish suggesting no 

effect of long-term exposures to environmentally relevant concentrations of DnBP on the 

survival of fish. The control fish showed normal growth pattern over 90 days of the 

experiment with significant increases in lengths and weights at each sampling time 

(Supplementary figure, Figure 1A). Concentration of 5 µg/L of DnBP did not affect the 

lengths or weights significantly after 30 days. Exposure to 15 and 50 µg/L of DnBP resulted 

in significant reductions in the weights of the fish with respect to the corresponding controls 

(p ≤ 0.05) at all sampling times (Figures 1B). Significant reductions in the lengths of the fish 

were noted after treatment with DnBP for 60 days at all concentrations (p ≤ 0.05). The lowest 

observed effective concentration (LOEC) to induce significant changes in CF was 5 µg/L 

after 90 days (p ≤ 0.05) (Figure 1C, Table 1). 

Gonadal histopathology 

The ovaries of the water and solvent control fish on days 0, 30 and 60 contained only 

perinucleolar oocytes and were in stage 0 (immature) of development (Figure 2A, 2B. 2C). 

On day 90, cortical alveolar and early vitellogenic oocytes were also present and the ovaries 

were in stage II (vitellogenic) of development (Figure 2D). The testes in the water and 

solvent control fish on days 0 and 30 contained spermatogonia and spermatocytes and were in 

stage 0 (immature) (Figure 3A, 3B). A few spermatozoa, in addition to the spermatogonia 

and spermatocytes were seen in the testes after 60 days in the controls (stage I early-

spermatogenic) (Figure 3C). After 90 days of the test, approximately similar proportions of 

all types of germ cells were present in the testes, which were then in stage II (mid-

spermatogenic) (Figure 3D). The histological analysis of the gonads in water and solvent 

controls further suggested that females mature earlier than males. Only 25% of the fish were 
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males on days 0 and 30. Thirty-three percent males were found after 60 days and their 

proportion rose to 50% by day 90. 

Exposures to 5 µg/L of DnBP for up to 60 d did not have profound effects on gonadal 

differentiation. Twelve percent of the fish were males containing only spermatogonia and 

spermatocytes (stage 0). Testes, where found, were immature and vacuolated (Figure 4A). 

Histological investigation revealed that all the fish exposed to 5 µg/L for 90 days contained 

ovaries (complete feminisation). Similar results were noted in fish exposed to 50 µg/L of 

DnBP for 30 and 60 days. However, the ovaries from DnBP-treated fish were immature 

(stage 0) even after 60 days of the test (Figures 4B, 4C). Intersex condition was noted in 50% 

of the fish exposed to 50 µg/L DnBP on day 90 (Figure 4D). Interestingly, similar 

histological results were noted in 15 µg/L treated fish. Ovaries in all DnBP-treated fish were 

regressed and immature containing only perinucleolar oocytes. Absence of vitellogenic 

oocytes confirmed that the ovaries were immature. 

Hormone analyses 

In control fish, the whole-body concentrations of E2 did not differ significantly after 

days 30, 60 and 90 of the test and were significantly lower than those in the 0 day fish (p ≤ 

0.05). Similar trend was seen in the 11-KT concentrations. Exposures to 5 µg/L of DnBP for 

up to 60 days did not result in significant change in the E2 or 11-KT levels. However, on day 

90, a significant increase in E2 and decrease in 11-KT levels were noted in this treatment (p ≤ 

0.05). Treatment with 15 µg/L DnBP induced E2 and 11-KT levels at all time intervals 

investigated with respect to the corresponding control fish. Within the 15 µg/L treatment, the 

increase in E2 was significant only after 90 days of exposure (p ≤ 0.05). In the 50 µg/L of 

DnBP treated fish, significant increase in the E2 and 11-KT concentrations were noted only 
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on day 60 (p ≤ 0.05) (Figures 5A, 5B). Significant inductions in the E2/11-KT levels were 

measured in fish exposed to 5 µg/L of DnBP for 90 days and in those exposed to 50 µg/L 

DnBP for 30 days (Figure 5C). 

Based on the data obtained on day 90 in the present study, the LOEC of DnBP to 

cause mortality in fish is > 50 µg/L. The LOEC to significantly affect the length, weight and 

CF of the fish is 5 µg/L. 100% feminisation of the gonad is at 5 µg/L while inter-sex 

condition can be seen at LOEC of 50 µg/L of DnBP. The LOEC for whole-body E2, 11-KT 

and E2/11-KT changes is 5 µg/L on day 90 of exposure (Table 1). 

DISUSSION 

The aim of the present study was to investigate the effects of long-term exposures to 

environmentally relevant concentrations of DnBP on gonadal differentiation and the whole-

body concentrations of sex steroid hormones in juvenile Murray rainbowfish. We found 

complete feminisation of the gonads after treatment of fish with 15 and 50 µg/L DnBP for 30 

or 60 days. 

Our data are consistent with the earlier findings reporting inhibitory effects of 

phthalates on the growth of fish. Juvenile guppies treated with 10 µg/L DEHP for 91 days 

showed 40% and 70% reductions in their lengths and weights, respectively (Zanotelli et al., 

2010). Exposure of <3 day old Japanese medaka to 502 µg/L DEHP for 168 days has been 

reported to result in 13% weight reduction (Defoe et al., 1990). Similar reductions in weights 

have been reported in medaka at 5 months, after treating eggs until hatch (Chikae et al., 

2004) or fry for 3 wk (Chikae et al., 2004) with 10 µg/L DEHP. Condition factor, based on 

lengths and weights, has been regarded as a reliable tool to determine fish health and welfare 
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(Bervoets and Blust, 2003; Bolger and Connolly 1989). High CF on day 90 after exposures to 

5 – 50 µg/L DnBP suggest adverse affects on the general health of fish. This suggests that 

low concentrations of phthalates delay the developmental process in fish without affecting 

their general health (Zanotelli et al., 2010). 

Although histological investigation revealed complete feminisation of the gonads 

after treatments with 5 µg/L of DnBP for 90 days and with 15 and 50 µg/L of DnBP at all 

sampling times, the ovaries were regressed, smaller in size and contained only perinucleolar 

oocytes. These observations confirm the earlier findings of the adverse effects of treatment 

with phthalates on the development of oocytes in fish. The oocytes failed to mature when 

medaka were exposed to 10 µg/L DEHP for 90 day (Kim et al., 2002) or to 40 µg/L DEHP 

for 21 days (Carnevali et al., 2010). A reduction in the sizes of mature oocytes was reported 

in mussels (Mytilus edulis) treated with 50 µg/L of diallyl phthalate for 21 days (Aarab et al., 

2006). In our recent study we treated adult Murray rainbowfish with 125 – 1000 µg/L DnBP 

for 7 days and found reductions in the sizes of early vitellogenic oocytes and increase in the 

sizes of perinucleolar and cortical alveolar oocytes (Bhatia et al., 2013). These findings align 

with an in vitro study where oocytes of zebrafish co-cultured with DEHP failed to undergo 

germinal vesicle breakdown (GVBD) (Tokumoto et al., 2005). Exposure of marine medaka 

(Oryzias melastigma) for 6 months decreased the egg production of exposed females (Ye et 

al., 2014). 

The failure of the oocytes to mature after treatment with DnBP could be due to low 

VTG concentrations or the failure to incorporate VTG into the growing oocytes. Although we 

did not measure VTG concentration in the present study, the absence of vitellogenic oocytes 

in DnBP-treated fish supports our hypothesis. In our previous study, we had reported 

226



significant reductions in the circulating levels of VTG in female rainbowfish after DnBP 

exposure (Bhatia et al., 2013). Vitellogenin is synthesised in the liver of egg-laying animals 

in response to estrogens that bind to the ERs in liver and activate the transcription of the gene 

for VTG. Interestingly, VTG changes in fish are sex-specific. Previous studies have reported 

induction of VTG protein after exposure to phthalates in male carp (Barse et al., 2007) and in 

male Murray rainbowfish (Bhatia et al., 2014). The VTG levels decrease after exposure to 

phthalates in females of the fish species as reported in Murray rainbowfish (Bhatia et al., 

2013) and medaka (Kim et al., 2002). Further research into VTG changes and molecular 

mechanisms underlying oocyte-development after exposure to phthalates in juvenile fish are 

warranted. 

Studies have also reported deleterious effects of exposure to phthalates on the 

development of germ cells in testes in fish. Treatment of zebrafish with a high concentration 

(500 mg/kg body weight) of DEHP for 10 days resulted in a significant decline in the 

proportion of spermatocytes (Uren-Webster et al., 2010). We exposed adult Murray 

rainbowfish to 125 – 1000 µg/L DnBP for 7 days and observed a significant reduction in the 

proportion of spermatozoa. This was accompanied by an increase in the germinal epithelium 

height (Bhatia et al., 2014). Few mammalian studies have attempted to elucidate the 

mechanism of action of phthalates in inhibiting germ cell development in the testis. In vitro 

culture of the Sertoli cells with monoethylhexyl phthalate (MEHP) inhibited the follicle 

stimulating hormone receptor-adenyl cyclase system (Mahvi et al., 2005), thereby, inhibiting 

initiation of spermatogenesis by FSH in rats (Grasso et al., 1993; Lloyd and Foster 1988). 

Mixture of phthalates with one another and with other anti-androgens resulted in dose-

additive disruption of the Leydig and the Sertoli cells maturation leading to reduction in the 

proportion of the germ cells in rats (Howdeshell et al., 2008). Phthalates have also been 
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reported to disrupt spermatogenesis in medaka and zebrafish by inducing the expression of 

the genes encoding peroxisome proliferator-activator receptors (PPAR) (Chikae et al., 2004; 

Uren-Webster et al., 2010). The molecular mechanism involved in the hindrance to 

spermatogenesis caused by phthalates needs to be investigated in Murray rainbowfish. 

Interestingly, the effects of DnBP on testes development seen in the present study are 

consistent with the findings in fish exposed to estrogens like E2, EE2 and 4-nonylphenol 

(Harries et al., 2000; Miles-Richardson et al., 1999; Pawlowski et al., 2004). We believe the 

absence of testicular germ cells and the development of oocytes in the gonads could be due to 

high levels of E2 measured in the present study. Treatment of male Japanese frog (Rana 

rugosa) to 280 µg/L DnBP during gonadal differentiation (19 – 23 dph) induced partial 

ovarian development in the testes (Ohtani et al., 2000). Ovo-testis has been reported in 

pikeperch exposed to up to 2 g DnBP during sex differentiation period (61 – 96 dph) 

(Jarmolowicz et al., 2013). Intersex has also been reported in Atlantic salmon (Salmo salar) 

exposed to 1.5 g/kg DEHP (Norman et al., 2007). However, the concentrations of phthalates 

used in these studies were either unrealistically high or the route of exposure was diet. 

The effects of phthalates on the hormonal profile appear to be gender-specific in fish. 

In addition, the concentrations of the phthalates used explicit confounding results. Exposure 

of marine medaka for 6 months to 500 µg/L DEHP resulted in increase in E2 concentrations 

in males as well as in females while testosterone (T) levels were higher only in females (Ye 

et al., 2014). Treatment of Chinese rare minnow (Gobiocypris rarus) to >40 µg/L DEHP for 

21 days led to an increase in the T and E2 levels (along with up-regulation of cyp19a) in 

males (Wang et al., 2013). Aoki and co-workers reported an induction in the levels of T in 

the plasma of male three-spined stickleback after exposures to up to 35 µg/L of DnBP for 22 
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days. However, no significant change was reported in the 11-KT levels (Aoki et al., 2011). It 

should be emphasised that in these studies, the circulating levels of the hormones in the 

plasma were measured. However, we measured the whole body concentrations of E2 and 11-

KT. 

Phthalates have been reported to displace E2 from ERs in rainbow trout (Matthews et 

al., 2000) and in rats (Blair et al., 2000). The increase in the concentration of E2 measured in 

the present study could be due to the displacement of E2 from ERs or due to the up-

regulation of the genes encoding ERs and the consequent activation of CYP19A1, the key 

enzyme catalysing the conversion of T to E2 after treatment with DnBP (Bhatia et al., 2014; 

Callard et al., 2001; Wang et al., 2013). In addition, phthalates like DEHP and MEHP have 

been demonstrated to up-regulate the expression of the gene encoding nuclear receptor 

subfamily-5 group a member 2 (nr5a2) in marine medaka (Ye et al., 2014) which has been 

reported to activate aromatase in American bullfrog (Rana catesbeiana) (Mayer et al., 2002). 

Aoki and co-workers reported increase in the testosterone concentrations in three-

spined stickleback after exposure to 22 and 35 µg/L of DnBP (Aoki et al., 2011). 

Testosterone is the precursor of 11-KT and E2. Although, the testosterone levels were not 

measured in the present study, we believe an increase in the testosterone levels could have 

resulted in high 11-KT concentrations. However, these findings need investigation and 

validation in Murray rainbowfish. We strongly recommend long-term exposures investigating 

the expression levels of the genes involved in genetic sex-determination like Dmrt1, Dmy 

(testicular differentiation) and cyp19a, Foxl2 (ovarian differentiation) can help better 

understand the incidences of sex reversal or intersex gonads in sexually undifferentiated fish. 
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The data presented here provide new insight into the endocrine disruption caused after 

exposures to environmentally relevant concentrations of phthalates in sexually 

undifferentiated Murray rainbowfish. Estrogenicity, as divulged from the E2/11-KT values, 

was induced after exposures to 5 µg/L of DnBP for 90 days and 50 µg/L of DnBP for 30 

days. The CF was adversely affected only 90 days of exposure to 5, 15 and 50 µg/L of DnBP. 

Treatment with DnBP affected the gonadal differentiation and development with skewed 

proportions of sex, favouring the females. However, the germ cell development in both 

ovaries and testes was hindered. 

CONCLUSIONS 

In conclusion, exposure to 5 µg/L of DnBP for up to 30 days was not deleterious to 

the general and reproductive health of the juvenile fish. Treatment with 15 and 50 µg/L of 

DnBP could induce complete feminisation of the gonads with altered E2 and 11-KT levels in 

30 days. Although the gonads were completely feminised, the oocyte-development was 

hindered in DnBP-treated fish. The LOEC values of DnBP for survival, length, weight and 

body condition factor proposed in the present study suggest the potential population-relevant 

adverse effects. In addition, the LOEC values for gonadal histology and steroid hormone 

concentrations can provide mechanistic signals for future chronic testing studies. Currently, 

Australia recommends maximum of 9.9 µg/L of DnBP for aquatic ecosystem 

(http://www.environment.gov.au/resource/australian-and-new-zealand-guidelines-fresh-and-

marine-water-quality-volume-1-guidelines). We found that the general health, gonadal 

development and sex-steroid hormone profile of the fish was adversely affected after 

treatments with low concentrations of DnBP (5 µg/L) for longer periods (90 days). We 

believe that although the levels of DnBP detected in Australian environment are safe, the 

water-quality guidelines are not protective for Murray rainbowfish. Since the exposure of 
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fresh-water fish populations to DnBP in the aquatic environment is continuous, there is a 

need to conduct full life-cycle test and calculate adverse NOEC and predicted no-effect 

concentrations (PNEC) values. 
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 Table 1: Lowest observed effective concentrations (LOEC) of di-n-butyl phthalate that can 

cause physiological effects in juvenile Murray rainbowfish 

30 days 60 days 90 days 

Survival of fish > 50 µg/L > 50 µg/L > 50 µg/L 

Length of body > 50 µg/L 5 µg/L 5 µg/L 

Weight 15 µg/L 5 µg/L 5 µg/L 

Condition factor > 50 µg/L > 50 µg/L 5 µg/L 

Intersex gonad > 50 µg/L > 50 µg/L 50 µg/L 

100% Feminisation of gonad 15 µg/L 15 µg/L 5 µg/L 

Whole-body E2 15 µg/L 15 µg/L 5 µg/L 

Whole-body 11-KT 15 µg/L 15 µg/L 5 µg/L 

Whole-body E2/11-KT 50 µg/L > 50 µg/L 5 µg/L 
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Figure 1: (A) Lengths (B) Weights and (C) Condition factors of juvenile Murray rainbowfish 

after exposures to 5, 15 and 50 µg/L DnBP for 30, 60 or 90 days each. Bars represent 

standard error. Bars with different letters are significantly different (p ≤ 0.05) (n=8). 
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Figure 2: Photomicrographs of the vertical sections of the abdominal region of juvenile Murray rainbowfish from the control group showing the 

development of the ovaries on (A) day 0 (Stage 0 – immature), (B) day 30 (Stage 0 – immature), (C) day 60 (Stage 0 – immature) and (D) day 

90 of the test (Stage II – vitellogenic) 

 Note the increase in the size of the ovary at each sampling time and the presence of vitellogenic oocytes on day 90. 

O: Ovary, PN: Perinucleolar oocytes, CA: Cortical alveolar oocytes, EV: Early vitellogenic oocytes 
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Figure 3: Photomicrographs of the vertical sections of the abdominal region of juvenile Murray rainbowfish from the control group showing the 

development of the development of the testes on (A) day 0 (Stage 0 – immature), (B) day 30 (Stage 0 – immature), (C) day 60 (Stage I – early 

spermatogenic) and (D) day 90 (Stage II – mid-spermatogenic). 

T: Testis, SG: Spermatogonia, SC: Spermatocytes, SZ: Spermatozoa 
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Figure 4: Photomicrographs of the vertical sections of the abdominal region of juvenile Murray rainbowfish showing the gonads after exposures 

to (A) 5 µg/L di-n-butyl phthalate (DnBP) for 60 days (Stage 0 – immature); (B) 50 µg/L DnBP for 30 days (Stage 0 – immature), (C) 50 µg/L 

DnBP for 60 days (Stage 0 – immature) and (D) 50 µg/L DnBP for 90 days (intersex). 

Note the reduced proportion of spermatozoa and vacuolation in the testis. Also note the regressed size of the gonad and the absence of 

vitellogenic oocytes after exposures to 50 µg/L of DnBP. 

T: Testis, V: Vacuolation, O: Ovary, O-T: Ovo-testis, PN: Perinucleolar oocytes, SC: Spermatocytes 
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Figure 5: Whole-body concentrations of (A) 17β-Estradiol (E2) (B) 11-Ketotestosterone (11-

KT) and (C) E2/11-KT in juvenile Murray rainbowfish after exposures to 5, 15 and 50 µg/L 

DnBP for 30, 60 or 90 days each. Bars represent standard error. Bars with different letters are 

significantly different (p ≤ 0.05) (n=8). 
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Supplementary figure 1: Representative growth pattern of juvenile Murray rainbowfish A) in the water control group on days 0, 30,  60 and 90 of 

the test and B) water control on day 0; water control, solvent control; and 5, 15 and 50 µg/L DnBP treatments on day 90. 
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Supplementary figure 2: Proportion of sexes in juvenile Murray rainbowfish after exposures 

to 5, 15 and 50 µg/L di-n-butyl phthalate for up to 90 days. 
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Table 1. Measured concentrations (mean ± standard error) of di-n-butyl phthalate (DnBP) in fish tanks by gas chromatography-mass 

spectroscopy (GC-MS) before the start of the fish exposure (n = 2) and 24 h after renewals and spiking of test solutions of DnBP on days 1, 7, 

14, 28, 35, 42, 49, 56, 63, 70, 77, 84 and 90 (n = 4) of the test and average water quality parameters (mean ± standard error) measured daily in 

fish tanks (n = 4). 

a
GC-MS limit of detection (LOD) for DnBP = 0.004 µg/L 

b
GC-MS limit of quantification (LOQ)for DnBP = 0.012 µg/L 

Treatment 
Measured 

DnBP before 

the start of the 

exposure (µg/L) 

Measured 

DnBP 24 h after 

renewals (µg/L) 

pH DO 

(%) 

Conductivity 

(µS/cm) 

Temperature 

(°C) 

Water < LOD
a

< LOQ
b

7.0 ± 0.5 82.3 ± 3.6 1231 ± 72 23.1 ± 0.1 

Solvent < LOD
a

< LOQ
b

7.0 ± 0.5 82.2  ± 4.8 1235  ± 76 

5 µg/L DnBP 5 ± 0.5 6 ± 0.7 6.9 ± 0.5 81.8 ± 4.8 1216 ± 82 

15 µg/L DnBP 15 ± 1 12 ± 2 7.1 ± 0.5 83.2 ± 4.5 1207 ± 86 

50 µg/L DnBP 50 ± 6 36 ± 3 6.8 ± 0.5 80.9 ± 4.9 1241 ± 86 
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CHAPTER 8 

SUMMARY AND CONCLUSIONS 

Since the reports of endocrine disruption in fish thriving in the water receiving 

estrogenic effluents from waste-water treatment plants (WWTPs) in the UK (Jobling et al., 

1998), many robust laboratory studies have investigated the effects of estrogens in fish 

(Akerblom et al., 2000; Andersen et al., 2003; Andersson et al., 2007; Belt et al., 2003; 

Woods, Kumar, 2011). However, the effects of endocrine-disrupting compounds (EDCs) that 

bind to the androgen receptors (ARs) have not been characterized fully and remain elusive in 

fish. With the detection of anti-androgenic activity in WWTP effluents (Ma et al., 2013; 

Urbatzka et al., 2007; Zhao et al., 2011), it has been speculated that sexual disruption in wild 

fish has a multi-causal etiology involving anti-androgens. In addition, it has been proposed 

that anti-androgens can cause phenotypic feminisation in fish indicative of an estrogenic 

exposure  and (Sohoni and Sumpter 1998). In vitro studies have also established that some 

natural or anthropogenic chemicals recognised to be estrogenic, can act through an anti-

androgenic mechanism (Sohoni, Sumpter, 1998). Some research has been done on fathead 

minnow (Pimephales promelas), zebrafish (Danio rerio), three-spined stickleback 

(Gasterosteus aculetaus), mosquitofish (Gambusia affinis) and guppy (Poecilia reticulata). 

However, these are introduced species and not native to Australia. There was a need to 

investigate the effects of anti-androgens on the biomarkers of reproduction in an Australian 

fresh-water fish species like Murray rainbowfish (Melanotaenia fluviatilis). 

In the present study, the pharmaceutical anti-androgen, flutamide and an emerging 

industrial pollutant with anti-androgen properties, di-n-butyl phthalate were chosen to 

investigate the effects of anti-androgens on some of the biomarkers of reproduction in 

Murray rainbowfish. 
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8.1 SUMMARY OF THE RESEARCH 

8.1.1 Effects of exposures to the pharmaceutical anti-androgen, 

flutamide on the biomarkers of reproduction in male, female 

and juvenile Murray rainbowfish. 

Effects of the anti-androgen, flutamide on the biomarkers of 

reproduction in adult male and female; and juvenile fish were investigated. 

8.1.1.1 Testing null hypotheses 

Experiments were designed to test the following null hypotheses – 

a) The response to short-term exposures to biologically active

concentrations of flutamide is equal to the background response in 

unexposed sexually mature Murray rainbowfish under laboratory 

exposures. 

b) Short-term exposures to biologically active concentrations of flutamide

elicit similar responses in sexually mature, adult male and female 

rainbowfish. 

c) Exposures to the commercial anti-androgen, flutamide, alone and in

combination, with the reference estrogen, 17β-estradiol (E2) have no 

effect on the reproductive endocrine function and sexual development 

of juvenile Murray rainbowfish. 
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8.1.1.2   Summary of the results 

The summary of the major results is given below. 

a) Effects of exposures to biologically active concentrations of

     flutamide for 7 days to biomarkers of reproduction in adult male    

    rainbowfish (Chapter 2) 

 Adult male rainbowfish were exposed continuously to 125 – 1000 µg/L 

flutamide in a semi-static set-up involving 100% renewals of the tank water and 

spiking of fresh test solutions every 24 h. At the end of 7 days, the hepatosomatic 

index of the fish increased after treatment with  flutamide at all concentrations. 

The transformation of spermatogonia to the successive stages of development was 

hindered, resulting in increased thickness of the germinal epithelium after 

treatment with 125 – 1000 µg/L  flutamide. In addition, testes  of the flutamide-

treated fish developed pyknotic and multinucleated cells; and interstitial fibrosis. 

An induction in the plasma VTG was noted in the 1000 µg/L of flutamide 

treatment. The brain aromatase activity was reduced after exposures to 125 – 1000 

µg/L of flutamide. An up-regulation in the relative hepatic expression of the genes 

for estrogen receptor α and down-regulation in gene for VTG was noted after 

treatments with 250 – 1000 µg/L of flutamide treatments. The expression of the 

gene encoding ARα was down-regulated  after exposure to 1000 µg/L and that of 

ARβ was down-regulated at 500 and 1000 µg/L of flutamide treatments. 
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b) Effects of exposures to biologically active concentrations of

flutamide for 7 days to biomarkers of reproduction in adult 

female rainbowfish (Chapter 3) 

Adult female rainbowfish were exposed to 125 – 1000 µg/L flutamide 

for 7 days in a semi-static set-up involving 100% renewals of the tank water 

and spiking of fresh test solutions every 24 h. At the end of the exposure 

period, the condition factor of fish was reduced in the highest treatment group. 

The ooplasm was shrunken and the plasma membrane developed undulations. 

Yolk production was impaired; and multinucleated cysts and interstitial 

fibrosis were noted in the ovaries of the fish treated with flutamide at all 

concentrations. The ovaries of the fish treated with higher concentrations of 

flutamide did not contain mature oocytes. Reductions in the sizes of the early 

vitellogenic oocytes in treatments of 250 and 500 µg/L of flutamide; and 

decrease in size of the late vitellogenic oocytes in 500 and 1000 µg/L of 

flutamide were noted. The brain aromatase activity was reduced in 500 and 

1000 µg/L treatments. The plasma E2/11-KT ratio declined at all 

concentrations tested. Reductions in VTG levels were noted in 125, 500 and 

1000 µg/L of flutamide treatments. 

c) Effects of exposures to flutamide, on 17β-estradiol induced

effects in juvenile rainbowfish over 35-day exposure period 

(Chapter 4) 

Based on the values of anti-androgenic activity detected world-wide, 

juvenile rainbowfish were exposed to 25 µg/L (low) or 250 µg/L (high) of 
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flutamide alone and in combination with 25 ng/L of 17β-estradiol (E2) for 35 

days in a semi-static set-up involving 100% renewals of the tank water and 

spiking of fresh test solutions every 24 h. Co-treatment with Flu high and E2 

resulted in significant reductions in weights and lengths in males and 

condition factor in females. Inter-sex was noted in Flu high and E2+Flu high 

treated fish. The development of spermatocytes in the testes was inhibited by 

E2 and this effect was accentuated after co-treatment with flutamide. 

Exposures to E2 resulted in precocious oocyte development in the ovaries 

which was further up-regulated when fish were co-exposed to E2 and 

flutamide. The E2 levels decreased significantly in the head of both males and 

females after co-exposures to flutamide and E2. Flutamide and E2 alone 

increased the 11-KT levels in both sexes. However, E2+Flu low decreased 11-

KT levels in males and increased them in females. Flutamide (low and high) 

induced VTG protein in the tails of both sexes. In males, VTG was induced in 

the tail tissue after exposure to flutamide but not E2. No significant increase of 

flutamide on E2-induced VTG concentration was noted. 

8.1.1.3 Alternate hypotheses accepted 

Based on the results of the experiments in the present study, the null 

hypotheses were rejected. The following alternate hypotheses were accepted – 

a) The response to short-term exposures to biologically active

concentrations of flutamide is not equal to the background 

response in unexposed sexually mature Murray rainbowfish under 

laboratory exposures. 
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b) Short-term exposures to biologically active concentrations of flutamide

elicit responses with different MoAs in sexually mature, adult male 

and female rainbowfish. 

c) Exposures to the commercial anti-androgen, flutamide, alone and in

combination, with the reference estrogen, E2 affect the reproductive 

endocrine function and sexual development of juvenile Murray 

rainbowfish. 

8.1.2 Effects of exposures to di-n-butyl phthalate on the biomarkers 

of reproduction in male, female and juvenile Murray 

rainbowfish. 

Effects of the industrial plasticiser, DnBP on the biomarkers of 

reproduction, in particular anti-androgenic effects, in adult male and female; 

and juvenile fish were investigated. 

8.1.2.1 Testing null hypotheses 

Experiments were designed to test the following null hypotheses – 

a) The response to short-term exposures to sub-acute concentrations of

DnBP is equal to the background response in unexposed sexually 

mature Murray rainbowfish under laboratory exposures. 

b) Short-term exposures to biologically active concentrations of DnBP

elicit similar responses in sexually mature, adult male and female 

rainbowfish. 
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c) Long-term chronic exposures to the environmentally relevant

concentrations of DnBP have no effect on growth and gonadal 

development in juvenile Murray rainbowfish. 

8.1.2.2 Summary of the results 

Summary of the results is given below. 

a) Effects of exposures to sub-acute concentrations of DnBP for 7 days

in adult male rainbowfish (Chapter 5) 

Adult male rainbowfish were exposed continuously to 125 – 1000  µg/L 

DnBP for 7 days in a semi-static set-up involving 100% renewals of the  tank water 

and spiking of fresh test solutions every 24 h. At the end of the exposure period, 

the sizes of spermatogonia, spermatocytes and spermatids  were reduced in 125 – 

1000 µg/L of DnBP. In addition, the testes showed the presence of vacuolated 

cells, apoptotic cell bodies, interstitial fibrosis and  asynchronous development in 

1000 µg/L of DnBP treated-fish. There was an increase in the plasma VTG in 

500 and 1000 µg/L and brain aromatase activity after exposure of fish to 1000 

µg/L DnBP. The hepatic expression of ER mRNA was induced. The VTG 

transcript was significantly induced in the  lowest treatment; and that of 

choriogenin-L (ChG-L) mRNA and AR mRNA were induced in the highest 

treatment. 
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b) Effects of exposures to sub-acute concentrations of DnBP for 7 days

  in adult female rainbowfish (Chapter 6) 

Adult female rainbowfish were exposed continuously to 125 – 1000 µg/L 

DnBP for 7 days in a semi-static set-up involving 100% renewals of the tank water 

and spiking of fresh test solutions every 24 h. At the end of the exposure period, 

increases in the sizes of previtellogenic oocytes were noted in 250 – 1000 µg/L of 

DnBP treatments and reduction in the sizes of early vitellogenic oocytes was noted 

after treatment with 1000 µg/L DnBP. Impaired yolk formation, granulomatous 

inflammation, cysts, interstitial fibrosis, shrunken ooplasm and granulosa cell 

hyperplasia were noted in the ovaries of the DnBP-treated fish. This was accompanied 

by reductions in the thickness of chorion layer. Plasma VTG levels were reduced in 

500 and 1000 µg/L of DnBP-treated fish. 

c) Effects of exposures to environmentally relevant concentrations of

 DnBP for 90 days in juvenile Murray rainbowfish (Chapter 7) 

Juvenile Murray rainbowfish were exposed continuously to 5, 15 and 50 µg/L 

DnBP for 30, 60 and 90 days in a semi-static set-up involving 100% renewals of the 

tank water and spiking of fresh test solutions every 24 h. Exposures to 15 and 50 µg/L 

of DnBP resulted in reductions in the weights of the fish at all sampling times. 

Lengths were reduced after 60 days in all DnBP treatments. The lowest observed 

effective concentration (LOEC) to induce significant changes in CF was 5 µg/L after 

90 days. Complete feminisation of the gonads was noted in fish exposed to 5 µg/L 

DnBP for 90 days and in 15 and 50 µg/L of DnBP treatments at all time intervals 

investigated with intersex condition in 50% of the fish on day 90. Ovaries in all 

DnBP-treated fish were regressed and immature containing only perinucleolar 
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oocytes. Absence of vitellogenic oocytes confirmed that the ovaries were immature. 

On day 90, a significant increase in E2 and decrease in 11-KT levels were noted in 5 

µg/L treatment. Significant inductions in the E2/11-KT levels were measured in fish 

exposed to 5 µg/L of DnBP for 90 days and in those exposed to 50 µg/L of DnBP for 

30 days. 

8.1.2.3 Alternate hypotheses accepted 

Based on the results of the experiments in the present study, the null 

hypotheses were rejected. The following alternate hypotheses were accepted – 

a) The response to short-term exposures to sub-acute concentrations of

DnBP is not equal to the background response in unexposed sexually 

mature Murray rainbowfish under laboratory exposures. 

b) Short-term exposures to biologically active concentrations of DnBP

elicit responses with different MoA in sexually mature, adult male and 

female rainbowfish. 

c) Long-term chronic exposures to the environmentally relevant

concentrations of DnBP, as low as 5 µg/L, affect the growth and 

gonadal development in juvenile Murray rainbowfish. 

8.2 CONCLUSIONS 

Based on the analyses and interpretation of the data obtained from the 

experiments in the present study, the following conclusions are made – 
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8.2.1 Short-term exposures to biologically active concentrations of 

flutamide cause anti-androgenic effects in adult male and 

defeminising effects in adult female Murray rainbowfish. 

Short-term exposures to biologically active concentrations of flutamide down-

regulated the expression levels of the genes for ARα and ARβ suggesting an anti-

androgenic mode of action of flutamide in male fish. In addition, induction of VTG 

levels and increase in the expression levels of ERs suggest feminising effects. On the 

other hand, flutamide induced defeminising effects like reduction in the brain 

aromatase activity, lower levels of plasma E2, reduction in VTG production and 

failure of the oocytes to mature in adult female fish. 

Based on the discussion from the present study, the following hypothetical 

models of effects of flutamide in adult male and female fish are proposed - 

262



Aromatase activity 

ER mRNA VTG mRNA AR mRNA 

E2 VTG 11-KT T 

Spermatogenesis 

ANTI-ANDROGENICITY 

BRAIN 

LIVER 

PLASMA 

TESTIS 

FLUTAMIDE 

ChG-L mRNA 

Figure 1: Hypothetical model of biological effects of flutamide in adult male Murray rainbowfish. Green arrows represent up-regulation and red arrows 

represent down-regulation based on the data from the present study. Broken blue arrows represent plausible effect based on previous studies and solid blue 

arrows are data from the present study. E2: 17β-estradiol; 11-KT: 11-keto testosterone; VTG: Vitellogenin; ER: Estrogen receptor; AR: Androgen receptor; 

ChG-L: Choriogenin-L; T: Testosterone 263



Aromatase activity 

VTG E2 11-KT 

Vitellogenic oocytes size 

DEFEMINISATION 

BRAIN 

PLASMA 

OVARY 

FLUTAMIDE 

Figure 2: Hypothetical model of biological effects of flutamide in adult female Murray rainbowfish. Red arrows represent down-regulation based on the 

data from the present study. Soli blue arrows are the data from the present study. E2: 17β-estradiol; 11-KT: 11-keto testosterone; VTG: Vitellogenin 
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8.2.2 Exposure to estrogens can cause phenotypic feminisation in sexually 

undifferentiated, juvenile Murray rainbowfish and these effects are 

elevated by the co-treatment with anti-androgens. 

The present study confirms previous in vitro findings that anti-androgens can 

cause phenotypic feminisation indicative of an estrogenic exposure. The present study 

confirms previous in vivo findings that chemicals identified as anti-androgens like 

flutamide can interfere with the reproductive fitness in fish. We found that flutamide 

asserts similar effects as E2 on the biochemical, histological and hormonal profile of 

juvenile fish. In addition, flutamide did not significantly increase the E2-induced 

effects on body-growth; and the concentrations of VTG and sex-steroid hormones. 

However, qualitative investigation showed that flutamide amplified the E2-induced 

effects on gonadal cell development in juvenile fish. E2+flu high inhibited the sperm 

development in the testes and resulted in precocious oocyte development in the 

ovaries. Based on the previous studies and the data from the present study, we 

conclude that anti-androgens do not add to the effects of estrogens due to different 

modes of action. However, they induce similar effects which can cause additive 

inhibition/stimulation of the gonad development. The incidence of intersex highlights 

the potential adverse effects of environmentally relevant concentrations of anti-

androgens in combination with estrogens on sexual differentiation of juvenile fish. 

Based on the discussion from the present study, the following models of 

effects of flutamide alone and in combination with E2 in juvenile male and female 

fish are proposed - 

. 

.
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E2 Flu low Flu high 

E2+Flu low E2+Flu high 

Plasma VTG 

Plasma estradiol 

Plasma 11-KT 

Sperm Development 

Condition factor 

Figure 3: Hypothetical model of biological effects of flutamide in juvenile male Murray rainbowfish. Green arrows represent up-regulation and red 

arrows represent down-regulation based on the data from the present study. Higher the intensity /thickness of the arrow, higher is the effect. Double-

headed arrows represent no effect. Flu low: 25µg/L flutamide; Flu high: 250 µg/L flutamide; E2: 25 ng/L 17β-estradiol; VTG: Vitellogenin; 11-KT: 11-

Keto testosterone; CF: Condition factor. 
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E2 Flu low Flu high 

E2+Flu low 

Plasma VTG 

Plasma estradiol 

Plasma 11-KT 

       Oocyte 

development 

Condition factor 

E2+Flu low 

Figure 4: Hypothetical model of biological effects of flutamide in juvenile female Murray rainbowfish. Green arrows represent up-regulation and red 

arrows represent down-regulation based on the data from the present study. Higher the intensity /thickness of the arrow, higher is the effect. Double-

headed arrows represent no effect. Flu low: 25µg/L flutamide; Flu high: 250 µg/L flutamide; E2: 25 ng/L 17β-estradiol; VTG: Vitellogenin; 11-KT: 11-

Keto testosterone; CF: Condition factor. 
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8.2.3 Short-term exposures to sub-acute concentrations of DnBP cause 

anti-estrogenic effects in adult female and estrogenic effects in adult 

male Murray rainbowfish. 

Exposures to sub-acute concentrations of DnBP for 7 days can result 

defeminisation of adult female fish as evident from reductions in the sizes of 

vitellogenic oocytes and circulating levels of VTG. However in adult male fish, 

similar exposures induce VTG protein and the expression of the genes encoding ERs 

suggested estrogenic effects. 

Based on the discussion from the present study, the following models of 

effects of DnBP in adult fish are proposed - 
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Aromatase activity 

ER mRNA VTG mRNA ChG-L mRNA AR mRNA 

E2 VTG 
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TESTIS 

DnBP 

BRAIN 

Figure 5: Hypothetical model of biological effects of DnBP in adult male Murray rainbowfish. Green arrows represent up-regulation based on the data from 

the present study. Broken blue arrows represent plausible effect based on previous studies. DnBP: Di-n-butyl phthalate; AR: Androgen receptor; ER: 

Estrogen receptor; VTG: Vitellogenin; ChG-L: Choriogenin-L; E2: 17β-Estradiol; 11-KT: 11-Keto testosterone; ChG-L: Choriogenin-L 
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Aromatase activity 

E2 VTG 

Vitellogenic oocytes size 
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11-KT PLASMA 

OVARY 

DnBP 

BRAIN 

Figure 6: Hypothetical model of biological effects of DnBP in adult female Murray rainbowfish. Red arrows represent down-regulation based on the 

data from the present study. DnBP: Di-n-butyl phthalate; E2: 17β-Estradiol; VTG: Vitellogenin; 11-KT: 11-Ketosterone 
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8.2.4 Short-term exposure to high concentrations and long-term exposure 

to low concentrations of DnBP have similar hormonal effects on the 

reproductive endocrine function in juvenile Murray rainbowfish. 

Estrogenicity, as divulged from the E2/11-KT values, was induced in juvenile 

rainbowfish after exposures to 5 µg/L of DnBP for 90 d and 50 µg/L of DnBP for 30 

days. Significant adverse effects on the hormonal profile and histological 

development of the gonads were noted after short-term exposures to high 

concentrations and long-term exposures to low concentrations of DnBP. Based on the 

discussion in the present study, the following hypothetical model of effects of DnBP 

in juvenile fish has been proposed - 
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5 µg/L DnBP 15 µg/L DnBP 50 µg/L DnBP 

Day 30 Day 60 Day 90 Day 30 Day 60 Day 90 Day 30 Day 60 Day 90 

Weight 

Length 

Condition factor 

E2 

11-KT 

E2/11-KT 

INETERSEX Feminisation

Intersex 

Figure 7: Hypothetical model of biological effects of DnBP in juvenile Murray rainbowfish. Green arrows represent up-regulation and red arrows  

represent down-regulation based on the data from the present study. Double-headed arrows represent no effect. The effects representing 90 day LOEC 

values have been highlighted with a blue box. The solid and dashed arrows are significantly different. DnBP: Di-n-butyl phthalate; E2: 17β-Estradiol;  

VTG: Vitellogenin; 11-KT: 11-Ketosterone; CF: Condition factor 
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8.2.5 Levels of in vitro anti-androgenic activity detected in fresh-water 

worldwide could impair reproductive fitness of fish. 

Flutamide is a classic anti-androgen and is used to treat prostate cancer in men 

and polycystic ovarian syndrome in women. However, flutamide has not been 

detected in the Australian riverine environment. It is extensively used in toxicity 

testing in mammals since it is a “pure” anti-androgen. For the same reason, the anti-

androgenic activity determined by in vitro assays, is expressed in flutamide 

equivalency (FEQ). The total anti-androgenic activity (expressed in flutamide 

equivalents) in freshwater worldwide has been reported to range between 100 µg 

FEQ/L to 1000 µg FEQ/L. The biological effects we observed in the present study in 

adult male and female fish after exposures to 250 – 1000 µg/L flutamide for 7 days 

and in juvenile fish after exposures to 25 or 250 µg/L of flutamide could be of 

concern for the reproductive health of the fish thriving in the receiving environment 

containing high anti-androgenic activity. 

8.2.6 Levels of DnBP found in the freshwater in Australia, do not pose a 

threat to the reproductive fitness of Murray rainbowfish. However, 

there is a strong need to revise the water quality guidelines for DnBP 

in fresh-water in Australia. 

The results from the present study raise concerns for phthalates as emerging 

endocrine-disrupting chemicals that can pose threat to the reproductive health of the 

fish thriving in heavily polluted water-bodies. The concentrations of DnBP (250 – 

1000 µg/L) at which the effects were found in sexually mature, adult fish were higher 

than even the peak concentrations of phthalates measured in the Australian aquatic 
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environment. The concentration of phthalates in the fresh-water environment of 

Australia and worldwide is usually below 100 µg/L. We recommend that the 

concentrations of DnBP tested in the present study using sexually mature, adult fish 

are likely levels of phthalates in the aquatic environment (generally within a factor of 

10) and are close to or even overlap the acute levels at which other toxic effects may

by exerted over a longer exposure period, thus corroborating a risk to fish thriving in 

heavily polluted water bodies. Currently, Australia recommends maximum of 9.9 

µg/L of DnBP for freshwater ecosystem (http://www.environment.gov.au/resource/ 

australian-and-new-zealand-guidelines-fresh-and-marine-water-quality-volume-1-

guidelines). The 90 day-LOEC values of DnBP for survival (> 50 µg/L), length (> 5 

µg/L), weight (> 5 µg/L) and body condition factor (> 5 µg/L) proposed in the present 

study using juvenile fish are below the water quality guidelines and suggest the 

possible population-relevant adverse effects at concentrations below the water quality 

guidelines. The general health, gonadal development and sex-steroid hormone profile 

of the juvenile fish were adversely affected after treatments with low concentrations 

of DnBP (5 µg/L) for longer periods (90 days). Although the levels of DnBP detected 

in Australian environment (47 ng/L) (Tan et al., 2007) are safe (based on the LC-50 

values reported in previous studies and included as Table 9 in the Introduction of this 

thesis), the water-quality guidelines are not protective for Murray rainbowfish. The 

Australia and New Zealand guidelines (ANZECC/ARMCANZ, 2000) stipulated that 

for guidance values derivation, only toxicity data that measured survival, growth and 

reproduction were acceptable. Biomarker or most behavioural data were not used due 

to their lack of proven ecological relevance. However, Canadian guidelines (CCME, 

2007) admit traditional endpoints like growth, reproduction and survival as well as 

non-traditional endpoints like behaviour, predator avoidance, swimming ability, 
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swimming speed, etc. and physiological/biochemical changes like endocrine-

disrupting ability can be used if they impact a species’ ecological competitiveness and 

lead to an ecologically relevant negative impact (they affect traditional endpoints).  

8.2.7 The mammalian anti-androgen, DnBP and the commercial anti-

androgen, flutamide assert similar effects but with different 

mechanisms in Murray rainbowfish 

In the present study, DnBP exposures caused estrogenic effects in adult male 

fish (as evident from induction of the genes for ERs and ARs, circulating levels of 

VTG protein and increase in aromatase activity and interstitial fibrosis in the testes). 

After exposures to flutamide, although the testicular histopathological effects were 

similar, decrease in aromatase activity and reduction in the expression levels of the 

genes encoding ARs was noted. In females, DnBP induced defeminisation of the fish. 

The sizes of the pre-vitellogenic oocytes were larger and those of the vitellogenic 

oocytes were smaller. This was associated with reductions in the circulating levels of 

VTG. Similarly, in females after flutamide exposure, defeminisation was noted. There 

was reduction in the circulating levels of VTG and E2. This was accompanied by 

reductions in the sizes of the oocytes and absence of mature oocytes in flutamide-

treated fish. 

8.3 RECOMMENDATIONS FOR FUTURE WORK 

The present project was designed to investigate the reproductive endocrine 

effects of the commercial anti-androgen, flutamide and the industrial pollutant, DnBP 

in adult (male and female) and sexually undifferentiated juvenile Murray rainbowfish 
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at multiple levels of organisation. While it was concluded that both chemicals have 

gender and age-specific modes of action and the effects, some areas have been 

identified that require further knowledge. Based on the results collated from the 

present study, the following investigations from an Australian and international 

perspective are recommended for the future studies. 

8.3.1  Investigation of the reproductive endocrine effects of DnBP at 

environmentally relevant concentrations in sexually mature, adult 

Murray rainbowfish is needed. 

In the present study, we exposed sexually mature male and female fish to sub-

acute concentrations of DnBP to identify the effects and elucidate the in vivo 

mechanism of action of phthalates in fresh-water. Further studies involving exposure 

of sexually mature, adult fish to environmentally relevant concentrations of DnBP 

over a longer period of time can help in better understanding of the effects of 

phthalates in the fresh-water environment. In addition, research on the interactions of 

DnBP with other contaminants is needed because phthalates are likely to be found in 

complex mixtures in the receiving environment. 

8.3.2 Detection, identification and quantification of the individual anti-

androgens in fresh-water environment in Australia and world-wide 

are needed. 

Although in vitro assays have detected 100 – 1000 FEQ/L anti-androgenic 

activity in the aquatic environments (effluents and receiving environments) 

worldwide, there is a need to identify, detect and quantify the individual anti-
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androgens. Further laboratory testing of these anti-androgens under controlled 

conditions using robust experiments will better understand the extent and mechanisms 

of endocrine disruption in wild fish caused by anti-androgens. 

8.3.3 Identification of the genes and testing of the molecular tools 

regulating gonadal differentiation in Murray rainbowfish are 

needed. 

It is important to identify the male- and female-related genes involved in 

histogenesis (like Dmrt1, Dmy, Foxl2 etc) during sex differentiation in Murray 

rainbowfish to better understand the mechanisms regulating gonadal sex 

differentiation in juvenile Murray rainbowfish. This will help to validate the effects of 

endocrine disrupting chemicals at the genetic level in fish. In addition, testing of these 

molecular tools in other rainbowfish species will further enhance the use of Murray 

rainbowfish use as a fresh-water model test species across Australia. 

8.3.4 Investigation into the recovery of the juvenile fish after exposures to 

environmentally relevant concentrations of DnBP is needed. 

Exposure to 50 µg/L of DnBP for 30 days induced the E2/11-KT ratio in the 

body of the juvenile fish. After 90 days of exposure, the ratio was comparable to the 

corresponding fish in the 90 days controls. In addition, complete feminisation of the 

gonads was seen after exposures to 15 µg/L and 50 µg//L of DnBP for 30, 60 and 90 

days. However, on day 90, intersex condition was seen in the fish exposed to 50 µg/l 

of DnBP. The gonads contained both spermatocytes and perinucleolar oocytes, 

suggesting different spectra of effects. It would be useful to investigate the 
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reversibility of the effects of phthalates after chronic exposures in juvenile fish. In 

addition, analyses of the expression levels of the genes involved in genetic sex-

determination like Dmrt1, Dmy (testicular differentiation) and cyp19a, Foxl2 (ovarian 

differentiation) can help better understand if the incidences of sex reversal or intersex 

gonads in sexually undifferentiated fish are permanent. 

8.3.5 Fish caging studies in the receiving environment are needed. 

The EDCs are not fully removed from water by the WWTPs. These chemicals 

are discharged into fresh-water in very minute amounts (parts per billion or parts per 

trillion). The receiving environment contains a cocktail of chemicals with different 

MoAs (androgenic, anti-androgenic, estrogenic, anti-estrogenic). It is important to 

investigate the endocrine disruption, if any, in the wild fish thriving in this aquatic 

environment in Australia. Similar studies have been reported in Europe and the US. 

These studies can be conducted by using mobile fish caging units in the receiving 

environment. In addition, wild Murray rainbowfish thriving in the Murray Darling 

river basin receiving treated effluents from the WWTPs should be assessed for 

reproductive endocrine disruption, if any. 
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